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ABSTRACT 
The alteration of the global environment by human activities is so widespread that 
scientists argue we've entered a new geologic epoch known as the Anthropocene. This 
dissertation examines the impact of human activities on biogeochemical cycling at the 
land-sea interface. I  focus primarily on the role of land use/land cover (LULC) and 
coastal nutrient enrichment on silicon (Si) cycling in New England rivers and salt 
marshes. On land, Si is taken up by vegetation, improving plant fitness and protecting 
plants from a variety of environmental stressors. In aquatic systems, diatoms, the 
dominant type of phytoplankton in coastal temperate waters, require Si to survive.  
My research demonstrates that LULC is an important driver of Si export to 
coastal systems, accounting for 40-70% of the variability of riverine fluxes. Developed 
watersheds export significantly (p=0.03) more Si than their forested counterparts, which I 
hypothesize is due to less vegetated cover, a known Si sink, in developed watersheds. 
Building on this, I calculated the amount of Si fixed by land plants globally (84 Tmol yr
-
1
) and the percent (55%) of global terrestrial net primary production that can be attributed 
to active Si-accumulating organisms.  
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Next, I created the first complete salt marsh Si budget by quantifying tidal creek 
fluxes and net Si accumulation in a relatively undisturbed low-nutrient salt marsh. 
Further, comparing this Si accumulation to that of a high-nutrient marsh revealed that the 
high-nutrient marsh contained significantly (p<0.05) more Si within the sediments, roots, 
and porewater. Combining my original data from six New England salt marshes with 
published values, I quantify the mode of Si accumulation (rejective, passive, or active) by 
Spartina grasses and the environmental controls on such accumulation. Finally, using 
radionuclide tracers 
137
Cs and 
210
Pb, I calculated vertical accretion rates of five salt 
marshes and compared these values to historical measurements. I found that accretion 
rates have slowed and this deceleration is driven, in part, by a decrease in organic matter 
accumulation.  Together, this dissertation improves our knowledge of Si cycling in 
terrestrial and aquatic ecosystems, and identifies previously unrecognized ways in which 
humans are perturbing biogeochemical cycles at the land-sea interface.  
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Chapter 1: Human Activities Directly Alter Watershed Dissolved Silica Fluxes  
J. C. Carey and R.W. Fulweiler 
Please note: The final publication of this chapter is available at www.springerlink.com. 
 
Abstract  
Controls on chemical weathering, such as bedrock geology, runoff, and temperature, are 
considered to be the primary drivers of Si transport from the continents to the oceans. 
However, recent work has highlighted terrestrial vegetation as an important control over 
Si cycling. Here we show that at the regional scale (Southern New England, USA), land 
use/land cover (LULC) is an important variable controlling the net transport of Si from 
the land to the sea, accounting for at least 40% of dissolved Si (DSi) fluxes. A multiple 
linear regression model using average DSi fluxes from 25 rivers (>2300 observations) 
shows the percent forest cover, as well as development and agricultural land use, to be 
significant (p<0.05) drivers of DSi flux. This was true regardless of watershed size and 
lithology. Furthermore, forest cover is significantly negatively correlated, while 
development is significantly positively correlated, with Si concentrations and fluxes. We 
hypothesize that these relationships are due to several mechanisms, specifically the 
ability of terrestrial vegetation to store large amounts of Si within its biomass, the altered 
watershed hydrology that accompanies LULC change, and the capability of urban regions 
to serve as sources of Si to aquatic systems. Thus, we conclude that anthropogenic 
activities may be directly perturbing the global Si cycle through land use change and we 
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offer a conceptual model which highlights a new approach to understanding the non-
geochemical controls on Si fluxes.  
 
Introduction 
It is well documented that humans have directly increased the flux of nitrogen (N) 
and phosphorus (P) to coastal systems through a variety of mechanisms including 
fertilization, cultivation of nitrogen fixing crops, wastewater, and fossil fuel burning 
(Galloway 1998). While direct human impacts on N and P have appropriately received 
research attention, another important nutrient, silica (Si), has largely gone unexamined. 
While some attention has been given to indirect human impacts, such as eutrophication 
and the artificial lake effect on silica cycling along the land-ocean continuum (Conley et 
al. 2000; Danielsson et al. 2008; Humborg et al. 2002; Triplett et al. 2008), it is generally 
assumed that more direct human activities, such as land use change, have not altered the 
flux of Si to the coastal ocean.  
Si is the second most abundant element in the lithosphere, coming into solution 
during chemical and mechanical weathering, and transported via rivers to the ocean. 
Rivers are the largest source of Si to marine waters, transporting approximately 80% of 
the total Si entering the ocean, or roughly 5.1 Tmole each year (Tréguer et al. 1995). 
Much research has gone into understanding the controls on Si export from continents to 
oceans, and it is well known that several abiotic geochemical factors control these fluxes, 
particularly lithology, temperature, runoff, and slope (Drever 1994; Gaillardet et al. 1999; 
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Jansen et al. 2010; Tipper et al. 2006; West et al. 2005). However, many of these studies 
have conflicting results and the ultimate controls over Si fluxes to marine waters remain 
uncertain. 
The amount of Si entering marine waters directly impacts the abundance and 
community composition of phytoplankton species assemblages. Diatoms, the most 
common phytoplankton species in temperate coastal waters, require silica to form their 
cell walls, or frustules (Nelson et al. 1995). Diatoms require the same amounts of Si as N 
on a molar basis (Turner et al. 1998). In the presence of excess N and P, diatoms bloom 
until no more dissolved silica (DSi) is available in the water column, at which point non-
diatom species bloom (Anderson et al. 2002; Officer and Ryther 1980). Thus, 
concentrations of Si in the marine system play a crucial role in marine trophic 
interactions. In addition, compared to other phytoplankton species, diatoms, and their 
associated carbon, are efficiently exported to the deep ocean, playing a major role in 
global carbon sequestration (Tréguer et al. 1995).  
While diatoms are typically highlighted for their Si-requiring biology, Si is also a 
‘quasi-essential’ nutrient for a wide variety of terrestrial vegetation, particularly several 
species of grasses and trees (Epstein 1999). In fact, the same order of magnitude of Si is 
fixed annually on land as in the oceans (~200 Tmole y
-1
), highlighting the importance of 
the terrestrial biosphere in the global Si cycle (Conley 2002). In Si-accumulating plants, 
Si makes up between 1-10% dry weight, values higher than several other plant 
macronutrients, including N and potassium (K) (Epstein 1994). Si is used by vegetation 
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to maintain cell structure and protect against environmental stressors, such as desiccation 
and predation (Epstein 1994).  
The large quantities of Si within plant tissues results in terrestrial vegetation 
playing an important role in controlling the flux of Si to rivers, as vegetation can actively 
accumulate Si, thus delaying its export from land to water (Struyf and Conley 2008).  For 
example, in a mostly forested watershed in Southern New England, the spring decline of 
river DSi concentrations was attributed to terrestrial vegetation uptake (Fulweiler and 
Nixon 2005). On the other hand, the biogenic Si found within plants is rapidly recycled 
throughout various terrestrial ecosystem pools because dissolution rates of biogenic Si 
can be an order of magnitude higher than mineral silicates (Bartoli and Wilding 1980; 
Fraysse et al. 2009).  This enhanced solubility of plant phytoliths has been shown to 
control the concentrations of DSi in runoff waters (Street-Perrott and Barker 2008). 
Recently, a study of extreme deforestation in Northern New England, found significant 
increases in the export of DSi from a watershed when the dead plant material remained 
on site (Conley et al. 2008).  Similarly, using Ge/Si ratios, Derry et al. (2005) concluded 
that the vast majority of Si exported in rivers draining highly-weathered basalts in Hawaii 
had cycled through vegetation. All of these studies demonstrate the ability of terrestrial Si 
cycling to influence the rates and magnitudes of Si exported to aquatic ecosystems.  
Historical and on-going land use changes are well-known threats to biodiversity, 
ecosystem services, nutrient cycling, and water resources on both local and global scales 
(Foley et al. 2005). Globally, only 21% of indigenous forests still exist, as a result of 
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increases in human population and the conversion of land for agricultural use (Conley et 
al. 2008). Locally in New England, land use change has been extreme for the past 350 
years, consisting of near-complete deforestation, followed by agricultural land use, and 
subsequent urbanization (Foster et al. 1998). Until very recently (Struyf and Conley 
2012; Struyf and Conley 2008; Struyf et al. 2010), the impact of land use change on silica 
export from the terrestrial to the aquatic landscape has been ignored. Considering the rate 
at which land use is changing and the control that terrestrial vegetation exhibit on Si, it is 
likely that human perturbations of vegetative cover accompanying changes in land use is 
altering the rates and timing of Si as it is transported from terrestrial to aquatic 
ecosystems.  The objective of this research was to determine the influence of dominant 
land use/land cover (LULC) on riverine Si export from the terrestrial to the aquatic 
ecosystem. We hypothesized that watershed LULC influences DSi export in rivers, 
impacting the magnitudes and timing of Si export during its transport from land to the 
coastal ocean.  
 
Methods 
River DSi fluxes were analyzed at 25 sites throughout Southern New England 
from watersheds with a variety of LULC (Fig. 1, Table 1). DSi data was obtained from 
the United States Geological Survey (USGS) National Water Information System 
program (http://waterdata.usgs.gov/nwis).  While all real-time streamflow gages in 
Connecticut (CT) and Massachusetts (MA) were considered for this analysis (175 sites 
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throughout MA and CT), only sites with at least 15 DSi observations since 1990 were 
included in this study, resulting in a total of 2370 DSi observations from 25 river sites.  
Watershed delineations were completed using USGS Streamstats software 
(http://water.usgs.gov/osw/streamstats/). LULC data was obtained from the National 
Land Cover Database 2001, a fifteen-class land cover classification scheme with 30 
meters resolution. Several LULC categories were subsequently combined and lumped 
into three broader categories: the ‘All Developed’ category includes Low-, Medium-, and 
High-Intensity Developed, the ‘All Forest” category includes Deciduous, Conifer, and 
Mixed Forest and the ‘All Wetlands” category includes both Woody and Emergent 
Wetlands.  
Rivers are known to function differently depending on where they are within the 
longitudinal continuum (Vannote 1980). For example, first-order rivers typically exhibit 
limited primary production due to heavy shading and, therefore, are dominated by 
shredders who consume course organic matter, and collectors who filter fine particles 
from the water column (Johnson et al. 1995). On the other hand, mid-sized rivers 
experience wide variability in temperatures and flow condition, and are often open to 
sunlight and experience high rates of primary productivity (Johnson et al. 1995). 
Therefore, in order to assess the impact of watershed size on the results, correlation 
analysis also was completed on sub-datasets that omitted the rivers with very large 
(>1000 km
2
) and the very small (<100 km
2
) watersheds from the analysis. All fluxes and 
discharge measurements were normalized for drainage area in order to account for 
differences in watershed size. 
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New England geology is complex due to the glacial till and outwash left behind 
after the retreat of the Wisconsin Laurentide glacier, which covered the entire study 
area(Dyke and Prest 1987). While this glacial till likely contributes to some degree of soil 
formation, it is a mixture of various rock types and we considered it to be relatively 
uniform and not contributing to different Si availability across the study area. On the 
other hand, bedrock geology is dramatically different across the study area and no doubt 
contributes a great deal to soil formation and weathering products. Thus, bedrock geology 
was determined as a percent of each watershed in order to understand the role of 
lithology in determining the DSi observations. Bedrock types were combined into six 
main groups based on the groupings in the MA GIS data layer: mafic, granite, 
sedimentary, metamorphic, carbonate and calcium pelite rocks. In addition, stream 
temperature data was available for every corresponding DSi observation in order to 
discern any relationship between temperature and DSi export.  
Individual regressions were completed between the 18 LULC categories 
described above and the average area-normalized streamflow, DSi concentrations and 
DSi fluxes in order to understand degree, and the manner, to which certain LULCs 
influence Si behavior, indicated by the slopes of the regressions and the correlation 
coefficients. Both streamflow and concentrations were analyzed separately from fluxes in 
order to better determine the mechanism for any relationship observed with Si fluxes and 
LULC. In addition, several multiple linear regression (MLR) models were created in 
order to determine the most important predictors, or variables, influencing the DSi 
observations. Although not included in the final model, the MLR model originally tested 
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27 variables, which included all 18 LULC types, number of observations, drainage area, 
stream temperature, and the six main geologic bedrock types for each watershed, to 
determine a regression line, residuals, and significance of predictors of DSi fluxes. DSi 
observations were transformed (Box Cox log transformation) in order to correct for non-
normally distributed observations and the final model residuals were tested for and found 
to have normal distributions. The MLR models all passed the f-test, indicating goodness 
of fit and showing that the results were not due to random chance. All statistics were 
completed using Mathworks Matlab software with α < 0.05 to indicate significance.  
 
Results and Discussion 
Streamflow and Land Use Land Cover (LULC) 
The factors driving net Si transport from watersheds with various LULCs can be 
directly attributed to the two variables used to calculate fluxes: concentrations and 
streamflow. We examined both of these variables individually in order to evaluate the 
mechanisms driving Si export. For all of the 25 watersheds, regression analysis showed 
streamflow to be significantly positively correlated with development (p=0.002 for ‘All 
Developed’) and significantly negatively correlated with forest cover (p=0.0073 for ‘All 
Forest’) (Table 2). The correlation between streamflow and LULC is not surprising, as it 
is well known that land use change directly impacts watershed hydrology (Leapold 
1968). Development leads to soil compaction and increased impervious surfaces, which 
reduce infiltration capacity on land, increasing runoff to streams and rivers (Gregory 
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2006; Randolph 2004). Streamflow was negatively correlated with forest cover, although 
less dramatically (only significant for ‘All Forests’, not individual forest types). Again, 
this was expected as lower streamflow in more forested sites is a result of increased water 
infiltration and slower runoff velocities compared to developed areas (Gregory 2006; 
Randolph 2004).  
However, these relationships are significant only for certain LULC categories. 
Using the entire dataset, streamflow is only significantly correlated with developed 
LULC (except for "All Forest") (Table 2). Because the smallest watersheds have the 
highest percent developed area, when these small rivers are removed from the dataset, 
streamflow is never significantly related to LULC (Table 2). In other words, the 
relationships observed between streamflow and LULC for the entire dataset is driven 
only by the rivers draining the smallest watersheds (<100 km
2
), as they are also the most 
developed.  
 
Silica Concentrations and Land Use Land Cover (LULC) 
The relationships between LULC and average Si concentrations for all 25 
watersheds shows a similar pattern to that of streamflow, with forest cover being 
significantly correlated with lower concentrations (p=0.0323 for ‘All Forest’) and 
developed areas being associated with higher Si concentrations (p= 0.0424 for ‘Open 
Developed’). While developed areas are less strongly correlated with Si concentrations 
when all 25 rivers are included, removing the rivers draining the smallest watersheds 
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(<100 km
2
) results in every intensity of development being highly correlated with Si 
concentrations (p=0.006 for ‘All Developed’).  
The close association between vegetated land covers and lower Si concentrations 
can likely be attributed specifically to terrestrial vegetation uptake. Terrestrial vegetation 
is a major sink of Si, annually sequestering the same order of magnitude of Si as is fixed 
annually by marine diatoms (~200 Tmole) (Conley 2002). Furthermore, several types of 
species can actively accumulate Si in its tissues at greater amounts than other 
macronutrients, such and N and potassium (K) (Epstein 1994). Si uptake by terrestrial 
vegetation results in less Si available for river export, as demonstrated by previous 
research in Southern New England that attributed spring declines in river DSi 
concentrations to terrestrial vegetative uptake of DSi during the growing season 
(Fulweiler and Nixon 2005). Likewise, two prior studies of temperate forests showed 
lower Si concentrations in leachate and soil porewaters under the tree species that 
accumulated more Si (Bartoli 1983; Cornelis et al. 2010). Therefore, we hypothesize that 
the lower Si concentrations in rivers draining forested landscapes, compared to more 
developed landscapes is, at least in part, a result of terrestrial vegetation uptake and 
storage.  
 
Si Fluxes and Land Use Land Cover (LULC) 
Because Si concentrations and streamflows were found to be significantly 
correlated with LULC, it is not surprising that the product of the two, Si fluxes, also 
11 
 
 
 
shows a similar pattern (Fig 2). In particular, forested lands export significantly less Si 
(p= 0.0036 for ‘All Forest’) than developed watersheds (p= 0.0285 for ‘All Developed’), 
as shown in the individual regressions between watershed percent LULC and average 
area-normalized Si fluxes (Table 2).  
The mechanisms causing the observed Si fluxes are highlighted when the largest 
(>1000 km
2
) and the smallest (<100 km
2
) watersheds are separately omitted from the 
correlation analysis. Si fluxes from the smallest basins are driven mostly by streamflows 
as a result of altered hydrology that accompanies land use change. Omitting the smallest 
watersheds results in the strongest correlations between Si fluxes and LULC, whereas 
omitting the largest watersheds results in the least significant relationships between Si 
fluxes and LULC. Thus, it is the rivers draining the larger watersheds (>100 km
2
) that are 
responsible for the majority of the relationships observed in the complete dataset. 
Furthermore, it is in these basins that Si concentrations, rather than streamflows, drive the 
observed fluxes. Nevertheless, regardless of watershed size, forests are always associated 
with less Si in rivers and developed land is always associated with more Si in rivers, as 
indicated by the slopes of the regressions (Table 2). These consistent relationships with 
LULC highlight that at any point along the longitudinal continuum of a river, LULC 
impacts Si fluxes in a similar manner. 
In summary, we find Si fluxes to be significantly associated with LULC due to 
altered watershed hydrology and vegetation patterns associated with land use change. 
Both variables impact Si fluxes in the same manner, as both concentrations and 
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streamflow are higher from rivers draining more developed watersheds, and lower in 
rivers draining more forested landscapes. Si concentrations are controlled in part by 
terrestrial primary productivity, and streamflow is controlled in large part by watershed 
infiltration capacity, or runoff. Thus, both biological and physical factors are responsible 
for the observed relationships with Si fluxes and land use. It appears that the factors 
controlling whether concentrations or streamflow dictate fluxes depends on the type of 
LULC, with Si fluxes from developed areas controlled more by streamflow (runoff) and 
Si fluxes from forested areas controlled more by concentrations (terrestrial primary 
production).  
 
A Special Case - Wetlands 
Wetlands have recently been recognized for their role in exerting biological 
control over the Si cycle (Struyf and Conley 2008), but unlike every other major LULC 
in New England, wetland area was not shown to be a significantly correlated with 
streamflow, concentrations, nor Si fluxes. The lack of a signal from wetland cover was 
unexpected, considering that many species of wetland grasses are active Si accumulators 
and wetlands are places of dynamic Si biogeochemical cycling (Struyf et al. 2005). The 
lack of correlation between percent wetland area and Si fluxes may be due to the 
relatively small spatial coverage of this ecotone, compared to other LULC categories. 
Moreover, it is possible that this lack of correlation may be a result of our analysis 
including observations from all months of the year. This is relevant because, in New 
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England, wetland growth and therefore active Si uptake begins in April with peak growth 
rates typically measured at the end of August or early September (Wigand et al. 2004; 
Windham 2001). When the late fall and winter months (November through March) were 
omitted from the analysis, wetland area within the watersheds was shown to be a 
significantly correlated with Si fluxes. During the April through October period, 
watersheds with the highest wetland area (>10%) had significantly lower DSi fluxes in 
the draining rivers compared to watershed with the lowest wetland area (<5%) (p=0.035). 
This seven month period includes the wetland growing season and indicated that 
wetlands retain Si during this period. In order to determine the mechanisms causing the 
observed decline in Si fluxes from wetlands, seasonal Si concentrations and streamflows 
were analyzed with respect to wetland area. Similar to fluxes, no significant regressions 
were found between percent wetland area and Si concentrations, or streamflows. Once 
again, the lack of relationships between wetlands and Si behavior arose because we 
included observations from all months of the year. When only the spring months are 
included in the analysis (April-June), Si concentrations were significantly lower in 
watersheds with the highest wetland area (>10%) compared to watersheds with the least 
wetland area (<5%) (p=0.02). Thus, the periods when Si fluxes and Si concentrations are 
correlated with wetland area overlap with the most active growing season. On the other 
hand, wetland area was not related to streamflows in any season. This demonstrates that 
wetland Si sequestration may be the driver of the lower Si fluxes from watersheds with 
higher percentage of wetlands, rather than water retention. 
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This observed behavior of wetlands corresponds well to research that has shown 
wetlands to impact Si biogeochemistry in the same manner as impoundments, with 
wetlands acting as ‘leaky dams’ by slowing down river velocities and facilitating diatom 
production and sedimentation (Yelverton and Hackney 1986). Similarly, we find ‘open 
water’ LULC to be significantly negatively associated with Si fluxes when all but the 
smallest rivers are included in the regression analysis (p=0.0278) (Table 2). This 
corresponds with the phenomenon that the abundance of lakes significantly reduces DSi 
transport (Conley et al. 2000). In addition, research in Belgium has shown freshwater 
wetlands to be large reservoirs of Si, as Si actively accumulates within wetland grasses 
and sediments (Struyf and Conley 2008; Struyf et al. 2005). While wetlands in North 
America have been far less studied, a recent study of a salt marsh in northern 
Massachusetts showed the marsh to be a source of dissolved Si, indicating that the 
wetlands are indeed large pools of Si in this region (Vieillard et al. 2011).    
 
Modeling Si Export at the Regional Scale 
In order to determine the role of LULC plays in controlling Si fluxes, especially 
related to other factors, such as geology, several multiple linear regression (MLR) models 
were completed between Si fluxes, dominant LULC category, and dominant bedrock 
geology (Table 3). The first MLR model, which includes both LULC and geology 
(LULC_Geol), reveals that the majority of average DSi fluxes (R
2
 = 0.94) can be 
explained by bedrock geology and LULC alone (p=0.001) (Table 3). In the LULC_Geol 
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model, the significant predictors of DSi fluxes included open, low and high-density 
developed land, all forest types, all agricultural types (pasture and cropland), and mafic 
rock. In order to determine the impact of LULC alone on Si fluxes, a second MLR model 
(GEOL) was built that included only bedrock. This bedrock-only MLR was again 
significant (p=0.005) with an R
2
= 0.56. In order to test our hypothesis further, we created 
a third MLR (LULC) that included only LULC, omitting bedrock completely. The LULC 
model was significant (p=0.027) with an R
2
=0.69. Using results of all three models, a 
conservative estimate is that 40% of DSi fluxes can be attributed to LULC directly, 
although LULC could account for almost 70%, as suggested by our third model.  
Therefore, this MLR analysis reveals that Si export from watersheds on regional scales is 
driven in large part by LULC. This conclusion departs from more traditional 
understanding that weathering of the lithosphere is the main driver in river Si fluxes from 
the continents to the oceans (Bluth and Kump 1994; Jansen et al. 2010).  
To put our results in perspective, we compared our regional average DSi flux 
value (69 kmol km
-2
 a
-1
) to the continent-scale estimate by Beusen et al. (2009) and found 
our value to be higher than the North American average DSi flux estimate (43 kmol km
-2
 
a
-1
). Our higher value is likely due to the highly developed nature of Northeast US 
compared to the North American continent (Alig et al. 2004; Hobbs and Stoops 2002). In 
addition, the period of analysis in the two studies did not overlap; the Beusen et al. study 
included DSi observation from 1920-1990, while our study used values from 1990-2010.  
The differences between our more localized results and the large-scale estimates of 
Beusen et al. (2009) could be due to the major LULC changes during the last century in 
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North America (Foster et al. 1998). In addition, the differences could be the results of 
changes in climate that have occurred, such as increased air temperatures (Huang et al. 
2000), altered timing of peak river discharges (Hodgkins et al. 2003) and decreasing 
ratios of snow to total precipitation (Huntington et al. 2004). As pointed out by Beusen et 
al. (2009), global scale estimates may not represent localized DSi behavior . While 
globally, lithology, climate, and runoff may be primary factors controlling DSi fluxes 
from river systems, our results highlight that at regional scales, such as New England, 
other factors become important, particularly watershed LULC. In other words, controls 
on DSi may be scale-dependent in nature, with lithology and discharge being major 
drivers at the global scale, and LULC being an important variable at the regional and 
local scale. 
 
Conceptual Model of LULC Controls on Si Export 
Combining our results with those of two other studies (Conley et al. 2008; Struyf 
et al. 2010), we developed a conceptual model depicting how land use change can 
potentially impact Si fluxes from the terrestrial to the aquatic ecosystem (Fig. 3). Initially, 
if land use change occurs in the form of deforestation, the most common LULCs to 
follow is either reforestation, (sub)urbanization, or agricultural land uses, all of which 
impact Si cycling differently. For example, deforestation initially leads to higher Si fluxes 
from the watershed (Conley et al. 2008). If deforestation is followed by reforestation, 
active plant uptake and Si accumulation within plant biomass results in lower Si 
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concentrations and fluxes, regardless of forest type. On the other hand, if deforestation is 
followed by (sub)urbanization, Si fluxes will be higher in rivers due to lack of plant 
uptake, high runoff from impervious surfaces, and potential urban sources of Si, such as 
waste water treatment plant (WWTP) effluent (Clark et al. 1992; Sferratore et al. 2006). 
Furthermore, if the disturbed land is used for agricultural purposes, Si fluxes may be even 
lower than that of the reforested landscape due to depletion of Si in the soil pool, as 
shown in the work by Struyf et al. (2010). Agricultural soils have been found to be 
significantly depleted in amorphous Si (ASi) stocks compared to continuously forest sites 
(Clymans et al. 2011), which could ultimately result in reduced export of DSi from 
agricultural watersheds. On the other hand, it could be argued that agricultural land use 
could increase Si fluxes due to tilling and other soil disturbance activities, especially 
considering that New England soils have been found to have several thousands of years 
of soils silica available (Conley et al. 2008). However, since we have no data to support 
this hypothesis, we will use the results of the most current research (Struyf et al. 2010; 
Clymans et al. 2011) to indicate in our model that agricultural practices lead to 
diminished Si fluxes over time. If land use change does not occur and mature forests are 
left standing, Si fluxes from mature forests will be less than those from newly aggrading 
forests (reforestation) due to in part to slower weathering rates from older forests (Conley 
et al. 2008). 
Initially, our results appear to differ from that of Struyf et al. (2010) and Humborg 
et al. (2004), who found fluxes of Si to increase with increasing percent forest cover, but 
agree with that of Conley et al. (2008) who found that deforestation leads to higher Si 
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fluxes. Struyf et al. (2010) hypothesize that the difference between their findings and that 
of Conley et al. (2008) is a result of measurements being taken at different points in time 
related to when initial soil disturbance occurred; Struyf et al. (2010) conclude that their 
study site represents sustained long-term soil disturbance (> 250 years) which explains 
the higher Si fluxes from forests compared to other LULCs, mostly agricultural lands. 
However, this hypothesis does not explain the difference with our study, as Southern 
New England has been highly disturbed since the 17
th
 century. Therefore, we propose 
that our conclusions differ because we are comparing dissimilar LULC types. The 
Humborg et al. (2004) study did not include an urban land use type in the analysis and 
similarly, in the Scheldt basin, where Struyf et al. did their work, LULC  is >80% 
agricultural and 11% forested, compared to our study sites, which are, on average, 8% 
agricultural, 54% forested and 16% developed.  In other words, the Struyf et al. (2010) 
study mostly compares forest versus agricultural land, while our study mostly compares 
forest versus urban land, resulting in different ‘relative’ conclusions. Our conceptual 
model is complementary with the study by Struyf et al. (2010), as it shows fluxes from 
agricultural lands to be lower than that of forested lands, but expands upon their work by 
adding in the effects of urban development on Si fluxes. 
Our findings that LULC is an important driver of Si export in rivers can be 
explained by examining Si accumulation and cycling within the terrestrial landscape. 
Because many species of land plants are active Si accumulators, we hypothesize that a 
lack of vegetation cover in developed lands essentially removes a sink of Si on the 
terrestrial landscape, resulting in higher export of Si to rivers in the absence of 
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vegetation. The absence of vegetation appears to result in a more rapid delivery of Si to 
river waters, as observed in the more developed watersheds in this study.  In addition, it 
is possible that more heavily developed watersheds may also act as a source of silica. 
Several studies have shown urban areas to be net sources of Si to rivers, as Si is found 
within many food items, laundry detergent, and drinking water from groundwater sources 
(Clark et al. 1992, Sferratore et al. 2006).  From our analysis, it is unclear whether 
developed lands are sources of Si, or that relative to known Si sinks (vegetated 
landscapes), there are higher fluxes from developed regions. 
 
Conclusion  
This work identifies LULC as an important control over DSi fluxes from the 
continents to the sea, accounting for 40-60% of DSi fluxes. Prior work has focused on 
quantifying solely the geochemical controls on these fluxes, but here we demonstrate the 
critical nature of LULC patterns in influencing Si cycling at the land-sea interface.  This 
analysis addresses only DSi behavior in rivers. However, significant concentrations of 
biogenic Si (BSi) have been found in rivers of all sizes (Conley 1997; Humborg et al. 
1997). Quantifying BSi behavior in urban systems would help us better understand how 
anthropogenic activities impact Si biogeochemistry. Currently there is little information 
on biogenic Si in rivers, particularly in the Southern New England region. Future 
research should examine the impact of LULC change on BSi fluxes, as well as 
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quantifying nitrogen and phosphate levels in these systems, as water column Si cycling is 
tied to macronutrient availability. 
Scientists continue to point out the clear gap in our understanding of the linkage 
between the terrestrial and aquatic Si cycles (Ittekkot et al. 2006). Rivers are the central 
transport mechanism by which terrestrially derived Si reaches coastal systems, and 
therefore, is an appropriate place to focus research attention pertaining to Si cycling. The 
research presented here offers a new manner of understanding Si transport from terrestrial 
to the marine ecosystems; at regional scales, LULC appears to be an important factor 
influencing DSi concentrations and the ultimate export to coastal systems.  In other 
words, anthropogenic activities are directly influencing Si cycling at the land-sea 
interface. While land use change is already recognized as a threat to ecosystem integrity 
and function at regional (Foster and Aber 2004) and global scales (Foley et al. 2005), this 
study confirms that land use change now must also be seen as a factor influencing Si 
biogeochemistry, altering the timing and magnitudes of Si fluxes from the land to coastal 
systems.  
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Tables 
Table 1. 1. Description of study sites 
Developed includes Low, Med, and High Intensity Developed, but not Open Developed 
land (i.e. recreational fields). Forests include all forest types (Deciduous, Conifer, and 
Mixed). Wetlands include all wetland types (Woody and Emergent) using the National 
Land Cover Dataset (NLCD) 2001. 
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Drainage Avg Si Flux
River Name USGS ID  Area (km 2)  (mol d-1km -2) n Developed Forest Wetlands
Aberjona Rv 01102500 40 282 93 69.5 12.8 2.5
Broad Br 01184490 40 296 92 6.9 41.1 3.9
Bunnel Br 01188000 11 211 94 3.0 63.3 6.5
Charles Rv 01103500 474 171 20 21.8 42.5 13.8
Coginchaug Rv 01192883 77 209 16 5.3 58.6 5.8
Farmington Rv (Tarrifville) 01189995 1494 175 163 6.0 71.3 4.9
Farmington Rv (Unionville) 01188090 979 141 101 1.9 79.8 4.4
French Rv 01125100 262 116 151 9.8 58.4 9.4
Green Rv 01170100 107 148 45 0.2 90.9 1.3
Hockanam Rv 01192500 190 250 171 26.6 41.0 5.2
Housatonic Rv (Ashley Falls) 01198125 1204 104 153 4.2 68.7 6.7
Housatonic Rv (Stevenson) 01205500 3999 150 104 4.1 66.6 5.0
Ipsw ich Rv 01101500 115 207 46 33.5 27.3 19.3
Merrimack Rv at Concord 01100000 11450 164 38 7.7 70.2 5.3
Naugatuck Rv 01208500 673 184 158 16.3 59.6 2.7
Neponset Rv 01105000 90 178 32 29.8 36.8 12.6
Quinnibaug Rv (Jew ett City) 01127000 1847 137 159 5.1 60.9 13.6
Quinnibaug Rv (Quinnabaug) 01124000 401 153 159 4.2 68.5 9.7
Quinnipiac Rv 01196500 298 290 126 34.0 36.9 4.1
Rooster Rv 01208873 27 195 53 63.9 6.3 0.2
Salmon Rv 01193500 259 147 112 3.5 62.5 14.6
Sasco Br 01208950 19 294 57 7.7 50.6 7.9
Saugus Rv 01102345 54 222 44 49.8 19.5 8.8
Still Rv 01186500 220 144 139 18.1 51.4 2.9
Stillw ater Rv 01095220 75 194 44 3.0 71.9 9.6
Dominant LULC types (%)
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Table 1. 2 Correlation coefficients and significance of the regressions between LULCe 
and average Si concentrations, streamflow and Si flux  
Streamflow and fluxes are normalized for drainage area. Developed lands are correlated 
to higher Si fluxes, while forested, open water, and hay (pasture/grasses) lands are 
correlated to lower Si fluxes. These relationships are denoted by sign of the correlations 
coefficients (R) between DSi observations and percent LULC category, negative with 
vegetated land use and positive with developed land use.  Bold indicates significance 
(p<0.05). Both concentrations and streamflow are driving the observed relationships in 
fluxes, with streamflow driving Si fluxes from developed lands and Si concentrations 
driving the Si fluxes from forested lands, in general. In addition, streamflow is only be a 
factor in rivers draining small watersheds (<100km
2
), likely due to these small 
watersheds having the highest percentage of developed land. 
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LULC
p R p R p R
Open Water 0.1293 -0.3117 0.2326 -0.2477 0.0278 -0.4397
Open Developed 0.0424 0.4090 0.1778 0.2784 0.0043 0.5513
Low  Developed 0.0856 0.3507 0.0112 0.4983 0.0157 0.4778
Med Developed 0.4102 0.1723 0.0000 0.7412 0.0580 0.3842
High developed 0.6245 0.1029 0.0000 0.8196 0.0607 0.3803
Deciduous Forest 0.5196 -0.1351 0.0006 -0.6390 0.0657 -0.3738
Conifer Forest 0.0061 -0.5329 0.9785 0.0057 0.0437 -0.4066
Mixed Forest 0.0070 -0.5256 0.5076 -0.1390 0.0138 -0.4861
Hay 0.1611 0.2890 0.0665 -0.3728 0.9170 0.0220
All Developed 0.2411 0.2433 0.0002 0.6835 0.0285 0.4380
All Forest 0.0323 -0.4291 0.0073 -0.5234 0.0036 -0.5594
Open Water 0.6235 -0.1330 0.0602 -0.4795 0.1929 -0.3433
Open Developed 0.0001 0.8361 0.8709 -0.0442 0.0001 0.8116
Low  Developed 0.0003 0.7849 0.6666 0.1168 0.0001 0.8298
Med Developed 0.0017 0.7198 0.5563 0.1590 0.0009 0.7483
High developed 0.0023 0.7056 0.8675 0.0454 0.0034 0.6846
Deciduous Forest 0.1150 -0.4134 0.1588 -0.3696 0.0363 -0.5265
Conifer Forest 0.0918 -0.4355 0.1397 0.3860 0.3274 -0.2618
Mixed Forest 0.0754 -0.4567 0.4905 0.1860 0.1853 -0.3489
Hay 0.0505 -0.4963 0.4896 0.1863 0.1453 -0.3811
All Developed 0.0006 0.7632 0.6315 0.1299 0.0002 0.7980
All Forest 0.0053 -0.6609 0.8951 -0.0359 0.0092 -0.6277
Open Water 0.1770 -0.3144 0.2441 -0.2731 0.0375 -0.4679
Open Developed 0.2184 0.2879 0.1796 0.3126 0.0293 0.4874
Low  Developed 0.4006 0.1989 0.0110 0.5555 0.0901 0.3889
Med Developed 0.8800 0.0361 0.0000 0.7943 0.1746 0.3160
High developed 0.9668 -0.0099 0.0000 0.8634 0.1473 0.3362
Deciduous Forest 0.8803 -0.0360 0.0008 -0.6904 0.1404 -0.3417
Conifer Forest 0.0101 -0.5609 0.8796 -0.0362 0.0646 -0.4209
Mixed Forest 0.0374 -0.4682 0.4249 -0.1890 0.0477 -0.4477
Hay 0.0366 0.4699 0.0727 -0.4099 0.6347 0.1132
All Developed 0.6852 0.0966 0.0002 0.7435 0.1169 0.3619
All Forest 0.1763 -0.3149 0.0060 -0.5920 0.0228 -0.5059
All Rv Sites (n=25)
Watershed size >100 km 2  (n=16)
Watershed size <1000 km 2 (n=20)
Concentration Streamflow Fluxes
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Table 1. 3 Results of Multiple Linear Regression (MLR) models 
MLR used to determine relative influence of land use/land cover (LULC) and geology 
(GEOL) on observed Si fluxes. Model LULC_Geol includes both LULC and bedrock 
geology, showing that 94% of the observed Si fluxes are accounted for with those two 
parameters alone. All models LULC_Geol and GEOL are highly significant (p<0.05) 
(bold), as indicated by the predictor coefficients and the F critical values. The higher F 
statistic in LULC_Geol Model indicates that this model is the best-fit of all three models 
 
 
 
Model LULC_Geol GEOL LULC
R2 model 0.935 0.559 0.687
Model Signif icance 0.001 0.005 0.027
Model F statistic 8.682 4.82 3.07
Model F-critical 3.006 2.74 2.602
Predictors 
Open Developed 0.000 0.009
Low -Density Developed 0.007 0.047
High-Density Developed 0.013 0.022
Deciduous Forest 0.004 0.041
Conifer Forest 0.004 0.019
Mixed Forest 0.016 0.112
Hay/Pasture 0.006 0.032
Cropland 0.003 0.023
Woody Wetland 0.035 0.106
Emergent Wetland 0.435 0.260
Sedimentary 0.126 0.020
Granite 0.464 0.899
Mafic 0.007 0.042
Metamorphic 0.160 0.490
Carbonates 0.069 0.062
Signif icance of coefficient
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Figures 
 
Figure 1. 1 Map of the 25 USGS study sites in Southern New England  
(http://waterdata.usgs.gov/nwis). Data coverage spanned the time period of 1990-2010 
and in total included 2370 values 
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Figure 1. 2 Relationship between Si fluxes and percent LULC. 
 a) As percent forest increases, Si fluxes decline. y = -1.4757x + 268.27, p= 0.0036, R= -
0.5594. b) As percent developed increase, Si fluxes increase. y = 1.2445x + 168.79, p= 
0.0285, R= 0.4380. Developed land here does not include ‘Open Developed’ land  
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Figure 1. 3 Conceptual Model of the impact of land use change on Si fluxes.  
Gray boxes indicate various land use types and white boxes are the processes influencing 
Si cycling. Initially, if land use change occurs in the form of deforestation, the most 
common LULCs to follow is either reforestation, (sub)urbanization, or agricultural land 
uses, all of which impact Si cycling differently. Deforestation has been shown to 
increases Si fluxes from watersheds (Conley et al. 2008). After deforestation, 
development lead to increased Si fluxes, whereas reforestation and agriculture tend to 
result in lower Si fluxes. The thickness of the lines indicates the magnitude of change in 
fluxes with land use type. The thicker line from agriculture compared to forested lands 
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indicates that agriculture leads to lower Si fluxes compared to forests (Struyf et al. 2010, 
Clymans et al. 2011). The thicker line from mature forests compared to newly aggrading 
forests (reforestation) indicates that mature forests export less Si due to slower 
weathering rates (Conley et al. 2008). Abbreviations: ‘WWTP’ = waste water treatment 
plant 
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Chapter 2: Watershed Land Use Alters Riverine Silica Cycling 
J. C. Carey and R.W. Fulweiler 
Please note: The final publication of this chapter is available at www.springerlink.com. 
 
Abstract 
Recent research has highlighted that humans are perturbing the global silica (Si) 
cycle through land use change. Here we compare in-stream Si biogeochemistry across 
four rivers that lie along a gradient of land use change in New England, USA. 
Differences between basins were most notable during the late winter/early spring period 
when dissolved Si (DSi) concentrations declined significantly in all but the most urban 
site. Declines in DSi concentration could not be attributed to volumetric dilution by 
higher discharges, nor in-stream phytoplankton growth, as biogenic Si concentrations did 
not increase during this period. We provide evidence that uptake of Si by terrestrial 
vegetation, specifically trees, is responsible for the observed declines of in-stream DSi 
concentrations (a loss of 2.7 μM day-1 at the most forested site). We hypothesize that sap 
flow during this late winter/early spring period is driving this accretion. We estimate that 
68 kmol Si km
-2
 is accreted annually by New England forests, falling well within the 
range of forest Si accretion rates found in published studies. This analysis increases our 
understanding of the mechanisms contributing to altered Si biogeochemistry in rivers 
draining watersheds with different land use.  
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Introduction 
Human induced changes to the global nitrogen (N) and phosphorus (P) cycle are well 
documented (Rockstrom et al. 2009; Vitousek et al. 1997). We have altered land use and 
land cover, burned fossil fuels and biomass, mined P, and learned to fix large amounts of 
N from the atmosphere (Galloway 1998; Rockstrom et al. 2009; Smil 2000; Vitousek et 
al. 1997). Combined, our activities have doubled the amount of available N in the 
biosphere (Galloway et al. 2003) and tripled the amount of P mobilized on earth (Smil 
2000). In contrast, until recently we considered the global silica (Si) cycle to be 
unperturbed by these same activities.   
Excess N and P loading to coastal waters is known to cause a series of deleterious 
effects, including eutrophication and subsequent hypoxia (Boesch 2002; Diaz 2001; 
Turner et al. 2008). While N and P concentrations have significantly increased, Si 
concentrations have not, and thus the ratio of N:P:Si in marine receiving waters has 
changed. Because marine diatoms, the most dominant type of phytoplankton in temperate 
coastal waters (De La Rocha et al. 2000), require as much nitrogen as silica on a molar 
basis, these changes to water column nutrient ratios favor non-diatom species of 
phytoplankton. In turn, such shifts in the phytoplankton community can alter the very 
base of marine food webs (Anderson et al. 2002; Turner et al. 2008). Besides directly 
adding nutrients to water bodies, humans have also altered water column nutrient ratios 
and aquatic trophic structure through dam construction. Known as the ‘artificial lake 
effect’ (Van Bennekom 1981), the damming of rivers to create reservoirs results in lower 
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DSi concentrations in the downstream receiving waters, as Si becomes trapped behind 
reservoirs in greater proportions than N and P (Admiraal et al. 1990; Conley et al. 2000; 
Humborg et al. 2006; Triplett et al. 2008).  
Recent research has shown that human activities also directly alter Si cycling through 
land use/land cover (LULC) change. For example, several centuries of agricultural 
practices in Europe have led to a soil pool depleted in Si (Clymans et al. 2011; Struyf et 
al. 2010). A study of the Seine River found urban land cover to be a source of Si to the 
adjacent river from direct runoff of impervious surfaces and effluent from waste water 
treatment facilities (Sferratore et al. 2006). Most recently, a study in Southern New 
England (USA) has found LULC to be strongly correlated with riverine Si behavior, with 
urban land use significantly positively correlated to DSi fluxes, and forested lands 
significantly negatively correlated with DSi fluxes (Carey and Fulweiler 2011). In 
addition, Carey and Fulweiler (2011) found that watershed LULC was as, if not more, 
important than lithology in predicting Si export from the terrestrial to the aquatic 
ecosystem at the regional scale. 
The influence of LULC on riverine Si export is hypothesized to be due in large part to 
uptake of Si by terrestrial vegetation (Carey and Fulweiler 2011; Conley et al. 2008; 
Fulweiler and Nixon 2005). Plants take up DSi and deposit it as ‘biogenic’ (BSi) or 
‘amorphous’ silica (ASi) (Struyf and Conley 2008). Land plants store BSi as phytoliths, 
siliceous bodies important for plant protection and function (Epstein 1994). As a result, 
terrestrial vegetation has been recognized as a major factor influencing the global Si 
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cycle (Conley 2002). In fact, the same order of magnitude of Si is estimated to be fixed 
annually by terrestrial plants as is fixed by diatoms in the ocean (Conley 2002). In 
addition, it is well known that plants play a major role in both the weathering of mineral 
silicates and the solubility of Si in soil. The concentration of Si in plant tissues is highly 
variable (Hodson et al. 2005), but can be equal or greater than several macronutrients, 
including potassium (K) and nitrogen (N) (Epstein 1994). Forests typically have tight Si 
cycling due to continually recycling BSi between soil and vegetation pools (Alexandre et 
al. 1997). Thus, when these terrestrial plants are removed and land cover is altered, Si 
fluxes appear to be altered as well. Several other studies have found terrestrial vegetation 
can impact in-stream Si concentrations (Conley et al. 2008; Fulweiler and Nixon 2005) 
and soil solution Si cycling (Cornelis et al. 2010b; Derry et al. 2005).  
While there is growing evidence that human activities are directly altering the fluxes 
of DSi from the terrestrial system, the mechanisms driving this phenomenon are not 
known. For example, it is still unclear whether urban lands are sources of DSi, or 
compared to the known Si sink of forested lands, they just export more Si relative to 
vegetated landscapes. It has been proposed that the lower DSi in forested systems is due 
to sequestration of DSi by terrestrial plants (Carey and Fulweiler 2011). However, it is 
unclear whether in-steam autotrophic production was also contributing to the lower DSi 
found in rivers draining more forested watersheds. Because LULC change is also known 
to impact the fluxes of other nutrients, particularly dissolved inorganic nitrogen (DIN) 
and dissolved inorganic phosphorus (DIP), enhanced in-stream phytoplankton production 
may also be responsible for the altered Si biogeochemistry observed in rivers with 
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different LULC change. Alternatively, urbanization often leads to increased loads of total 
suspended solids (TSS), increasing light attenuation and thus, decreases in stream 
phytoplankton production (Davies-Colley et al. 1992; Van Nieuwenhuyse 1986; Wood 
and Armitage 1997).    
The objective of this paper is to examine the impact of land use/land cover (LULC) 
on Si fluxes, both particulate (biogenic) and dissolved. In addition, we address possible 
mechanisms influencing such altered Si biogeochemistry. The watersheds we studied lie 
along a gradient of urban to rural land cover, each exhibiting different watershed land use 
characteristics. Being directly adjacent to one another, these watersheds experience very 
similar climate and temperature regimes.  In order to discern the mechanisms influencing 
Si biogeochemistry in watersheds characterized by different LULC we collected a high 
temporal resolution data set of weekly river water samples over an annual cycle for 
dissolved Si (DSi), biogenic Si (BSi), dissolved inorganic nitrogen (DIN), dissolved 
inorganic phosphate (DIP), Chlorophyll a  (Chl a), and total suspended solids (TSS). 
Further, this is the first high-temporal resolution dataset of BSi ever collected for a river 
in New England, which will allow us to make a first-order estimate of the amount of BSi 
exported from these systems.  
 
Methods 
To determine the relationship between land use/land cover (LULC) and Si export we 
collected a highly resolved annual cycle of Si concentrations and fluxes from four 
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watersheds in Central New England (Massachusetts, USA). The watersheds are located 
adjacent to one another along a gradient of LULC, from urban Boston to the more 
forested North Shore of Massachusetts (Fig. 1). Each site was located at a United States 
Geologic Survey (USGS) real-time stream flow gaging station (Table 1) so that fluxes of 
material could be calculated. We have named the sites in terms of their location along this 
gradient, in order of increasing forest cover and decreasing developed land – Urban 
(Aberjona River), Moderate Urban (Ipswich River at South Middleton), Moderate 
Forested (Ipswich River at Ipswich), and Forested (Parker River). Each watershed has 
distinctly different dominant land use types making conclusions about the impact of 
LULC possible (Table 1).  Due to the close proximity of the watersheds to one another, 
the climate conditions are identical. Geologic differences were previously shown to 
exhibit little difference in terms of riverine Si behavior compared to watershed LULC in 
this region (Carey and Fulweiler 2011). In addition, the entire region is covered with 
glacial till, making most of the weatherable substrate uniform across the study area.   
We collected samples weekly over the course of one year (October 2010-September 
2011) (Fig. 2) and measured dissolved silica (DSi), biogenic silica (BSi), DIN (NO2
-
, 
NO3
-
, NH4
+
), DIP, Chl a, and TSS. From a bridge (or the left bank at the Forested site 
where no bridge existed) a sampling container was lowered into the thalwag of the river 
and rinsed three times with site water. The sample was then collected approximately 15 
cm below the surface. Previously acid washed polyethylene bottles (30 ml) were used to 
collect water samples. Bottles were rinsed three times with filtered site water before the 
final sample was captured. Water was filtered using a 60 ml polypropylene syringe. We 
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filtered water samples for DIN and DIP samples through a 0.45 micron glass fiber filter 
(Whatman GF/F). We filtered water samples for DSi through a 0.40 micron 
polycarbonate filter and retained the frozen filter for subsequent analysis of BSi 
concentrations. BSi concentrations were determined using wet alkaline extraction in 1% 
Na2CO3 solution, digesting filters for 5h, with sub-samples taken at hours 3 and 4 to 
allow for a mineral silicate correction (Conley and Schelske 2002; Demaster 1981).  
A SEAL AA3 flow injection analyzer was used to colorimetrically determine 
concentrations of dissolved inorganic nutrients. DSi from BSi aliquots and water samples 
was measured using the molybdenum blue colorimetric method and sodium 
hexafluorosilicate (Na2SiF6) as the silicate standard (Strickland and Parsons 1968). DIN 
was measured using cadmium reduction followed by colorimetric determination of nitrite 
and DIP was measured by the ascorbic acid method (Grasshoff 1976). 
TSS was measured by filtering 150-250 ml river water onto a pre-combusted (400 °C 
for 4 h) glass fiber filters (Whatman GF/F) which were placed in a drying oven at 60°C 
until dry. We measured Chl a by filtering 50 ml of river water onto a glass fiber filters 
(Whatman GF/F), at which point the filters were immediately frozen and kept in the dark 
until analysis by fluorescence using a Trilogy Fluorometer by Turner Designs (model # 
7200-040) and extracting with acetone (90%) (Arar 1997; Yentsch and Menzel 1963). 
Two methods were used to estimate an annual DSi and BSi flux from the four sites: a 
simple average and Beale’s unbiased ratio estimator. The simple average was done by 
taking an average of all individual flux measurements (concentration multiplied by the 
closest recorded 15 minute discharge at the time sampled from the USGS flow gage). 
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Beale’s ratio estimator multiplies the mean daily discharge for the year by a bias 
corrected ratio of the mean daily measured fluxes to the mean daily water discharge on 
days when the fluxes were measured (Beale 1962; Dolan et al. 1981). The Beale’s ratio 
adjusts for biased field sampling which may have missed extreme high or low flows. 
Beale’s estimate is considered a reliable flux estimate if the relationship between 
discharge and concentration is weak or when the data are not normally distributed 
(Fulweiler and Nixon 2005; Richards and Holloway 1987). Beale’s unbiased estimator is 
defined as: 
 
 
 
In the above equation, 

˜ yis estimated annual flux, 

˜ xis the average daily discharge over 
the entire year, my is the mean daily flux on days which concentrations were measured 
(also equal to the simple average), and mx is the mean daily discharge for the days 
sampling occurred. The number of samples is represented by n, while xi and yi represent 
individual concentrations and fluxes, respectively (Dolan et al. 1981). The Beale’s ratio 
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estimate was used in our analysis to estimate the total Si flux from the watershed. All 
other analysis was completed with the individual measurements. 
We used several types of analyses to determine how watershed LULC impacts Si 
biogeochemistry. A Friedman test (Friedman 1939), which is a nonparametric test similar 
to classical balanced two-way analysis of variance (ANOVA), was used to determine 
whether the four river sites were behaving differently with respect to water quality 
constituents, such as DSi, BSi, DIN, DIP, Chl a, and TSS. The Friedman test allowed for 
determining the differences in treatments across sites on our non-normal data. Using the 
results of the Friedman tests, a multicomparison procedure was used in order to tell 
which sites had means that were different from each other (see Supplemental 
Information). In addition, we examined the DSi measurements for relationships with 
stream temperature and discharge. 
We recently developed three multiple linear regression (MLR) models which use 
combinations of watershed LULC and bedrock geology to estimate DSi fluxes (Carey 
and Fulweiler 2011). The models are based on long-term (1990-2010) USGS discharge 
and DSi concentrations from 25 watersheds in New England. In the previous study, we 
found that LULC alone accounts for 40%-70% of DSi fluxes, while geology alone 
accounted for 30%-55% of DSi fluxes. The combined LULC_GEOL model accounted 
for 94% of the DSi fluxes (see Supplemental Information). In this current study, we used 
these three models to estimate DSi fluxes with the known LULC and lithological 
characteristics of our four study sites. We then compared the model estimates to our 
highly resolved DSi fluxes. Model results were compared to the simple average fluxes, 
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rather than the Beale’s estimates, because simple average fluxes from the 25 watersheds 
were used to create the original MLRs.  
In order to further isolate the mechanisms influencing Si biogeochemistry in 
watersheds with different LULC, we examined the role of terrestrial and aquatic primary 
production in controlling DSi fluxes. To do this, we focused on the late winter/early 
spring period (February 13-April 16) when we observed a sharp decline in DSi 
concentrations at all sites except the Urban River. First, we calculated the slopes and the 
significance of the spring decline in Si concentrations and compared them across sites. In 
order to determine whether terrestrial or aquatic primary production was influencing the 
spring decline in DSi concentrations, the same calculation was completed for 
concentrations of DIN, DIP, Chl a, and BSi during the same period. All statistics were 
done using Matlab (α=0.05). 
 
Results and Discussion 
Annual Water Cycle 
Discharge during the 2011 water year (October 2010 to September 2011) was within 
10% of the long-term (20-year) average median and mean flows at all sites (Table 2). 
Normalizing discharge for basin size shows no trends towards more or less water at any 
site (Table 2), making the watersheds comparable once discharge is normalized for 
drainage area.  
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We successfully captured a large range of flows that were representative of discharge 
that occurred during the 2011 year. For example, the range of flows sampled at the 
Forested site was 0.0022 to 8.51 x 10
3
 m
3
 d
-1
 km
-2
, while the range of flows experienced 
by the Forested site during the 2011 water year was 0.0186 to 10.9 x 10
3
 m
3
 d
-1
 km
-2
. 
Field sampling at the Urban site was even closer to capturing the range of flows that 
occurred in the river throughout the year: sampled discharges ranging from 2.0 x 10
2
 to 
1.06 x 10
4 
m
3
 d
-1
 km
-2 
compared to the range of 1.76 x 10
2
 to 1.06 x 10
4 
m
3
 d
-1
 km
-2
 
occurring during all of 2011.   
The annual hydrographs reveal the site differences inherent in the river systems. 
Specifically, discharge over time in the Urban versus Forested sites reveals the typical 
‘flashy’ hydrograph of an urban watershed (Leapold 1968), with higher and earlier peak 
flows during storm events, and lower base flows compared to the more forested site (Fig. 
2). The forested site shows a lag in the timing of peak flow events (Fig. 2) due to longer 
flowpaths and residence time of water, characteristic of vegetated landscapes.  
 
Silica Fluxes across Watersheds 
 Annual fluxes of DSi and BSi were calculated using two methods: a simple 
average of all flux measurements and Beale’s unbiased estimator (Beale 1962; Dolan et 
al. 1981; Fulweiler and Nixon 2005). Comparing the simple average to the Beale’s ratio 
reveals that the two values are similar for the Moderate Forested and Forested sites 
(Table 3). Conversely, the simple average DSi flux for the Urban and Moderate Urban 
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Rivers is 41%  and 23% higher, respectively, than the Beale’s estimate. The higher 
simple average values are likely due to field sampling during the higher flows because of 
the more frequent peaks and the flashy nature of the urban rivers (Fig. 2).  
Our DSi flux values (Table 3) fall within the range found in other studies in this 
region; a 60% forested watershed in Southern New England reported a DSi export of 50 
kmol y
-1
 km
-2
 (Fulweiler and Nixon 2005), and a study on 25 rivers in Central New 
England found an annual DSi export of 69 kmol y
-1
 km
-2
 (Carey and Fulweiler 2011).  
We found a tendency toward lower DSi fluxes from rivers as watershed forest 
cover increased, and higher DSi fluxes as forest cover decreased. Measured annual DSi 
fluxes from the Forested site were lower than those at all other sites, although not 
significantly so (Table 3). There was no trend towards higher or lower BSi fluxes across 
the LULC gradient (Table 3). 
DSi and BSi fluxes were driven by river discharge, rather than concentrations, as 
depicted by the significant linear relationship between fluxes and discharge (p<0.01) 
(Fig. 3). This pattern has been found elsewhere in New England rivers (Fulweiler and 
Nixon 2005) and highlights that river discharge can be a helpful tool for estimating DSi 
and BSi fluxes. Soils are large reservoirs of BSi (Bartoli 1983), and soil solution and 
groundwater can be rich in DSi (Cornelis et al. 2010a). It is likely that the significant 
positive relationship between Si fluxes and discharge is, at least in part, due to Si 
mobilization from land, where increased over-land water flow mobilizes BSi from the 
soils, and Si from soil and groundwater.  
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Modeling DSi Fluxes using a Multiple Linear Regression 
We compared our measured DSi fluxes from this study to those estimated by our 
three recently developed multiple linear regression (MLR) models, which use watershed 
land use land cover (LULC), bedrock geology (GEOL), or the combination  of the two 
(LULC_GEOL) to estimate DSi fluxes (Carey and Fulweiler 2011). We found that the 
LULC model estimates watershed DSi fluxes within 3.1% to 50% of our observed fluxes 
(Table 4). This type of error was expected, as the LULC model accounted for 40 to 70% 
of observed DSi fluxes in the original analysis (Carey and Fulweiler 2011). Likewise, the 
GEOL model predicted DSi fluxes within 0.1% to 36% of the observed fluxes in this 
study (Table 4). Again, this type of error was expected given that the GEOL model 
originally accounted for 35% to 56% of observed DSi fluxes (Carey and Fulweiler 2011). 
Finally, using the best fit model that contains both LULC_GEOL, we found this model 
estimates DSi fluxes within 0.2% to 37% of the measured values (Table 4). Measured 
DSi fluxes were not consistently lower or higher than the model predictions.   
Comparing the precision of the three models across the four different sites, we see 
that the combined model (LULC_GEOL) is the best fit for the forested site, while the 
bedrock geology model (GEOL) is the best fit for the Urban site.  The better fit of the 
GEOL model at the Urban site is likely because of the increased importance of lithology 
in controlling Si fluxes when biology is removed from the watershed.  
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Unlike the other sites, the precision of all three models was poor for the Moderate 
Urban river (Table 4), consistently predicted DSi flux 36-50% lower than our 
observations. One explanation for this discrepancy between the modeled and measured 
fluxes could be that wetlands account for almost 20% of this watershed (Table 1). 
Wetlands have been shown to directly impact DSi biogeochemistry, often serving as 
sources of DSi to downstream water bodies (Jacobs et al. 2008; Vieillard et al. 2011). We 
hypothesize that the large number of wetlands for such an urbanized watershed resulted 
in abnormal Si biogeochemistry in the Moderate Urban site, compared to the other 
watersheds used to create the regression models. In fact, the average percent of wetlands 
in watersheds used to create the original models was 7.2%, less than half the value of the 
Moderate Urban basin studied here (18%).   
Furthermore, the overall better precision of the models at the more forested sites is 
likely because the majority of the watersheds used to create this model were on the more 
forested end of the LULC spectrum (21 of the 25 watersheds used to create the model has 
at least 30% forest cover). Therefore, the MLR appears to be more appropriate for 
predicting DSi fluxes in watersheds with at least 30% forest cover. While these results 
indicate the individual LULC and GEOL models predict DSi fluxes reasonably well, the 
indices of model goodness of fit (f test and correlation coefficient) suggests that including 
both LULC and lithology characteristics (LULC_GEOL model) is the best method to 
predict DSi fluxes from a range of watershed types (Carey and Fulweiler 2011). 
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We also estimated DSi fluxes using the equations developed by Bluth and Kump 
(1994), which use runoff and dominant bedrock geology as predictor (see Supplemental 
Data). In each case the fluxes estimated using the Bluth and Kump models were between 
1.2 and 1.6 times greater than our measured annual fluxes (Table S1), similar to the 
results described in Fulweiler and Nixon (2005). Our results indicate that geology and 
runoff alone may not be the most appropriate metrics to use in estimating DSi fluxes. In 
addition, this comparison highlights that our recently-developed MLRs do a better job 
predicting fluxes in New England, compared to global scale models. In sum, while 
lithology has typically been considered the master driver in Si export from continents to 
coasts (Bluth and Kump 1994; Jansen et al. 2010), this analysis further highlights that 
LULC is on par with bedrock geology in controlling river DSi fluxes, especially at the 
local and regional scale.  
 
Seasonal Biogenic Silica Cycle 
This is the first study to collect high temporal resolution (i.e. weekly) BSi 
measurements in a New England river. We observed no seasonal pattern in BSi 
concentrations at any site. Our muted BSi seasonal signal at the Moderate Urban, 
Moderate Forest, and Forested rivers may be due to the nearly 20% wetland cover in each 
of these watersheds (Table 1). . Previous work has shown that wetlands impact Si 
biogeochemistry in a similar capacity as dams and impoundments (Hackney et al. 2002). 
For example, Humborg et al. (2006) found that impounded rivers experienced a muted 
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BSi seasonal signal compared to free-flowing rivers, because dams and reservoirs alter 
flow regimes and efficiently trap BSi. Alternatively, the lack of seasonal BSi signal at the 
Urban River may be due to the higher overall in-stream primary production sustained 
throughout the year at this site, exhibited by the significantly higher average DIN 
concentrations (p<0.01), and Chl a concentrations (p<0.01).  
No relationship between BSi concentrations and LULC was observed along the 
land use gradient. For example, while we observed significantly (p<0.01) higher BSi 
concentrations at the Urban site (Avg. 21 µM ± 5 µM)  compared to all other sites, the 
Moderate Urban river experienced the lowest BSi concentrations (Avg. 16 ± 5 µM), 
although not significantly lower than any other site (Table 5). The significantly higher 
average annual BSi concentrations at the Urban site is likely due to increased nutrient 
loads which may have stimulated diatom growth throughout the year, reinforced by the 
fact that average annual Chl a concentrations were also significantly higher at the Urban 
site (p<0.01). In addition, the higher BSi concentrations at the Urban site may be related 
to the higher concentrations of TSS (p<0.01), as BSi and amorphous Si is often bound to 
sediment particles (Smis et al. 2011). However, no significant correlation was found 
between BSi and TSS at any site, indicating that primary production is likely the main 
cause of the higher BSi concentrations at the Urban site throughout the year. 
The minimum BSi concentration measured here was 5.7 µM in the Moderate 
Urban site, and the maximum BSi concentration was 63.5 µM, found in the Urban site 
(Table 5). These values fall within the range found in other studies. In a study of three 
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rivers draining into the Baltic Sea reported BSi values ranged from nearly zero to 100 µM 
(Humborg et al. 2006). Similarly, our average BSi concentration (18 ± 2 µM across all 
sites) falls within the range found in other rivers (e.g., 6 µM in the Daugave River 
(Humborg et al. 2006), 23 µM in the Rhine River (Admiraal et al. 1990), and the 
calculated global average of 28 µM (Conley 1997)). Likewise, assessing BSi as a fraction 
of total Si (DSi + BSi) reveals that our values (11.5 ± 1.8%) are close to the global 
average 16% (Conley 1997).  
 
Seasonal Dissolved Silica Cycle 
In-stream DSi concentrations exhibited a distinct seasonal pattern with higher 
concentrations in the winter and fall and a strong decline in the spring (Fig. 4). This 
pattern was observed in all sites except the Urban River. The Urban site experienced the 
most consistent DSi concentrations throughout the year (Avg. 134 ± 38 µM), ranging by 
only a factor of 3.8. This is a small range compared to the rivers draining the two most 
forested watersheds, which had DSi concentrations ranging by a factor of 18 ((Avg. 138 
± 65 µM) and 14 (Avg. 127 ± 60 µM) in the Moderate Forested and Forested sites, 
respectively). 
Although we did not observe a consistent relationship between watershed LULC 
and the DSi concentrations, there was a tendency towards higher Si export from the urban 
watersheds and lower Si export from the more forested watersheds. The Moderate Urban 
site had the highest average DSi concentrations (Avg. 158 ± 66 µM.) (p<0.01) and the 
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Forested site exhibited the lowest average DSi concentrations (Avg. 127 ± 60 µM). The 
minimum DSi concentration (12.5 µM) was observed in the Moderate Forested site while 
the maximum DSi concentration (257.7 µM) was observed in the Moderate Urban site 
(Table 5). The world average river DSi concentration is estimated to be 150 µM (Laruelle 
et al. 2009; Tréguer et al. 1995) and our measured average values (127-159 µM) are very 
similar (Table 5). Other studies of DSi in temperate river systems found similar DSi 
values, such as an average of 120 µM in the Connecticut River (Conley 1997) and 136 
µM in the Seine River, France (Sferratore et al. 2006). 
There are several possible mechanisms that could be driving the observed annual 
pattern of in-stream DSi concentrations. The increasing DSi concentrations throughout 
the summer is likely due to BSi regeneration and chemical weathering that occurs with 
elevated temperatures. The sustained high winter DSi concentrations are likely due to a 
lack of DSi uptake by organisms. Finally, the decline in DSi concentrations in the late 
winter/early spring is typically attributed to in-stream diatom growth and dilution by the 
spring freshet, both mechanisms we explore here.  
A simple volumetric dilution could decrease silica concentrations during the late 
winter/early spring period if the incoming water was deplete in silica. Given the low 
concentrations (1.0 - 6.4 µM) of Si in rainwater (Hofmann et al. 2002; Ladouche et al. 
2001; Sferratore et al. 2006), it is possible that the increase of freshwater flow during the 
spring could dilute the concentrations during this season. If this was the case we would 
observe a significant decline in concentration as a function of river discharge. However, 
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at all sites except the Urban river, DSi concentrations do not decline with increasing river 
discharge (Fig. 5). We only observe a significant dilution of DSi concentration with 
increasing discharge at the Urban site (p=0.04, R= -0.72) where the spring decline is 
barely observable. The volumetric dilution occurring at the Urban site is likely a result of 
the lack of forest cover, reduced infiltration capacity, and increased runoff to the river. 
This phenomenon has been observed elsewhere: a study of eight rivers draining 
watersheds with little forest cover (all < 30% forested) in the Scheldt River Basin found 
significant dilution of DSi concentrations with increasing streamflow (Smis et al. 2011). 
Moreover, the opposite in-stream behavior is found from more forested watersheds: a 
river draining a 60% forested watershed in Southern New England showed no volumetric 
dilution of DSi with increasing discharge (Fulweiler and Nixon 2005).  
Hysteresis patterns of the concentration-discharge relationship during high flow 
events can be a useful indicator of sources of Si to river systems (Bowes et al. 2005; Hall 
1970). Hysteresis illustrates a circular pattern, or ‘loop’, in plots of concentration versus 
discharge due to different sources of water at different points on the flood hydrograph 
(Bowes et al. 2005; Nagorski 2001). Counter-clockwise hysteresis patterns indicate 
source water more dilute in the rising limb of the hydrograph (Bowes et al. 2005). 
Consistent with our earlier discussion of a volumetric dilution, we did not see a counter-
clockwise pattern.  However, during the spring freshet (February 13 to April 16
th
), we 
observed clockwise hysteresis patterns in the two most forested sites (Fig. 6). These 
clockwise loops suggest that during the spring freshet there is an additional source of 
water to the river that is rich in DSi (Bowes et al. 2005). It is likely that infiltration of 
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rainwater into the more pervious forested watersheds flushes DSi-rich water into the river 
during storm events, shown by the clockwise hysteresis loops that indicate a source of 
DSi-rich water to the river. The size of the hysteresis loops increases with increasing 
forest cover, indicating increased capacity for DSi storage and subsequent mobilization 
during rain events in forested watersheds (Bowes et al. 2005). We hypothesize that the 
source of this rich DSi water is groundwater, since we did not observe this pattern in the 
more impervious watersheds where streamflow and groundwater are more disconnected 
(Leapold 1968). In addition, groundwater is known to be rich in Si, often 2 to 3 times 
higher than river concentrations (Georg et al. 2009). Considering that groundwater can 
make up 55% to 91% of storm water discharge (Caissie 1996), it seems likely that during 
the initial portion of the high flow event, Si-rich groundwater is flushed through the more 
forested watersheds. Thus, it appears that the more forested sites are receiving Si-rich 
source waters during the period of sharp declines in DSi concentrations, perhaps making 
the observed decreases in concentrations even greater than they originally appear.  
Finally, we explored the relationship between DSi concentrations and stream 
temperature in order to discern any impact of chemical weathering on the observed DSi 
behavior during the period of rapid DSi decline. If increased weathering was driving DSi 
concentrations, we would expect to see a positive relationship between DSi 
concentrations and temperature (Brady and Carroll 1994; White and Blum 1995). 
However, as temperatures increase during the spring months, DSi concentrations decline 
in the river, opposite the pattern one would expect if chemical weathering was driving 
DSi in the river. In addition, DSi concentrations were not a function of stream 
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temperature at any site. In fact, we observed a distinct pattern between in-stream DSi 
concentrations and water temperature at all sites except the Urban River (Fig. 7).  In both 
the fall and spring, despite similar stream temperatures, DSi concentrations are markedly 
different. This pattern is most pronounced at the Forested site where average DSi 
concentrations are 24 µM in April at 14°C and 173 µM in October at 11°C. The rivers 
draining the more forested watersheds experienced the largest difference in DSi 
concentrations at similar temperatures. This is likely during the spring in the more 
forested sites, as no spring drawdown was experienced at the Urban Site.  
 
Biological Uptake 
Throughout this study, the clearest differences in Si biogeochemistry between 
sites were observed in DSi concentrations from February 13 to April 16, where DSi 
concentrations declined significantly at all but the Urban site. We calculated an average 
loss rate of DSi over the 63 day period of 0.84 and 2.7 µM DSi day
-1 
at the Urban and 
Forested site, respectively. These values correspond well with the rate of 1.5 µM DSi 
day
-1 
found in a river draining a nearby 60% forested southern New England watershed 
(Fulweiler and Nixon 2005).  
In addition, the slopes of change in DSi concentrations over these eight weeks of 
late winter/early spring decline were calculated for each site. With increasing percent 
forest cover, the slope of this decline increased, going from almost no change in DSi 
concentrations at the Urban site, to a highly significant decline in DSi concentrations at 
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the two most forested sites (Table 6). Using a modified analysis of covariance 
(ANCOVA), the slopes of the decline in DSi concentration were found to be significantly 
different between sites, with the Urban site having a significantly smaller rate of change 
compared to the other three sites (p<0.01) (Table 6) (see Supplemental Information). 
Furthermore, the hysteresis plots of DSi concentrations versus discharge reveal that the 
more forested watersheds received Si-rich sources of water during this exact period, and 
thus, the drawdown of Si at these sites may even be stronger than it appears. Given that a 
volumetric dilution is not the cause of the seasonal decline in Si concentrations, we 
hypothesize that biology is driving this pattern.  Our DIN, DIP, Chl a and BSi data 
provide clues as to the mechanisms influencing the decline in DSi.  
 
Instream Primary Production 
Freshwater aquatic ecosystems are typically limited by DIP availability (Bothwell 1985; 
Hecky and Kilham 1988). Ratios of DIN to DIP over 16:1 indicate P-limitation (Redfield 
1958). We observed average ratios of DIN to DIP during the entire year of 1179, 159, 
192, 139 in the Urban, Moderate Urban, Moderate Forested and Forested sites, 
respectively. Given these N:P ratios it is likely that in-stream primary production is P 
limited.  
Declines in riverine DSi concentrations are often attributed to in-stream primary 
production by diatoms (Admiraal et al. 1990; Garnier et al. 1995; Wall 1998). Because 
our rivers are P-limited, declines in DIP concentrations would indicate in-stream 
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autotrophic production.  We examined declines in DIP during the same period of DSi 
decline in order to determine if in-stream primary productivity was driving the DSi 
drawdown. Decreases in DIP concentrations were significant in the Moderate Forested 
(R= -0.73, p=0.04) and Forested sites (R= -.75, p=0.04) (Table 6). However, the 
simultaneous declines in DIP with DSi may not indicate in-stream primary production by 
diatoms.  DIP concentrations decline with increasing river discharge at the two forested 
sites (R=-0.40 and -0.42 at the Moderate Forested and Forested sites, respectively). Thus, 
the in-stream DIP decline is due, at least in part, to a simple volumetric dilution.  
Furthermore, we see no corresponding increase in BSi concentrations during the 
period of DSi decline (Table 6), indicating the decline in DSi observed at the Moderate 
Urban, Moderate Forested, and Forested rivers during this two month period is not 
through an increase in diatoms. We do observe a significant increase in Chl a 
concentrations at all sites, possibly indicating non-diatom species bloom (Table 6). This 
is likely due to the propensity of green algae (Chlorophyceae) to make up river water 
column phytoplankton species assemblages (Descy et al. 2012; Rojo et al. 1994). Finally, 
we are hesitant to account for the declines of DSi by in-stream autotrophic production 
because of how early in the season these declines were observed. While the increases in 
Chl a indicate primary production, this period is typically considered far too early in the 
growing season to witness a phytoplankton bloom of either diatoms or green algae. 
Numerous studies of temperate rivers have found little to no in-stream growth until at 
least May, with peaks in biomass in July and August (Descy et al. 2012; Descy et al. 
1987; Rojo et al. 1994; Sin et al. 1999; Swale 1969). These studies are consistent with 
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our observed peak Chl a values occurring much later in the year (May 27, July 28, June 
24 and August 11 at the Urban, Moderate Urban, Moderate Forested and Forested sites, 
respectively).  
In addition to changes in DIP, we examined the slope and the significance of the 
declines in DIN concentrations. While DIN does not change over the two month period 
of DSi decline, NH4
+
 declines significantly at all except the Urban site (Table 6). The in-
stream ammonium decline could be driven by several factors, such as phytoplankton 
uptake or water column nitrification (conversion of NH4
+
 to NO3
-
). However, we see that 
more NH4
+
 is removed from the system than can be accounted for than through 
phytoplankton uptake alone. For example, 8.5 µM of NH4
+
 were removed from the water 
column between February 13 and April 16 at the Forested site. Assuming a ratio close to 
Redfield for organic matter, we would expect a decline in DIP of roughly 0.53 uM. 
However, DIP declines only by 0.2 uM during this time, indicating that phytoplankton 
production may account for some, but certainly not all, of the loss of NH4
+
. 
Unfortunately, from our static measurements it is impossible to determine the role 
of water-column nitrification on regulating NH4
+
 concentrations. At first glance, it 
appears that nitrification is not occurring due to declines in NO3
- 
of 0.01 µM day
-1
, a 
trend inconsistent with nitrification. On the other hand, we observe a loss of NH4
+ 
at the 
Forested site (0.14 µM day
-1
), which falls within the range of summertime river 
nitrification rates in New England (0.04 to 1.7 µM NH4
+ 
day
-1
) (Berounsky and Nixon 
1993). From our measurements it is not possible to reconcile these conflicting 
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observations, as other instream processes, such as denitrification or algal uptake, could be 
responsible for these results. Regardless, it appears that the decline in ammonium could 
be driven at least in part, by terrestrial processes. We hypothesize that processes on land 
are the primary contributors to the decline in NH4
+ 
concentrations.   
 
Terrestrial Processes Driving DSi Concentrations  
Most temperate terrestrial ecosystems are nitrogen-limited (Brookshire et al. 
2012; Chapin 1980). Trees take up both oxidized and reduced inorganic nitrogen in the 
forms of nitrate (oxidized) and ammonium (reduced) (Nihlgård 1985). Several studies of 
temperate forests have found trees with a clear affinity for ammonium over nitrate 
(Gessler et al. 1998; Marschner et al. 1991), with NH4
+ 
uptake rates three to four times 
higher than nitrate (Marschner et al. 1991). In fact, a study of spruce (Picea abies) and 
beech (Fagus sylvatica) trees in Germany found only ammonium uptake and no nitrate 
uptake during the spring (April and May) (winter not measured) (Gessler et al. 1998). 
Marschner et al. (1991) calculated that 2.5x10
-14
 mol mm
-2
 s
-1
 NH4
+ 
were taken up by 
spruce (Picea abies) at 5°C. Using the forested area of the Forested watershed (29 km
2
),
 
we calculate an ammonium uptake rate of 62.6 kmol day
-1
. Thus, over the 63 day period 
of rapid DSi decline, the Forested site could potentially take up 3946 kmol of NH4
+
, 
which more than accounts for the in-stream loss of 8.5 µM NH4
+
 found at the Forested 
site over the same period.  
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Our analysis of ammonium suggests terrestrial vegetation may be influencing in-
stream nutrient cycling. We hypothesize that similar processes are impacting in-stream 
DSi concentrations as well. In order to test our hypothesis that DSi uptake by trees 
accounts for the decline in riverine DSi concentration, we estimated how much DSi 
would have been exported from the Forested watershed without the observed late 
winter/early spring decline. Assuming no spring decline, the average river concentration 
would be approximately 160 µM. Multiplying this value by the 2011 average annual 
discharge (99.2 x 10
3
 m
3
 d
-1
), we calculated a theoretical flux of 5793 kmol yr
-1
 at the 
Forested site. Subtracting our measured DSi flux of 3832 kmol yr
-1
 from this value, we 
estimate that the forest is accreting 1961 kmol yr
-1
 of Si. Normalizing for the area of 
forested land in the watershed (29 km
2
), we calculate an average forest Si accretion rate 
of 68 kmol km
-2
 yr 
-1
. This value falls well within the range of forest Si accretion rates 
reported by others (26-84 kmol km
-2
 yr 
-1
) (Bartoli 1983; Conley 2002; Fulweiler and 
Nixon 2005; Markewitz and Richter 1998).  
Although the decline in DSi concentrations occurs prior to leaf-out, trees are 
taking up groundwater, and therefore DSi, for sap production during this period. Sap 
production peaked in Massachusetts forests between January 31
 
and April 27 during 2011 
(Usda 2011), the exact period of DSi decline. Similar to DSi transport, sap is transported 
through the xylem of the plant. Sap flow is highest when freezing nights are followed by 
thawing daytime temperatures (Hacke and Sauter 1996; Martin 1958; O'malley and 
Milburn 1983). While there are no known published studies of Si concentrations in sap 
flow, research on Si in Vermont sugar maples (Acer saccharum) found an average DSi 
64 
 
 
 
concentration in tree sap to be 640 µM (Garvin 2006). Further, average concentrations of 
DSi in groundwater are between 185 to 1000 µM (Georg et al. 2009; Goudie 1972; Hill et 
al. 1998; Hooper et al. 1990; Miretzky et al. 2001), a range matching that of DSi in tree 
sap. Combining the fact that concentrations in groundwater and tree sap are similar, and 
that trees take up water and DSi by the same means as sap movement (roots and xylem), 
it appears likely that sap flow during this period must accumulate DSi as well.  
To test if sap flow could account for the in-stream DSi concentration drawdown 
during this two month period we estimated how much DSi trees could accumulate based 
on water uptake rates and average groundwater DSi concentrations.  Rates of water 
uptake by trees have a large range, from very little (2 L day
-1
 of a suppressed Douglas 
Fir) (Granier 1987) to 20 L day
-1
 for an apple tree in November (Bar-Yosef et al. 1988) to 
600 L day
-1 
for a large sugar maple in the summer (Jackson et al. 2000). We assume an 
estimate of 56 L H2O day
-1
, based on average water intake of a Picea abies tree (28 cm 
diameter at breast height (dbh) at 6.6°C (Schulze et al. 1985).  We also assumed passive 
Si accumulation and a conservative groundwater DSi concentration of 200 µM (Laruelle 
et al. 2009). Given these assumptions, a tree could accumulate 11 mM of Si per day. The 
density of trees on forest land in MA ranges from 15,000 trees km
-2
 (dbh >28 cm) to 
45,000 trees km
-2
 (dbh >12 cm) (Usfs 1999), resulting in a Si accretion rate of 10 to 32 
kmol km
-2
 yr 
-1 
during the 63 day period of rapid DSi decline. This value is 15 to 47% of 
our estimated annual uptake rate (68 kmol km
-2
 yr 
-1
), which makes sense considering 
that DSi uptake by trees should continue throughout the remainder of the growing season. 
Expanding our estimate over the entire 180-day growing season results in a forest Si 
65 
 
 
 
accretion rate of 29 to 91 kmol km
-2
 yr 
-1
.
 
This range encompasses our estimate of forest 
Si accretion based on DSi flux values (68 kmol km
-2
 yr 
-1
) and well within the reported 
range of forest Si accretion rates.  While this is indeed a rough estimate, this analysis 
highlights the likeliness of terrestrial vegetation in part controlling riverine DSi 
concentrations.  
Considering that water uptake by trees continues into the summer months, one 
may expect declines in DSi concentrations to persist until fall senescence. In fact, DSi 
concentrations reach their minimum during May, after which concentrations start to rise. 
Increasing DSi concentrations throughout the summer is a common pattern in rivers 
(Admiraal et al. 1990; Fulweiler and Nixon 2005; Triplett et al. 2008), which occurs 
when sources are greater than the sinks. Sources of DSi during the warm summer months 
include the remineralization of BSi and chemical weathering of mineral silicates. Both 
processes are directly related to temperature. Once water temperatures reach 15°C, BSi 
dissolution exponentially increases (Yamada and D'elia 1984). In our case, average 
monthly water temperatures were below 15°C until May, at which point they increased 
reaching their maximum (23 to 26°C) in July. While a portion of weathering occurs 
within the river itself, it is also associated with groundwater-rock interaction. Albeit more 
thermally buffered than river water temperatures, groundwater also experiences increased 
temperatures during the summer, especially in the shallow portions closer to the surface 
(Taniguchi 1993). For example, groundwater one meter below the surface of a temperate 
wetland varied roughly 15°C over the annual cycle (Bravo et al. 2002). In addition, plant 
growth in the summer also stimulates higher weathering rates through alteration of soil 
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pH and exudation of organic acids (Lucas 2001). Consequently, while plants may still be 
taking up DSi during the summer, declines in DSi concentrations do not persist through 
the summer likely due to an influx of DSi from BSi remineralization and mineral silicates 
weathering. The significant declines in DSi that increase with percent forest cover, 
combined with the lack of increase in river BSi concentrations, provides evidence that 
terrestrial vegetation 1) may  be causing the observed decline in DSi concentrations and 
2) can be a stronger influence than in-stream diatoms at controlling DSi concentrations in 
rivers. Our results augment the hypothesis that terrestrial vegetation controls DSi 
behavior in rivers, as proposed originally by Fulweiler and Nixon (2005) and highlight 
how human activities through land use change may be directly perturbing the global Si 
cycle. 
 
Conclusion 
Southern and Central New England experienced major land use changes throughout 
the last four centuries, characterized by widespread deforestation during the colonial 
period (~1650-1800), followed by reforestation as agriculture moved westward (1850-
1940), and finally followed by major urbanization and sub-urbanization (1940-present). 
Therefore, this study mostly considers the impact of urbanization on Si export, rather 
than agricultural land uses, as only a small percentage of the study area is currently used 
for agriculture.  
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Previous research in the same region has shown urban watersheds to export 
significantly more DSi than their forested counterparts (Carey and Fulweiler 2011). Here 
we sought to determine the mechanisms for this difference by comparing in-stream Si 
biogeochemistry across four rivers that lie along a gradient of land use change. We found 
the most notable differences in Si cycling between rivers occurred during the late 
winter/early spring period when rivers draining more vegetated watersheds resulted in 
higher rates of DSi decline. We hypothesize that the differences between Si export and 
LULC is due to both hydrology and biology. We provide evidence that by altering the 
connection between surface and groundwater, in addition to removing the known Si sink 
of vegetation, urban systems export more DSi than forested systems. Nevertheless, any 
increase in DSi that occurs through urbanization will likely not offset any of well-known 
problems associated with DSi-limitation in coastal waters, as export of N increases as 
well.   
Our finding of a lack of impact of LULC on riverine BSi concentrations and fluxes 
deserves further analysis, considering that the BSi fraction in these rivers is not 
insignificant (roughly 11% of total Si loads in our study sites). Higher resolution data and 
additional field sites may provide more clues as to how the BSi cycle reacts to changes in 
basin LULC.  
The comparison of our measured (simple average) DSi fluxes to a multiple linear 
regression model (MLR) shows that knowledge of watershed bedrock geology and LULC 
is all that is needed to predict DSi river export to a reasonably accurate degree (within 2-
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10%) in watersheds with at least 30% forest cover.  Future work should test the model 
predictions with measured DSi fluxes from watersheds in other regions, especially those 
with different bedrock geology.  
Rivers are the central transport mechanism of Si from land to sea. Approximately 
82% of dissolved, biologically available Si in marine ecosystems comes from rivers 
(Tréguer et al. 1995) and are therefore, appropriate ecosystems to study in order to 
understand Si biogeochemistry. Given the importance of Si in both aquatic and terrestrial 
ecosystems, and the degree of land use change ongoing globally, researching the 
relationship between LULC and Si cycling is critical to understanding how anthropogenic 
activities influence Si biogeochemistry. Land use change in the form of conversion of 
forests to agricultural and urban land uses, has greatly altered the global cycling of 
carbon (C), nitrogen (N), and phosphorus (P). It should now be recognized that land use 
change also impacts global Si cycling as well. 
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Tables 
Table 2. 1 Land use characteristics of the four sites in this study 
All sites located at United Station Geologic Survey (USGS) real-time streamflow gaging stations.  Land use data obtained from the 
National Land Cover Database (NLCD) 2001, a fifteen-class land cover classification scheme with 30 m. Gradient and slope data 
obtained from USGS (Zarriello and Socolow 2003)‘Devl’= developed 
          % Land Use (Major Land Use Types)   
Site USGS ID 
Drainage 
Area 
(km2) 
Elevation 
(m) 
Slope 
(%) 
Open 
Devl 
Low 
Intensity 
Devl 
Med 
Intensity 
Devl 
 High 
Intensity 
Devl 
All 
Devl 
Deciduous 
Forest 
Conifer 
Forest 
All 
Forest Wetlands 
Urban 01102500 62 36 4.9 12 20 37 12 81 11 2 13 2 
Moderate 
Urban 01101500 115 33 3.0 15 17 14 2 48 18 8 26 18 
Moderate 
Forested 01102000 324 32 3.6 10 12 9 1 33 26 11 37 19 
Forested 01101000 55 35 4.6 8 6 2 0 17 41 11 51 17 
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Table 2. 2 Annual Water Cycle Characteristics 
The 2011 water year had stream flows within 10 percent of the long-term (20 year) 
average.  
 
Table 2. 3 Annual Si fluxes 
Fluxes calculated using the simple average and Beale’s unbiased estimator.  
 
Table 2. 4 Comparison between measured and modeled DSi fluxes 
Long-term Record
(20 years)
(103 m3 d-1)
2011 Water Year
(Oct 2010 -Sept 2011) (103 m3 d-1)
2011 Water Year
Area-
Normalized 
(103 m3 d-1 km-2)
Percent Difference 
2011 versus 
20-year average
Site Median Mean Median Mean Min Max Median Mean Median Mean
Urban 59.91 95.36 63.57 104.35 11.00 660.18 1.02 1.67 5.94 9.01
Moderate Urban 134.24 198.05 145.48 218.96 2.93 1315.47 1.26 1.90 8.04 10.03
Moderate Forested 355.03 555.04 343.54 553.91 17.60 3741.03 1.06 1.71 3.29 0.20
Forested 68.46 105.14 75.80 99.20 1.03 601.50 1.37 1.80 10.17 5.82
Urban Moderate Urban
Moderate 
Forested Forested
DSi (kmol y-1 km-2)
Measured (Simple Avg) 86.5 104.7 79.8 71.8
Beale's Ratio Estimates 57.2 83.4 72.5 71.8
BSi (kmol y-1 km-2)
Measured (Simple Avg) 17.7 11.6 10.1 10.7
Beale's Ratio Estimates 18.9 13.8 8.8 13.7
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Measured fluxes are simple averages. Modeled fluxes were developed using multiple 
linear regression (MLR) model (Carey and Fulweiler 2011). See supplemental 
information for regression equation. 
 
 
Table 2. 5 Range of Si concentrations observed at all sites in this study. 
 
 
 
Simple Avg
Observed Result 
(mol d-1km-2)
Model Result (mol d-1km-2)
Percent Difference Model Output 
and Observed Results
Site LULC_GEOL LULC GEOL LULC_GEOL LULC GEOL
Urban 236.9 271.8 271.6 237.1 13.7 13.7 0.1
Moderate Urban 286.8 198.2 171.2 198.6 36.5 50.5 36.3
Moderate Forested 218.7 198.3 158.8 202.5 9.8 31.7 7.7
Forested 196.7 197.0 190.6 184.0 0.2 3.1 6.7
Si Concentrations 
Urban Moderate Urban Moderate Forested Forested
DSi (uM)
Minimum 54.6 32.5 12.5 14.9
Maximum 208.3 257.7 231.6 207.9
Average 134.8 158.7 138.4 127.1
BSi (uM)
Minimum 11.9 5.7 8.6 9.6
Maximum 63.5 33.1 53.5 42.6
Average 21.2 15.9 17.7 17.3
Table 5. Range of Si concentrations observed at all sites. Lowest average DSi concentrations occurred at the 
Forested site, and highest at the Moderate Urban site. Highest BSi concentrations occurred at the Urban site.
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Table 2. 6 Change in chemical constituents during late winter/early spring period 
Slopes, correlations and significance of change in concentrations of DSi (SiO2) and other indicators of primary production 
during the period of most rapid DSi decline (February 13 to April 16).  
 
 
 
Slope R p Slope R p Slope R p Slope R p Slope R p Slope R p
Urban -0.86 -0.45 0.27 0.14 0.12 0.77 0.00 -0.65 0.08 0.04 0.84 0.01 -0.51 -0.49 0.22 0.03 0.18 0.67
Moderate Urban -0.15 -0.90 0.00 -0.08 -0.12 0.77 0.00 -0.61 0.11 0.01 0.92 0.00 -2.97 -0.93 0.00 -0.03 -0.15 0.72
Moderate Forested -0.08 -0.70 0.05 -0.23 -0.43 0.28 0.00 -0.73 0.04 0.02 0.72 0.04 -3.50 -0.98 0.00 -0.04 -0.24 0.57
Forested -0.15 -0.96 0.00 0.03 0.18 0.67 0.00 -0.75 0.03 0.01 0.74 0.04 -3.00 -0.97 0.00 -0.04 -0.08 0.86
NH4
3+
NO3
-
DIP (PO4
3-
) Chl α DSi (SiO2) BSi (SiO2
.
nH20)
86 
 
 
 
Figures 
 
Figure 2. 1 Map of Study Sites 
Black dots indicate sample locations. Watersheds delineated using USGS Streamstats 
software, and other data layers from MA GIS. 
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Figure 2. 2 Annual hydrograph of Urban and Forested sites 
Circles (o) indicate dates of field sampling. Data from USGS National Water Information 
System real-time stream gage network. 
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a  
 
 b 
 
Figure 2. 3 Si fluxes (DSi and BSi) as function of discharge at each site 
a. Daily DSi flux as a function of daily water discharge for each site during 44 days of 
sampling. b.BSi flux vs discharge.   
Figure 3a. Daily DSi flux as a function of daily water discharge for each site during 44 days of sampling. At all 
sites, discharge is the main driver of Si fluxes, compared to Si concentrations. 
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Figure 3b. BSi flux vs discharge.  At all sites, discharge is the main driver of BSi fluxes, compared to BSi
concentrations. 
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Figure 2. 4 Annual Cycle of DSi concentrations.  
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Figure 2. 5 Concentrations as a function of discharge 
Lack of volumetric dilution at all but the Urban site during 8 week period of dramatic 
DSi decline.  
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Figure 2. 6 Hysteresis plots of DSi concentration versus discharge 
When followed chronologically, a clockwise pattern, indicating a source of Si-rich water 
during the rising limb of the hydrograph (Nagorski et al 2001), is apparent at the two 
forested sites during the period of active Si drawdown (Feb 13-end of March).   
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Figure 5. Hysteresis plots of DSi concentration versus discharge. When followed chronologically, a clockwise pattern 
is apparent at the two forested sitesduring the spring freshet and period of active Si drawdown (Feb 13-end of March). 
Clockwise hysteresis loops of this nature indicate a source of Si-rich wate  d ring the rising limb of the hydrograph 
(Nagorski et al 2001), which we hypothesize is Si-rich groundwater. 
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Figure 2. 7 Average monthly DSi concentrations versus water temperature 
The internal diameter of the circle increases with increased percent forest cover, 
revealing a greater difference in DSi concentrations during months when the water 
temperature is similar (e.g., spring (April) and fall (October). 
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Chapter 3: The Terrestrial Silica Pump  
J. C. Carey and R.W. Fulweiler 
 
Abstract 
Silicon (Si) cycling controls atmospheric CO2 concentrations and thus, the global climate, 
through three well-recognized means: chemical weathering of mineral silicates, occlusion 
of carbon (C) to soil phytoliths, and the oceanic biological Si pump. In the latter, oceanic 
diatoms directly sequester 25.8 Gton C yr
-1
, accounting for 43% of the total oceanic net 
primary production (NPP). However, another important link between C and Si cycling 
remains largely ignored, specifically the role of Si in terrestrial NPP. Here we show that 
55% of terrestrial NPP (33 Gton C yr
-1
) is due to active Si-accumulating vegetation, on 
par with the amount of C sequestered annually via marine diatoms. Our results suggest 
that similar to oceanic diatoms, the biological Si cycle of land plants also controls 
atmospheric CO2 levels. In addition, we provide the first estimates of Si fixed in 
terrestrial vegetation by major global biome type, highlighting the ecosystems of most 
dynamic Si fixation.  Projected global land use change will convert forests to agricultural 
lands, increasing the fixation of Si by land plants, and the magnitude of the terrestrial Si 
pump. 
 
Introduction 
Global silicon (Si) cycling regulates atmospheric carbon dioxide (CO2) concentrations via 
several well-known mechanisms, particularly chemical weathering of mineral silicates 
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(Berner et al. 1983), occlusion of carbon (C) to soil phytoliths (Parr and Sullivan 2005), 
and the oceanic biological Si pump (Dugdale et al. 1995). The vast majority of research 
on Si cycling has focused on the oceans, where Si-replete diatoms sequester 240 Tmol Si 
yr
-1 
(Tréguer et al. 1995). Diatoms are also a critical component of the global C cycle, 
accounting for 35-75% of marine net primary production (NPP) (Tréguer et al. 1995) and 
serving as efficient exporters of C to the benthos (Ittekkot et al. 2000). 
However, similar to diatoms, terrestrial vegetation can also sequester large 
amounts of Si. Si is considered a ‘quasi-essential’ nutrient for plants (Epstein 2009). 
While most plants can grow in Si-deplete soils, plant fitness is markedly improved with 
Si amendments (Ma et al. 2001). In fact, Si is the only element that has been shown to 
never be toxic to plants even in high doses (Ma et al. 2001). Silicon protects plants from a 
variety of abiotic and biotic stresses, including desiccation, predation, fungal attack, and 
heavy metal toxicity (Epstein 1994; Epstein 2009; Ma et al. 2001). Ultimately, Si plays a 
critical role in plant defense (Epstein 2009), which we argue better facilitates plants to 
perform essential services, particularly C sequestration.  
Si concentrations in land plants range over two orders of magnitude (<0.1 to over 
10% by dry weight (by wt.)), the largest range of any element (Epstein 2009). All 
photosynthetic plants contain some Si within their tissue, often in concentrations equal to 
or greater than other macronutrients, such as nitrogen (N), phosphorus (P), and potassium 
(K) (Epstein 1994). Plants are typically broken into three modes of Si uptake: rejective, 
passive accumulators, or  active accumulators (Ma et al. 2001). Plants whose Si uptake is 
greater than that which would passively be taken up through the transpiration stream are 
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defined as active accumulators and typically contain >0.46% Si (or 1% SiO2) by wt. (Hou 
et al. 2010; Ma et al. 2001; Street-Perrott and Barker 2008).  
Plants take up dissolved silica (DSi) (H4SiO4) from soil solution via their roots. 
DSi is transported via the xylem for eventual deposition in transpiration termini. Upon 
incorporation into organisms, biogenic silica (BSi) is formed, creating siliceous bodies in 
cell walls known as phytoliths. While the ultimate source of Si in the biosphere is 
chemical weathering of mineral silicates, BSi is 7 to 20 times more soluble than mineral 
silicates (Cornelis et al. 2010), resulting in BSi being an important source of DSi on 
biological time scales (Derry et al. 2005).  The dynamic cycling of Si on its path from 
land to sea has only recently been documented (Conley 2002; Cornelis et al. 2010), 
demonstrating that the biological component of the global Si cycle is driven not only by 
diatoms, but also by terrestrial organisms (Carey and Fulweiler 2012).  
To date, the amount of Si fixed by land plants has only been estimated at the 
global scale (Conley 2002; Laruelle et al. 2009), never by major terrestrial ecosystem 
type. Because certain plants, such as grasses, fix more Si than others, fixation of Si on 
land is far from uniform. Thus, we distinguish the hot spots of Si fixation, by calculating 
the amount of Si fixed by biome type (Table 1). Using this information, we calculate the 
percentage of terrestrial NPP done via active-Si accumulating organisms. To do this, we 
categorized Si shoot/leaf concentrations of 32 orders of angiosperms, gymnosperms, and 
mosses into 11 biome categories.  Taxonomic order was chosen to categorize plants, as it 
accounts for the majority (67%) of the variability of Si concentrations within plant tissue 
(Hodson et al. 2005).   
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Materials and Methods  
Leaf tissue Si concentrations were taken from supplemental data assembled in the 
meta-analysis completed by Hodson et al. (2005). From this dataset, 32 orders of 
angiosperms, gymnosperms, and mosses (representing 528 species) were assigned to a 
specific biome type. Fifteen orders fell into two different biome types (e.g. Pinales – 
temperate and boreal forest biomes). The order Poales (i.e. grasses, sedges, and rice) was 
the only order that fell into more than two biome types.  
Given that average C concentrations in biomass consistently range from 45 to 
50% (Houghton and Skole 1990), we assumed a wood C concentration of 47%.  Dividing 
the calculated biome-specific average Si concentrations by 47% allowed us to calculate 
Si:C ratios for each biome (Table 1). In turn, our biome-specific Si:C ratios were 
multiplied by the known amount of C in each biome (Houghton and Skole 1990), 
creating a constrained estimate of the Si fixed by ecosystem type (Table 1).  
Error estimates for the four forest biomes and the wetland biome were calculated 
by taking the standard deviation of the Si concentrations in the leaf/shoot tissue. Average 
Si concentration of the ‘tropical woodland and savanna’ biome was weighted for 
vegetation type (grasses accounted for 70%, herbaceous shrubs and trees accounted for 
30% (Knoop and Walker 1985)).  Error estimates associated with this biome include a 
sensitivity analysis of ± 20% of each plant type. Likewise, average Si concentration of 
cultivated crops was weighted to account for the mass of the top four crops produced in 
2010 (Fao 2010) (Table 2). Average Si concentration of the tundra biome used an non-
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weighted average of the Poales (sedges), Sphagnales (mosses), and Ericales (herbaceous 
shrubs) orders. Average Si concentration of the temperate steppe biome included only 
Poales (grasses) as the predominant vegetation type.  
Si fixed through land use change via increased agriculture was calculated by 
creating a correction factor that accounted for changes in land area of biome categories 
(Tilman et al. 2001). Correction factors were multiplied by the amount of Si currently 
fixed in each biome category in order to estimate the amount of Si fixed by 2050. 
 
Results 
The amount of Si fixed annually by the 11 major biome types found on Earth was 
calculated (Table 1). Unsurprisingly, the least amount of Si was found in the rock and ice, 
and desert biomes (<1 Tmol yr
-1
). Cultivated lands contain more Si than any other biome 
(29 Tmol yr
-1
), due to both high average Si content of the most common cultivated crops 
(Table 2) and the large amount of biomass present on cultivated lands (Tables 1, 2).  
While Si typically is deposited in the foliage, or leaves of trees, wood can also 
contain appreciable amounts of Si. Tropical forests contain relatively high levels of Si 
within their wood (Avg. 0.31% by wt.) (Amos 1952; Koeppen 1978), roughly four times 
more than the wood of temperate and boreal forests (Avg. 0.08% by wt.) (Fulweiler and 
Nixon 2005). In order to account for the different allocation of Si within various 
components of forest ecosystems, forest biome average Si concentrations were weighted 
to account for 30% of forest NPP being attributed to foliage, with the remainder allocated 
to woody biomass (Litton et al. 2007).   
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Active Si accumulation, indicated by average Si concentrations >0.46% by wt., 
was observed in five biomes: tropical woodland and savanna, temperate steppe, tundra, 
wetland, and cultivated lands (Figure 1). The elevated concentrations in these biomes 
were driven mostly by the predominance of the order Poales (e.g. grasses, sedges, and 
rice). These five biomes, which exhibit active Si accumulation, account for 55% of 
terrestrial NPP (Table 1). Thus, we conclude that just over half of terrestrial NPP is done 
by active-Si accumulating organisms, rivaling that of oceanic phytoplankton (Houghton 
and Skole 1990). Combining our results with the estimate that 43% of ocean NPP is via 
Si-replete diatoms (Tréguer et al. 1995), we find that 59 Gton C yr
-1
, or 49%, of current 
global NPP is conducted by active Si-accumulating organisms.  
In order to provide a check of our results, we compared our total amount of Si 
fixed by land plants with those from previous studies. Summing our values of Si fixed by 
biome type, we find that 55-113 Tmol Si yr
-1
 is fixed globally in the terrestrial biosphere 
(Avg. 84 ±29 Tmol Si yr
-1
). Our value is within the bounds of that provided by Conley 
(2002) (60-200 Tmol yr
-1
) and almost identical to the global estimate provide by Laruelle 
et al. (1999) (80 Tmol yr
-1
), providing confidence in our estimates. 
 
Discussion 
Human activities have already altered the amount of Si fixed in aquatic 
ecosystems. At the same time that the fluxes of N and P to coastal systems have markedly 
increased (Rockstrom et al. 2009), river damming has led to significant declines in the 
amount of Si exported to coastal waters (Humborg et al. 1997). Combined, these two 
99 
 
 
 
factors have increased the concentrations of N and P relative to Si, altering the ratio of 
N:P:Si in marine waters and inducing Si-limitation in several systems (Conley et al. 
1993; Danielsson et al. 2008; Turner et al. 1998). Such Si-limiting conditions can shift 
the phytoplankton species composition from diatom to non-diatom species, altering the 
base of the marine tropic structure (Admiraal et al. 1990; Officer and Ryther 1980).  
Importantly, because diatoms are more efficient C exporters compared to other types of 
phytoplankton (Ittekkot et al. 2000), shifting phytoplankton community structure away 
from diatoms reduces the amount of C exported to the benthos via the ocean biological 
pump.  
Similarly, we hypothesize that land use change will also alter the magnitude of Si 
fixed in the terrestrial biosphere, although in the opposite direction. Because both 
cultivated crops and pasture land (included in grasslands) are the biomes of most Si 
sequestration, increases in agricultural production will increase the amount of BSi fixed 
by land plants. Our analysis shows that cultivated crop lands currently account for 35% 
of the BSi fixed on land each year. Area of crop and pasture land is projected to increase 
by 8.9 x 10
6
 km
2
, or 18%, by 2050 (Tilman et al. 2001). Assuming conversion of tropical 
forests to agricultural land, we calculate that an additional 7.5 Tmol Si yr
-1 
will be fixed 
by 2050, an increase of 9% from current levels. Thus, increased food production to feed a 
larger global population will heighten the magnitude of the terrestrial Si pump, as more 
BSi will be produced on land.  
Because the Si fixed via crop cultivation is transported around the globe in large 
quantities, agriculture has recently been highlighted as an overlooked component of the 
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global biological Si cycle (Vandevenne et al. 2011). Ultimately, much of the  BSi stored 
in crops will be transferred to human population centers, or urban areas, which have been 
shown to export more Si than their forested counterparts (Carey and Fulweiler 2011). The 
heightened production of the more-soluble biogenic Si within the biosphere may increase 
the capacity of urban systems to serve as sources of Si to coastal waters (Sferratore et al. 
2006).  In turn, it is possible that Si-limiting conditions downstream of urban centers are 
buffered by the terrestrial Si pump and not as high as they would be in its absence. We 
hypothesize that additional Si fluxes from urban centers have the potential to improve the 
balance to N:P:Si ratios, at least in part, mitigating Si-limitation of nutrient-rich receiving 
waters.  
However, the fate of the cultivated and harvest BSi in crops deserves further 
research attention, as environmental management practices, such as wastewater 
treatment, sludge disposal, and farming techniques will ultimately dictate the fate of the 
additional BSi produced by land plants (Vandevenne et al. 2011). In addition, the storage 
of sediment BSi and subsequent release as DSi are not directly connected processes, as 
they can occur over variable periods of time (Struyf et al. 2010). Soil pools contain at 
least two orders of magnitude more BSi than vegetation pools (Conley 2002), 
highlighting that much of the BSi produced on land will be stored in the soils, rather than 
exported directly via rivers. While agricultural production will increase the amount of Si 
fixed by land plants, centuries of continual crop harvests have been shown to deplete soil 
pools of BSi (Clymans et al. 2011; Struyf et al. 2010; Vandevenne et al. 2011).  Thus, 
conversion of more land for agricultural production could deplete soil BSi reserves over 
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time, which could ultimately impact the magnitude of the terrestrial Si pump and long-
term fluxes of Si to coastal systems.   
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Tables 
Table 3. 1 Amount of Si fixed by major biome typ 
Bold indicates on average, active Si accumulation, indicated by concentrations >0.46% Si 
by wt. (Ma et al. 2001). Si concentrations from Hodson et al. (Hodson et al. 2005). Biome 
categories from Houghton and Skole (Houghton and Skole 1990). 
 
Biome Type 
NPP (C) x10
3 
 
(Tmol yr
-1
) 
Avg %Si  
by wt. Si:C  
Si  
(Tmol yr
-1
) 
Tropical wet and moist forest 0.69 0.30 0.006 4.48 
Tropical dry forest 0.40 0.28 0.006 2.35 
Temperate forest 0.50 0.21 0.004 2.22 
Boreal forest 0.53 0.23 0.005 2.65 
Tropical woodland and savanna 0.93 1.13 0.024 22.19 
Temperate steppe 0.41 1.53 0.032 13.26 
Desert 0.12 0.26 0.006 0.65 
Tundra 0.12 1.07 0.023 2.66 
Wetland 0.32 0.62 0.013 4.16 
Cultivated land 1.01 1.37 0.029 29.41 
Rock and ice 0 0.00 0.000 0 
Average  0.64 0.014  
Total 5.02   84.03 
Std Dev  0.32 0.006 28.86 
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Table 3. 2 Average Si concentration of cultivated crop biome 
Values are weighted by the mass of the four most produced crops (Fao 2010). 
 
Order Genus 
% Si 
by wt 
Mass of Crop 
(Million 
Tons) 
Si 
(Million 
tons) 
Poales Saccharum 0.54 1685 910 
Poales Triticum 2.42 650 1573 
Poales Zea  0.79 844 667 
Poales Oryza 3.17 672 2130 
Total     3851 5280 
Average Si concentration  1.37 
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Figures 
 
 
Figure 3. 1 Global land cover by active Si accumulating plants 
Shades of green are directly proportional to degree of active Si accumulation (i.e., darker 
green indicates more Si accumulation). Gray area indicates land cover by biomes of non-
active Si accumulators (<0.46% Si by dry wt.) (Table 1). Data from combination of FAO 
GeoNetwork Global Land Cover Distribution 2007 raster data layer with a resolution of 
5-arc minutes, and ESRI, which modified the layer originally created by Olson et al. 
(2001). Map created using ArcMap 10.0 from ESRI.  
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Chapter 4: Sea level rise outpaces vertical accretion of organic-rich salt marshes 
J.C. Carey, S.B. Moran, R.P. Kelly, A.S. Kolker, and R.W. Fulweiler 
 
Abstract 
The Northeast US is experiencing some of the most severe impacts of climate change, 
including increased winter temperatures, decreased winds, and accelerated relative sea 
level rise (RSLR). Rates of RSLR have significantly (p=0.02) increased by almost 60% 
in recent years, from 0.26±0.02 cm yr
-1
 (1931-1983) to 0.41±0.07 cm yr
-1
 (1984-2011) in 
a southern New England estuary. Using radionuclide tracers (lead-210 (
210
Pb) and 
cesium-137 (
137
Cs)), we reassessed vertical accretion rates at the same salt marshes 
studied three decades ago in order to determine if rates have changed over time. We 
observe a deceleration, of up to 50%, in accretion rates of organic-rich (>40% sediment 
organic matter) salt marshes, showing that these marshes are not keeping pace with 
accelerated RSLR. Contrary to other studies, we find that accretion rates varied strongly 
with soil matrix properties, being negatively correlated (r=-0.88, p=0.02) to sediment 
organic matter, and positively correlated (r=0.95, p=0.004) to bulk density. The 
acceleration of RSLR, combined with the deceleration of marsh vertical accretion 
indicates an impending and alarming loss of organic-rich coastal salt wetlands in 
Northeast US.  
 
Introduction 
111 
 
 
 
Salt marshes serve as critical habitats for a variety of species, as well as provide 
flood mitigation and water filtration services necessary for human populations (De Groot 
et al. 2002). They are susceptible to range of anthropogenic stressors, especially 
increasing rates of relative sea level rise (RSLR). Determining how salt marshes will 
respond to RSLR is challenging because their ability to accrete vertically depends on a 
suite of site-specific factors, including sediment supply, organic matter production, and 
decomposition rates (Kirwan and Mudd 2012; Mccaffrey and Thomson 1980; Nixon 
1982). Global climate models show that the northeast coast of the United States will 
experience a faster and larger degree of RSLR compared to global averages (Yin et al. 
2009). These impacts are already observed, as RSLR in the Northeast has significantly 
increased over the past three decades (Sallenger et al. 2012). Using radionuclide tracers 
(lead-210 (
210
Pb) and cesium-137 (
137
Cs)) we returned to the same salt marshes studied 
30 years ago (Bricker-Urso et al. 1989) in Narragansett Bay, USA to reassess vertical 
accretion rates. Here we show that organic-rich marshes are not keeping pace with 
accelerated RSLR. Over the last three decades we observe a deceleration, of up to 50%, 
in accretion rates of organic-rich (>40% sediment organic matter) salt marshes. A strong 
negative trend between accretion rates and sediment organic matter suggests these results 
are biologically, rather than physically, driven. These findings are unique for a non-
subsiding, sediment-starved region that has historically relied upon organic matter 
accretion to keep pace with RSLR. Our results demonstrate that the capacity for marshes 
to accrete via organic accumulation appears limited, indicating that the >36000 ha of salt 
marshes along the Northeast seaboard (Bromberg and Bertness 2005; Warren et al. 2002) 
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may soon be lost to submergence. Fewer salt marshes will reduce storm surge protection 
to coastal communities, a serious threat in light of the flooding that has accompanied 
recent storms.  
During the past 4000 years, North American salt marshes have mostly kept pace 
with RSLR (Redfield 1972), but accelerated rates of global SLR has led to estimated salt 
marsh loss rates of >65% along the Northeast coast of the US (Nicholls et al. 1999). Over 
the past 30 years, this region has experienced rates of RSLR 3-4 times the global average 
(Sallenger et al. 2012), significantly (p=0.02) increasing from 0.26±0.02 cm yr
-1
 (1931-
1983) to 0.41±0.07 cm yr
-1
 (1984 - 2011) (NOAA 2012) (Appendix X, Fig. 1). Moreover, 
the last decade has seen dramatic increases in RSLR, rising to 0.91±0.2 cm yr
-1 
(2000-
2011) (NOAA 2012), likely driven by both climate and meteorological factors(Kolker et 
al. 2009). The response of coastal systems to accelerated RSLR remains uncertain 
(Kolker et al. 2010). Experimental work (Langley et al. 2009), model simulations 
(Kirwan and Mudd 2012) and some field observations (Kolker et al. 2010) indicate that 
salt marshes may keep pace with RSLR due to increased primary production 
accompanying elevated atmospheric CO2 concentrations, and higher sediment availability 
following increased tidal inundation. However, others report that marshes may not be 
keeping up with RSLR as evidenced by shifting vegetation patterns indicative of wetter 
marsh platform (Donnelly and Bertness 2001; Warren and Niering 1993). The limited 
sediment supply in the Northeast (Nixon 1982) and enhanced organic matter 
decomposition due to warmer winter temperatures (Nixon et al. 2009) could restrict the 
ability of marshes to accrete.  
113 
 
 
 
 
Methods  
To address the question of whether salt marsh vertical accretion rates are keeping 
pace with the acceleration of RSLR, we measured accretion rates in five marshes from 
the head to the mouth of Narragansett Bay, USA (Table 1).  To determine if accretion 
rates have changed in recent years we compare our results with historical measurements 
taken 30 years ago (Bricker-Urso et al. 1989).  Additionally, these marshes lie along a 
gradient of anthropogenic nitrogen (N) loading representing the range of N conditions 
found in coastal systems (Appendix X). This allows us indirectly assess how N 
availability impacts accretion rates, which has recently been suggested to cause wetland 
deterioration in New England (Darby Fa 2008; Deegan et al. 2012).   
 Accretion rates were measured in the low marsh zone (characterized by Spartina 
alterniflora) at all sites, and on the high marsh platform at one site (Site 3b, dominated by 
S. patens). Duplicate cores were taken at each site using a half cylinder gouge auger corer 
(except at Site 5 where only one core was taken).  Cores were immediately frozen and 
brought back to the lab for processing and analysis (Appendix X). We used a pure 
germanium gamma spectrometer (Canberra, GCW3023) to measure gamma emissions of 
210
Pb (46.4 keV), 
214
Pb (352 keV, used to measure 
226
Ra), and 
137
Cs (661 keV).  
We first calculated accretion rates using the fission product 
137
Cs, produced 
during atmospheric nuclear weapons testing, which peaked in 1962-1963. We calculated 
137
Cs accretion rates by dividing the depth of the activity peak by 48 years (Turner et al. 
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2002). The clear 
137
Cs peaks (Appendix X, Fig. 4) support the use of the radionuclide 
tracers in dating these cores.  We calculated 
210
Pb accretion rates using the methods 
described by Kolker et al. (2009). We used two models based on ‘excess’ 210Pb (210PbXS) 
activities (Appendix X, Fig. 4) to determine rates – the constant rate of supply model 
(CRS) (Appleby and Oldfield 1978; Mccaffrey and Thomson 1980)  and the constant 
initial concentration model (CIC) (Krishnaswamy et al. 1971). Unlike the CIC model, 
which assumes a constant sedimentation rate over time, the CRS model allows for 
variable sedimentation rates (Appleby and Oldfield 1978; Kolker et al. 2009) making the 
output most applicable to this study. We calculated the fraction of  organic and inorganic 
matter accumulation using the method as described by Bricker et al. (1989).  
 
Results and Discussion 
Accretion rates at Sites 1 and 3 were lower than earlier rates of marsh accretion 
measured at these sites(Bricker-Urso et al. 1989), declining by 27% and 51%, 
respectively, over the last three decades (Table 1). Moreover, except for Site 5, all 
marshes included in this study are accreting slower than the current rate (2000-2011) of 
RSLR (0.91±0.2 cm yr
-1
) (NOAA 2012) (Table 1, Fig. 1). Using the more conservative 
long-term rate of RSLR from the last three decades (0.41±0.07 cm yr
-1
), we find that half 
of the marshes (Sites 1, 3a, 3b) are not keeping pace with RSLR (Fig. 1).  
Marshes with highest percent organic matter (Sites 1, 2, 3) had the lowest 
accretion rates (r=-0.88, p=0.02) (Fig. 1), an unexpected result considering these marshes 
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are known to accrete primarily via organic matter production (Bricker-Urso et al. 1989). 
Contrary to prior observations (Nyman 1993; Turner et al. 2002), accretion rates were 
positively correlated (r=0.95, p=0.004) with bulk density (Fig. 1). This relationship 
indicates that the more mineral-rich marshes, with higher bulk density, are better suited to 
withstand accelerated RSLR. These strong relationships provide simple tools for 
identifying the threshold of organic matter (>41%) and bulk density (<0.28 g cm
-3
) where 
marshes are less resilient to increased RSLR.  
Compared to historical observations (Bricker-Urso et al. 1989), organic matter 
now plays a smaller role in marsh accretion at all sites, declining by 30% on average 
(Table 2). At the marshes located more internal to the estuary (Sites 1-3b), mineral matter 
also accounts for less accretion, declining on average by 44%. Thus, accretion at the most 
organic-rich marshes (Sites 1-3) now depends more on porespace and water compared to 
historical records. The limited sediment supply in the upper estuary results in accretion 
rates predominantly reflecting the net balance between the biological processes of 
decomposition and primary production. Since 1960, winter water temperatures have 
increased 2.2 ˚C in the estuary (Nixon et al. 2009) and, since 1980, regional air 
temperatures have increased 0.25 ˚C decade-1 (Hayhoe et al. 2007). Increased 
temperatures likely spur higher rates of decomposition, which could result in the 
deceleration of accretion via organic production. Additionally, declines in primary 
production, as a result of increased flooding stress could result in insufficient plant 
production (Nyman 1993).  
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Mineral accumulation rates were 1-2 orders of magnitude higher at the mouth of 
the estuary (Table 2, Fig. 2) where sediment supply is more than double that of the upper 
estuary (Oviatt and Nixon 1975). At these sites (4 and 5), which are keeping pace with 
RSLR, organic and mineral accumulation rates were more tightly correlated (Fig. 2), 
highlighting that these marshes use both sediment and organic matter production to 
accrete. Contrary to the behavior of the peaty marshes in the upper estuary, inorganic 
matter accounted for more vertical accretion compared to historical measurements 
(Bricker-Urso et al. 1989) at the exposed sites (e.g. Site 4 experienced an 80% increase 
from 9% to 16% (Table 2)). This could be a result of the higher frequency of storms 
within the past several decades (Fitzgerald et al. 1994), which are increasing 
sedimentation rates at the less protected marshes.  
The nutrient gradient found in Narragansett Bay (Seitzinger et al. 1984) provides 
an opportunity to assess the importance of  N availability as a driver of salt marsh 
accretion. While N enrichment was recently proposed as a mechanism causing New 
England salt marsh decline (Deegan et al. 2012), we found no relationship (R=0.004) 
between N availability and accretion rates in our marshes (Appendix X, Fig. 5). This 
indicates that RSLR may be as, or more, important as N enrichment in dictating the 
survival of the organic-rich marshes in the Northeast.  
Marshes have two methods by which they keep up with RSLR – mineral and 
organic matter accretion. Our results show a departure from historical observations that 
organic matter accumulation accounts for the majority of accretion in this estuary, and 
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points towards a fundamental breakdown in the accretion processes of organic-rich 
marshes typical of the Northeast. In the face of climate change, the >36,000 ha salt 
marshes found along the Northeast US (Bromberg and Bertness 2005; Warren et al. 
2002) face not only above average rising sea levels (Sallenger et al. 2012), but their 
ability to accrete via organic growth appears limited. Potential repercussions of such 
wetland loss include a reduction in N removal capability (Wigand et al. 2004) and flood 
protection (Nicholls et al. 1999), as well as  positive feedbacks to climate change, such as 
a reduction in carbon sequestration (Kirwan and Mudd 2012).  
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Tables 
Table 4. 1 Average accretion rates at five marshes at Narragansett Bay 
Values are average values ± SE.  Historical site location is 2.5 km west of Site 1, and 3.2 
km north of Site 3 but also located on the  Narragansett Bay National Estuarine Research 
Reserve.  *Derived from CRS model. **Derived from CIC model.  
 
  
Accretion rates (cm yr
-1
)  
  
Historical 
1
 This study 
Site Lat/Long 
210
 Pb* 
210
 Pb* 
210
 Pb** R
2**
 
137
 
Cs  
1 
71°20'24.8''W 
41°43'46.8''N 
0.55 ± 
0.06 
0.40 ± 
0.07 
0.49 ± 
0.30 0.75 0.52 
2 
71°26'53.7''W 
41°41'20.7''N na 
0.45 ± 
0.03 
0.55 ± 
0.04 0.92 0.25 
3a 
71°19'40.3''W 
41°37'8.7''N 
0.60 ± 
0.02 
0.29 
±0.04 
0.35 ± 
0.04 0.85 0.31 
3b 
71°19'40.3''W 
41°37'8.7''N 
0.24  ± 
0.02 
0.27 ± 
0.03 
0.27 ± 
0.05 0.92 0.17 
4 
71°22'42.4''W 
41°30'8.1''N 
0.37  ± 
0.02 
0.69 ± 
0.10 
0.51  ± 
0.15 0.52 0.33 
5 
71°35'9.6''W 
41°11'44.7''N na 
1.03 ± 
0.18 
1.16  ± 
1.27 0.07 0.31 
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Table 4. 2 Organic and inorganic accumulation rates 
Values determined by multiplying average accretion rates (cm yr
-1
) by average bulk 
density (g cm
-3
) and by fraction of LOI (organic) and 1-LOI (inorganic). Percent of 
accretion via organic and inorganic determined using exact method described by Bricker 
et al (1989). 
 
 
This Study 
 
Historical
6
 
 
Accumulation  
(g cm
-2
 yr
-1
) Accretion (%) via 
 
Accretion (%) via 
Site Organic  Inorganic  Organic  Inorganic    Organic  Inorganic  
1 0.032 0.120 5.2 12.4 
 
7 15 
2 0.041 0.058 8.2 4.9 
 
na na 
3a 0.029 0.029 8.8 3.8 
 
11 9 
3b 0.022 0.016 7.6 2.4 
 
11 9 
4 0.059 0.286 7.8 16.1 
 
9 9 
5 0.024 1.264 2.1 47.2 
 
na na 
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Figures 
 
Figure 4. 1 Accretion rate as a function of sediment properties  
a) sediment organic content determined by loss-on-ignition (LOI) and b) sediment bulk 
density.  Dashed lines, gray (1984-1999) and black (2000-2011), represent rates of RSLR 
in Narragansett Bay, RI(NOAA 2012). 
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Figure 4. 2 Organic accumulation as a function of mineral sedimentation rate (g cm
-2
 yr
-1
) 
Organic accumulation is more tightly correlated to inorganic accumulation at sites 4 and 
5, the two marshes keeping up with RSLR, highlighting that both sediment and organic 
matter are crucial for marsh accretion. The weaker relationships between the organic and 
inorganic accumulation at the marshes more internal to the estuary (Sites 1-3), highlight 
less organic matter associated with reduced sediment supply. All cores are from the low 
marsh, except Core 3b which was taken from the high marsh platform. 
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Chapter 5: Nitrogen enrichment increases net silica accumulation in a temperate 
salt marsh 
J. C. Carey and R.W. Fulweiler 
 
Abstract  
Two New England salt marshes exposed to different nitrogen (N) availability 
were assessed seasonally for one year, creating the first complete salt marsh silica (Si) 
budgets. Triplicate seasonal measurements were collected for aboveground biomass of 
dominant Spartina species (S. alterniflora Loisel. and S. patens (Aiton) Muhl.), 
belowground vegetation (roots and rhizomes), sediment, and porewater. Measured Si 
values (reported as SiO2) diverged in several respects to that of other wetlands. Biogenic 
Si (BSi) concentrations in S. alterniflora were >1% of dry weight (dry wt), values higher 
than previously reported in a temperate salt marsh. Rhizomes had significantly less BSi 
than roots (0.45% and 1.24% dry wt in the rhizomes and roots, respectively). Roots at the 
high-N marsh had higher BSi concentrations (average 1.44 ± 0.11% dry wt) than reported 
in other wetland plant species. Likewise, sediment amorphous Si (ASi) concentrations 
(>12% ASi) were elevated compared to most other temperate wetlands, although the 
average (4.4 ± 0.5% ASi dry wt) was within the range of other reported values. A clear 
pattern toward more Si accumulation at the N-enriched salt marsh was found in the roots, 
sediment, and porewater, and occasionally in the aboveground vegetation. Unlike other 
aquatic systems, N enrichment does not result in salt marsh Si-limitation, despite the 
presence of Si-accumulating organisms (marsh grasses). Increased soil respiration, 
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sediment availability, and rates of organic matter decomposition are hypothesized to 
cause higher Si accumulation at the high-N marsh. This relationship was most 
pronounced in the summer for S. patens, leading us also to hypothesize that Si 
accumulation in marsh grasses may be related to temperature stress. 
 
Introduction  
Salt marshes are well-known for their ability to provide essential ecosystem 
services, including flood mitigation, fish nursery habitat, and nutrient filtration (De Groot 
et al. 2002). Several elements, such as carbon (C), nitrogen (N), and sulfur have been 
extensively studied in these ecosystems (Nixon and Oviatt 1973; Turner et al. 2009). 
Research has shown that complex biogeochemical transformations alter the forms and 
fluxes of these nutrients (Caffrey et al. 2007; Morris and Bradley 1999), making salt 
marshes ‘hot spots’ of biogeochemical activity. Compared to many of these well-studied 
elements, silica (Si) has gone relatively unexamined in salt marsh ecosystems. However, 
recent work has highlighted that wetlands should also be considered places of dynamic Si 
cycling (Struyf and Conley 2008). 
The ultimate source of Si in the biosphere is the weathering of the lithosphere, 
where Si is the second most abundant element after oxygen. Weathering creates dissolved 
Si (DSi), which is accumulated by organisms, forming biogenic Si (BSi). The best known 
Si accumulators are diatoms, a type of photosynthetic phytoplankton. However, terrestrial 
vegetation, including wetland grasses, also accumulate significant amounts of Si.  In fact, 
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estimates of global Si storage in plants range between 60-180 T mol per year (Conley 
2002), the same order of magnitude as Si fixation by marine diatoms (Tréguer et al. 
1995).  
BSi is stored in plants as ‘phytoliths’, siliceous bodies important for plant 
protection and function (Conley 2002). Si improves overall plant fitness, helping to 
maintain cell structure and overall plant health in many species of plants (Epstein 1994). 
Increased tissue Si content results in more resilient plants, able to better withstand both 
abiotic (e.g., heavy metal toxicity, desiccation, etc.) and biotic stressors (e.g., predation) 
(Epstein 1994; Ma et al. 2001). Plant biomass typically has a BSi dry weight (dry wt) 
ranging from less than 0.1% to 10% or higher, a value in excess of several 
macronutrients, including potassium (K) and nitrogen (N) (Epstein 1994).  
Grasses (Poaceae) and sedges (Cyperaceae) typically have high Si content 
because they can actively accumulate Si within their tissue. Thus, coastal wetlands, often 
dominated by grasses, are considered to be large reservoirs of Si (Struyf and Conley 
2008). Located at the interface of terrestrial and aquatic ecosystems, tidal marshes are 
also recyclers of Si. Recent work has shown that salt marshes may be sink of BSi and a 
source of DSi to the adjacent estuary (Vieillard et al. 2011). The ability of tidal marshes 
to transform Si highlights the dynamic nature of Si salt marsh biogeochemistry at the 
land-sea transition and leads us to further question the mechanisms behind this cycling.  
In view of the recognized ability of Si to rapidly recycle through the biosphere 
(Conley 2002), quantifying Si accumulating within the entire marsh is critical to 
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understanding the stocks of Si within these systems. However, our understanding of 
wetland Si cycling comes from a strikingly small number of studies, the majority of 
which were conducted on freshwater tidal marshes (Jacobs et al. 2008; Struyf et al. 
2005a; 2005b). While several partial budgets exist for salt marshes (Norris and Hackney 
1999; Hou et al. 2010; Querné et al. 2012), none quantify Si in every component of a salt 
marsh budget. 
  The amount of Si available in relation to other macronutrients is important. While 
aquatic systems have witnessed increased fluxes of N and phosphorus (P) as a result of 
human activities (Rockstrom et al. 2009), Si fluxes have not increased to the same 
degree. Although it was recently found that urban watersheds export more Si than their 
forested counterparts (Carey and Fulweiler 2011), the fluxes of N and P to coastal 
systems are still far greater than Si. Furthermore, agricultural lands (Vandevenne et al. 
2011) and river damming (Humborg et al. 2000) have diminished Si fluxes over time. 
Excess N or P in relation to Si has resulted in Si-limiting conditions in several aquatic 
systems, including marine system with elevated N (e.g., Gulf of Mexico (Turner et al. 
1998), Baltic Sea (Humborg et al. 2000)) and freshwater lakes with elevated P (e.g., Lake 
Michigan (Schelske and Stoermer 1971). Such Si-limiting conditions reduce the amount 
of Si available for biological uptake, leading to changes in phytoplankton species 
composition  (Anderson et al. 2002). While Si-limitation has been documented in many 
types of eutrophic aquatic ecosystems, the same relationship has never been explored in 
salt marshes. Similar to most marine phytoplankton, the aboveground production in salt 
marshes is typically limited by N availability (Valiela and Teal 1974). Considering that 
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the majority of salt marsh productivity occurs through Si-accumulating organisms, we 
wanted to determine whether salt marshes exposed to elevated N concentrations also 
experience Si-depletion, as seen in water columns exposed to elevated nutrients.  In light 
of the recognized ability of Si to mitigate abiotic stress in plants, we hypothesize that the 
stress of nutrient enrichment influences Si accumulation in salt marshes.  
No research has studied the relationship between excess N and salt marsh Si 
cycling. Thus, the overall objective of this research was to determine how Si 
accumulation over an annual cycle varies between two salt marshes exposed to different 
levels of N availability. In order to address our objective, we quantified the amount of Si 
in all components of the standing stock of two marshes exposed to different N 
availability. Samples were collected seasonally for one year and the marsh was broken 
down into five budget items, including aboveground biomass, belowground biomass 
(roots and rhizomes), sediment, and porewater.  
 
Methods 
Site description - In order to determine the effect of excess nitrogen (N) on salt 
marsh Si biogeochemistry, we compared Si accumulation in two salt marshes in 
Narragansett Bay, Rhode Island (RI).The ‘high-N’ site is Apponaug Marsh, located in 
Greenwich Bay, an embayment of Narragansett Bay (Fig. 1). Greenwich Bay is exposed 
to elevated N concentrations because it has a highly developed watershed and direct 
wastewater treatment plant discharges. It also displays the typical characteristics of 
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marine waters exposed to elevated N, such as low dissolved oxygen concentrations and 
high macroalgae abundance (Granger et al. 2000). Our 0.08 km
2
 high-N salt marsh has 
been used in numerous studies to represent a marsh exposed to elevated dissolved 
inorganic N (DIN) concentrations (Wigand et al. 2001; 2010). For example, Wigand et al. 
(2001) measured DIN concentrations at this marsh during the summers of 1998 and 1999 
and found concentrations of 96 µmol L
-1 
and 20 µmol L
-1
, respectively. The 1999 values 
correspond well with our average (n=23) measured DIN values in 2010 of 22 µmol L
-1 
and 26 µmol L
-1 
measured in the summer and fall, respectively. Likewise, a 2010 paper 
by Wigand et al. estimates N loading to our nutrient enriched marsh to be >10
6
 kg N km
-2
 
yr
-1
, the highest loadings in a study of 10 marshes throughout Narragansett Bay.  
We compared the high-N Greenwich Bay marsh to our ‘low-N’ site, Nag Marsh, 
located on Prudence Island (Fig. 1). This 0.12 km
2
 low-N marsh is located on the 
National Atmospheric and Oceanographic Association (NOAA) Narragansett Bay 
National Estuarine Research Reserve (NBNERR), a protected island with little 
development in Narragansett Bay proper. Prudence Island experiences lower N loads, as 
it is further from urban areas and more exposed to flushing by lower Narragansett Bay 
waters with low-N concentrations (Fig. 1). Research on Nag Marsh has found high 
species diversity and non-hypoxic dissolved oxygen levels (Meng et al. 2001). Wigand et 
al. (2010) estimate N loadings to a Prudence Island salt marsh to be 200 kg N km
-2
 yr
-1
, 
less than 1% the estimated loadings to the high-N marsh. Furthermore, a 2001 study by 
Wigand et al. measured DIN concentrations in a creek adjacent to our study site to be 4 
µmol L
-1 
and 5 µmol L
-1 
during the summers of 1998 and 1999, respectively. These 
132 
 
 
 
values are similar to the mean DIN measurements at our site of 9 µmol L
-1 
and 10 µmol 
L
-1 
during the summer and fall of 2010, respectively (n=23). Thus, DIN levels at this low-
N site are roughly half that of the high-N site.  
The two marsh sites are comparable in many respects. Located just 12.6 km apart 
(Fig. 1), both sites are dominated by tidal flows rather that incoming river flow. Both 
sites have just one major tidal creek that allows exchange with the estuarine water, and 
similar inundation time and tidal ranges (1.4 m and 1.2 m at the high and low-N sites, 
respectively). Annual average molar N:Si ratios of Narragansett Bay proper between 
2006 and 2010 ranged from 0.29 to 0.70 (Krumholz 2012), demonstrating that 
Narragansett Bay water in general is not Si-limited, defined as water column molar 
concentrations of N:Si > 1 (Brzezinski 1985; Redfield et al. 1963). At both sites the 
predominant grass type is Spartina alterniflora Loisel. (smooth cordgrass) and S. patens 
(Aiton) Muhl. (saltmeadow cordgrass). Each site experiences salinity ranges from 26-30. 
Mean annual temperature is 10.4°C and average annual precipitation is 1260 mm (Pilson 
2008). Narragansett Bay salt marshes are considered sediment-starved, with peaty-
substrate typical of New England (Nixon and Oviatt 1973). The marshes in New England 
are estimated to be 3000 to 4000 years old (Redfield 1965). From the head to the mouth 
of Bay, salt marsh accretion rates are consistently 0.43 ± 0.14 cm yr
-1
 in the low marsh 
and 0.24 ± 0.02 cm yr
-1
 in the high marsh (Bricker-Urso et al. 1989). Therefore, these 
sites serve as a good representation of two extreme nutrient conditions found throughout 
temperate coastal ecosystems.   
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Methods - Porewater was measured using porewater peepers (Templer et al. 
1998), a passive sampling technique where 20-mL scintillation vials are pre-filled with 
deionized (DI) water with a permeable membrane (dialysis tubing) placed over the end to 
allow exchange of ions. The vials were vertically stacked 3 cm apart into a 30-cm long 
polyvinyl chloride (PVC) pipe allowing for high resolution porewater sampling. Three 
peepers were placed vertically into the ground under both grass species, where they 
remained for 2-3 weeks, at which point the peepers were removed and the water was 
filtered and analyzed for DSi. Porewater samples were filtered using a 60-mL 
polypropylene syringe through a 0.45 micron nitrocellulose filter. Samples were stored in 
20-mL polyethylene bottles and kept in a cool dark place until analysis. 
 Above ground vegetation was harvested from three randomly chosen 0.25 m
2
 
plots per sampling event. During the winter, snow was carefully removed from the plots 
immediately (< 30 min) prior to harvesting. Vegetation was cut 2 cm above the sediment 
and put in plastic bags for immediate processing in the lab. Vegetation was washed three 
times with DI water and dried at 70°C for 48 h. Vegetation was subsequently ground 
using a Wiley mill and analyzed for BSi concentrations. 
Belowground biomass and sediment was collected using PVC sediment cores. 
Triplicate cores, each 30-cm long with a 5 cm diameter, were subdivided into four 
sections by depth: top 1 cm, 1-10 cm, 10-20 cm, and 20-30 cm. Core subsections were 
dried at 70°C until constant weight, at which point cores were weighed in order to 
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calculate bulk density of material. Cores were subsequently wet-sieved using a 0.5 mm 
sieve in order to separate the biomass from the sediment. Roots and rhizomes were 
separated in the fall and winter samples. Biomass was then washed 3 times with DI 
water, dried, and weighed before BSi analysis occurred. Sediment was subsequently 
analyzed for amorphous Si (ASi). ASi includes both BSi and pedogenic Si, such as Si 
sorped to oxides (Sauer et al. 2006).  
Summer sediment and aboveground vegetation samples were also analyzed for 
total N content in order to calculate molar N:Si ratios in the marshes. Roughly 2 mg of 
vegetation and 10 mg of sediment were weighed out into tin capsules which were 
subsequently analyzed using Eurovector CN analyzer. During the winter, additional cores 
were collected in order to determine organic content of the sediments (loss-on-ignition 
(LOI)). Cores were sub-divided into 1 cm increments from 0-10 cm depth, and 2 cm from 
10-30 cm depth. Samples were dried 70°C until constant weight, at which point all 
organic matter (roots and rhizomes) were removed by sieve, followed by hand-picking. 
Subsequently, roughly 5 g of sediment was combusted at 450°C for 6 hours in order to 
determine LOI, or the amount of organic matter in the sediments.  
ASi concentrations in sediment and BSi concentrations in vegetation were 
determined using wet alkaline chemical extraction in 1% Na2CO3 solution. Roughly 30 
mg of samples were weighed out (precise to 0.0001 g) and digested in flat-bottomed 
polyethylene bottles. Samples were digested in a hot water shaker bath at 85°C at 100 
revolutions per minute (rpm). Above and belowground vegetation was digested for 4 h. 
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Sediment was digested for 5 h, with sub-samples taken at hours 3 and 4 to allow for a 
mineral silicate correction (Demaster 1981; Sauer et al. 2006). 
In order to gain more understanding of the Si and sediment availability at the 
marshes, tidal creek water was sampled seasonally at both marshes. Winter creek water 
samples were not collected because the tidal creeks were frozen. Water was collected 
every hour over a complete tidal cycle using an ISCO automatic sampler. All samples 
were analyzed for DSi concentrations and total suspended solids (TSS), and summer 
samples were analyzed for ASi concentrations. DSi samples were filtered and stored 
using the same methods as porewater samples. ASi concentrations were determined by 
digesting the polycarbonate filter via the same wet alkaline extraction method as used for 
sediments. Sediment availability was determined by analyzing water samples for TSS by 
filtering 100-250 mL of creek water onto a pre-combusted (400 °C for 4 h) glass fiber 
filters (Whatman GF/F), which were subsequently placed in a drying oven at 60°C until 
dry. 
A Seal AA3 flow injection analyzer was used to colorimetrically determine 
concentrations of DSi from BSi aliquots and water samples using the molybdenum blue 
colorimetric method (Strickland and Parsons 1968). Sodium hexafluorosilicate (Na2SiF6) 
was used as the silicate standard (Strickland and Parsons 1968). Hach external standards, 
used to ensure accuracy, were always within 4% of expected value.  
Samples for all parameters of the marsh budget (porewater, above and below 
ground samples) were collected once each season (four times per year) for one year at 
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both sites. Seasons are defined as spring (March 22-June 21), summer (June 22 – 
September 21), fall (September 22-December 21), and winter (December 22 to March 
21). Values are reported as SiO2 in all cases. Differences between the sites were 
determined using two-sample, two-tailed t-tests (α=0.05).  
 
Results 
Above ground vegetation - Aboveground vegetation (entire stems, including dead) 
of S. alterniflora and S. patens had BSi concentrations ranging from 0.21% to 2.48% and 
0.39% to 2.61% dry wt, respectively throughout the entire year. Concentrations of BSi in 
the grasses were higher at the end of the growing season (winter or fall), and in general, 
lowest in the beginning of the growing season (spring) (Table 1). No consistent trends in 
Si accumulation were observed in the aboveground vegetation between the high and low-
N marshes. However, during the summer S. patens at the high-N site had higher average 
concentrations (0.72 ± 0.11% BSi) compared to the low-N site, which had concentrations 
almost half that (0.40 ± 0.01% BSi) (Table 1).  
The concentrations of BSi during peak biomass found in S. alterniflora (1.14% 
and 0.98% BSi at the high and low-N sites, respectively) was higher than the S. patens 
(0.40% and 0.72% BSi at the high and low-N sites, respectively). This relationship of 
more BSi in the S. alterniflora was significant in the summer (p=0.05 and p=0.01 at the 
high and low-N sites, respectively), and during the fall at the high-N site (p=0.01).  
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Average N content (% by weight) in summer aboveground biomass was similar 
across both marshes and both Spartina species (1.14% ± 0.08). Molar N:Si ratios were 
also similar across sites in the S. alterniflora grasses (5.08 ± 0.27). However, due to 
differences in BSi concentrations, S. patens summer average molar N:Si ratios in high-N 
marsh were almost half that of the low-N site (6.41 vs. 12.24 at the high and low-N marsh 
respectively), demonstrating that per mole of N there was more Si in the S. patens tissue 
at the high-N marsh.     
 
Rhizomes and roots - Rhizomes were separated from roots in the fall and winter 
sample processing. Rhizomes (n=32) had less Si than roots at all depths in all but one 
instance (fall low-N marsh S. alterniflora 20-30 cm depth, Table 2). Excluding the one 
sample that did not follow this pattern, concentrations in the rhizomes were between 1.1 
and 15 times lower (average 3.6) than in the roots. This difference was significant in the 
fall at the low-N marsh for S. patens (p=0.01) and at the high-N marsh for both species 
(p<0.03), as well as during the winter for S. alterniflora (p=0.01) (Table 2). For example, 
averaging fall data from both marshes, the mean concentration of BSi in S. patens 
rhizomes was 0.29%, compared to the average of 1.37% BSi in the roots. No differences 
in rhizome BSi concentrations were observed between the two marshes nor between 
species of Spartina grasses. 
A large amount of Si was measured in roots. Across both marshes, concentrations 
ranged from 0.9% to 4.1% and 0.13% to 4.97% BSi dry wt, in the S. patens and S. 
alterniflora, respectively. These values include both roots and rhizomes for the spring 
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and summer seasons and roots only for the fall and winter seasons. Rhizomes contributed 
to only a small percentage of the mass of belowground vegetation (6%). Because of this 
we found no noticeable differences in seasonal concentrations between those samples that 
combined rhizomes and roots (spring and summer) vs. those that were we examined roots 
and rhizomes separately (fall and winter). 
No seasonal cycle was observed in the belowground biomass. Unlike our 
observations of the aboveground vegetation, concentrations of BSi in roots did not 
increase with plant age. However, at the low-N site, the top 1 cm of roots during the 
spring always had higher BSi concentrations compared to the rest of the year (Table 2).  
No trends in BSi concentration were observed with depth either, except for S. alterniflora 
in the low-N marsh where top 0-1 cm had on average 2.5 times more BSi compared to the 
rest of the core across all seasons.  
There was a general trend toward more Si in the high-N marsh at depths 1-30 cm. 
While this relationship was only significant in the summer in S. patens (p<0.01), the 
trend was observed in both species throughout most of the year in roots 1-30 cm depth. 
For example, averaging the seasonal BSi concentrations by depth for S. patens shows 
more BSi in the roots of the high-N marsh (1.1%) compared to the low-N marsh (0.63%).  
 
Sediment - Concentrations of ASi in the sediment were higher than all other 
portions of the marsh. Throughout the first 30 cm of sediment, concentrations ranged 
from 0.30% to 8.81% ASi dry wt at the low-N marsh and 0.53% to 12.88% dry wt at the 
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high-N marsh. Annual average concentrations of sediment under the S. patens and S. 
alterniflora in both marshes were significantly different (p<0.01), with higher 
concentrations under the S. alterniflora grasses (average 5.46 ± 2.05% ASi) than under 
the S. patens (average 3.39 ± 1.78% ASi). 
Concentrations of ASi in sediment declined with depth in all cases (all seasons, at 
both marshes and under both species, except S. alterniflora at the high-N marsh in 
spring). Except for this one anomalous sample, sediment in the top 0-1 cm had higher 
ASi concentrations than all other depths.  
No seasonal trends were found in the profiles of ASi concentrations of the 
sediments. However, under both species the top 1 cm at the high-N marsh had highest 
ASi concentrations in the winter and lowest in the spring, similar to the trend observed in 
aboveground vegetation.  
Similar to belowground roots, there was a clear trend toward more ASi in the 
high-N marsh. This relationship was found in every layer of the sediment and was 
significant in several seasons under particular species: S. patens sediment during summer, 
S. alterniflora sediment during fall, and sediment of both species during the winter. 
Moreover, this relationship was observed in most seasons, resulting in annual average 
sediment ASi concentrations being significantly higher in the high-N site under both 
species. For example, under S. patens, average ASi concentrations at the high-N site were 
4.2 ± 1.6% ASi compared with at the low-N site, where they were almost half those 
values (2.6 ± 1.6% ASi) (p=0.01). This relationship holds true for sediment under S. 
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alterniflora as well (6.2 ± 2.0% ASi vs. 4.8 ± 1.9% ASi at the high and low-N marshes, 
respectively) (p=0.05).  
Average N content (% by weight) in summer sediment at both marshes under the 
both Spartina species was similar (1.44% ± 0.17). Molar N:Si ratios were also similar 
across sites in the sediment under S. alterniflora grasses (1.07 ± 0.71). However, due to 
differences in BSi concentrations, average molar N:Si ratios in high-N marsh sediments 
under the S. patens grasses were significantly less (p=0.03) than that of the low-N site 
(2.70 vs. 6.31 at the high and low-N marsh respectively).     
 
Porewater - Porewater DSi concentrations ranged from 8 µmol L
-1 
to 309 µmol L
-
1 
throughout the entire year, using values from both sites and species. A strong seasonal 
trend was observed in porewater DSi concentrations, with highest concentrations 
observed during the spring, declining throughout the growing season (Fig. 2). This trend 
was found at both sites, under both species, where concentrations of DSi in the winter 
were significantly (p<0.03) lower than during any other season (except under S. 
alterniflora at low-N site where winter is not significantly less than fall values). Roughly 
half of porewater profiles exhibited increased DSi concentrations with depth, with the 
other half having consistent profiles throughout the length of the core. Only one profile 
showed decreasing concentrations with depth (S. patens low-N marsh in spring) (Fig. 2). 
Similar to what we observed for belowground roots and sediment, DSi 
concentrations in porewater were higher at the high-N site. This difference was 
141 
 
 
 
significant (p<0.01) during the spring under both species, and in the summer in S. patens. 
And while not always statistically significant, the trend was observed throughout most of 
the year. For example, average annual concentrations reveal higher concentrations at the 
high-N site under both species, significantly so under S. patens (average 126 ± 38 µmol 
L
-1 
vs. 82 ± 20 µmol L
-1 
at the high and low-N site, respectively) (p < 0.01). Average 
annual DSi under porewater was also higher at the high-N site under S. alterniflora 
(average 111 ± 30 µmol L
-1 
vs. 96 ± 13 µmol L
-1 
at the high and low-N site respectively).  
 
Mass of Si in a salt marsh - Mass of Si in the marshes was calculated by 
multiplying concentrations of Si (SiO2) by the mass of sample per unit area (of 
aboveground vegetation) and per unit volume (of belowground vegetation and sediment). 
Results are broken down by season for aboveground vegetation (Table 1) and porewater 
(Fig. 2) because of the large seasonal differences observed in those portions of the marsh 
budget. Conversely, the belowground portions of the marsh (roots, rhizomes, and 
sediment) did not demonstrate such seasonality, which allowed us to report one value, not 
broken down by season, for each marsh (Fig. 3). 
The trend toward more Si at the high-N marsh is most notable in the belowground 
profiles of roots and sediment. Both sediment and roots (except for the top one cm of the 
roots) for both Spartina species had higher net Si accumulation at the high-N site. This 
relationship was significant for S. patens (p=0.02 for sediment, p=0.01 for roots) and for 
S. alterniflora (p<0.01 in roots). ASi accumulation in the sediment was 8% to 97% 
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higher at the high-N marsh in all layers of the sediment, significantly so under S. patens 
vegetation (p=0.02). A similar relationship was found in roots (excluding the top one 
cm), where net Si accumulation in the roots was 53% to 95% higher at the high-N site, a 
relationship that was significant under both species (p=0.01 for S. patens and p<0.01 for 
S. alternifora). No trend between the sites was observed in rhizomes (Table 2, Fig. 3).   
 
Creek concentrations - Average DSi concentrations in the creek water were 
11(±3), 11 (±3), and 25 (±5) µmol L
-1 
at the low-N site and 28(±16), 46 (±10), and 36 
(±9) µmol L
-1 
at the high-N site during the spring, summer, and fall tidal cycles, 
respectively. Consequently, the high-N site experienced higher (1.4 - 4.2 times more) DSi 
availability in the creek water compared to the low-N site. Similarly, TSS concentrations 
at the high-N site were always higher than at the low-N site in every season, with an 
average concentration of 12.9 (±3.5) and 5.9 (±0.54) at the high and low-N sites, 
respectively. However, average ASi concentrations were similar between sites in the 
summer (25 µmol L
-1 
and 24 µmol L
-1 
and the high and low-N sites, respectively). Thus, 
at least during the summer, the high-N site experienced increased sediment, but not 
increased ASi, availability in the inundating tidal creek waters. 
 
Sediment properties - Bulk density (mass of material per unit volume) was 
calculated for every core subsection (n=192). Bulk density was significantly higher at the 
high-N site (average 0.20 ± 0.01 g cm
-3
)
 
compared to the low-N site (0.17 ± 0.01 g cm
-3
). 
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This data confirms field observations of more sediment and less belowground biomass 
per unit volume at the high-N site, and is evidence of the altered marsh structure between 
the two marshes. Likewise, the marsh sediments at the high-N site also had significantly 
less (p=0.04) organic matter than the low-N site, with average % organic matter being 
44% and 52% (n=27) at the high and low-N sites, respectively. The higher percent 
inorganic matter found at the high-N site coincides well with sedimentation rates 
measured in several nearby salt marshes in Narragansett Bay. Higher inorganic 
sedimentation rates have been measured at a marsh close to the high-N site, compared to 
a marsh adjacent to our low-N site (0.207 vs. 0.145 g cm
-2
 yr
-1
) (Bricker-Urso et al. 
1989). The opposite pattern was found with organic sediment accumulation, with lower 
rates recorded near our high-N site (0.043 g cm
-2
 yr
-1
) compared to near our low-N site 
(0.073 g cm
-2
 yr
-1
) (Bricker-Urso et al. 1989). 
 
Discussion 
Aboveground vegetation – A wide range of Si concentrations have been found in 
Spartina grasses. Our average Si concentrations of S. alterniflora are higher than other 
studies conducted in temperate salt marshes. Using values from both sites, our average 
summer BSi concentration of S. alterniflora was 1.06 ± 0.08% BSi dry wt (n=6), which is 
higher than several other reported values (e.g., 0.52% BSi April-September average 
(Norris and Hackney 1999), 0.67% to 0.80% BSi (Hou et al. 2010) and 0.78% BSi 
(Querné et al. 2012). However, a study of S. alterniflora in a Mississippi River salt marsh 
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(Lanning and Eleuterius 1983) report an even higher value than what we found (2.28% in 
October compared to our value of 1.61% BSi in October (average both sites). The 
relatively high BSi concentrations found in the shoots of the S. alterniflora grasses in our 
marshes is not due to increased DSi availability in the porewaters, as DSi concentrations 
in the porewater of our study sites are often lower than that of other studies (discussed 
further below). This is important, as it is an indication of more active Si accumulation 
than is initially apparent from the BSi tissue concentrations alone. It appears Si 
accumulation in S. alterniflora varies across salt marshes, possibly depending on 
environmental factors, such as stressors or Si availability.   
The only known study to measure Si content of S. patens found values higher than 
ours, measuring summer concentrations of 0.89% compared to our value of 0.56% BSi 
(Lanning and Eleuterius 1983). Fall values from the same study were also higher than 
observations (2.19% vs. 0.85% BSi).  
Similar to our results, several other studies report increasing BSi concentrations in 
the tissue of plants as the season progresses (Norris and Hackney 1999; Struyf et al. 
2005b; Querné et al. 2012). For example, three wetland plants species in a tidal 
freshwater marsh had increasing Si accumulation throughout the growing season 
(Pragmites australis, Epilobium hirsutum, and Urtica dioica) (Struyf et al. 2005b). This 
phenomenon of increasing concentration with age is due to BSi accumulation at 
transpiration termini and the inability to translocate once precipitated in plant tissue 
(Epstein 1994).  
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Despite higher N availability at the high-N marsh we did not observe more 
organic matter in the form of grass biomass production in the high-N site (Table 1). 
While in several months aboveground production of grasses was higher at the high-N site 
(S. patens in summer and fall and S. alterniflora in the fall), this was not statistically 
significant, nor a consistent, trend.   
  
Roots and rhizomes - To our knowledge, no published values for roots of S. 
patens exist, but two studies (Hou et al. 2010; Querné et al. 2012) have measured BSi 
accumulation in roots of S. alterniflora. Querné et al. (2012) found root S. alterniflora 
BSi concentrations of 0.27% BSi dry wt, a value lower than our average value during the 
same period (spring) (average 0.77% BSi at depths 1-30 cm). Similarly, Hou et al. (2010) 
also recorded springtime root BSi concentrations lower than our values (~0.4%). While 
no other studies of salt marsh vegetation measure root BSi concentrations, a study of five 
herbaceous wetland species in a tidal freshwater marsh found belowground 
concentrations of BSi to range between 0.22% to 1.09% BSi (Struyf et al. 2005b), values 
that closely match the values found in the low-N Spartina species (Table 2). However, 
BSi concentrations in the roots of our high-N marsh (Table 2) were in excess of 
concentrations found in other wetland plant roots.  
Further, while our study is the first to quantify BSi accumulation in rhizomes of S. 
alterniflora and S. patens, the tiny amounts we observe differed from the results of the 
only known study to report BSi content of rhizomes in a wetland plant. Struyf et al. 
(2005b) in a study of P. australis rhizomes found higher BSi accumulation in rhizomes 
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(3.26% BSi) compared to the roots (~0.65% BSi) opposite the relationship we observe. 
Perhaps this discrepancy in behavior is explained by the ability of P. australis to out-
compete other salt marsh plants (Bertness et al. 2002), as more Si within the rhizomes 
may provide a competitive advantage for P. australis.  
 
Elevated ASi concentrations found in sediment - Similar to aboveground 
vegetation and roots, the concentrations of ASi in sediment at both marshes were higher 
than expected, with concentrations reaching 12.88% ASi by weight. Concentrations over 
10% ASi were observed in every season in the sediment of the S. alterniflora cores at the 
high-N marsh. Such high concentrations have rarely been observed in wetlands of any 
type. Concentrations greater than our measurements have only been found in one other 
wetland (a freshwater boreal wetland), where ASi concentrations of 24% dry wt were 
measured (Struyf et al. 2010). While similar concentrations were recorded in a Georgia 
salt marsh (12.8% ASi dry wt) (Chen and Windom 1997), all other measured salt marsh 
sediment ASi concentrations are an order of magnitude lower than our measurements. 
For example, Norris and Hackney (1999) recorded average ASi concentrations in a North 
Carolina salt marsh of 1.0% BSi dry wt, and Hou et al. (2010) observed maximum ASi 
sediment concentrations in a Yangtze River salt marsh of 2.2% ASi dry wt The 
differences in ASi characteristics between the wetlands are likely due to the disparate 
nature of salt marshes, such as sediment availability, bulk density, salinity, and tidal 
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amplitude, all which influence Si biogeochemistry. Our results demonstrate the variable 
nature of Si accumulation in similar wetland types (i.e., salt marshes).   
The higher concentrations of ASi in the top portion of the sediment compared 
with sediment at depth was expected, as this has been observed in other studies of 
wetland sediment ASi (Hou et al. 2010; Jacobs unpubl.; Struyf et al. 2010). Increased ASi 
concentrations in the top portion of the sediment can be attributed to several reasons. 
First, diatom deposition or growth on the sediment surface (Colman and Bratton 2003; 
Jacobs unpubl.) could lead to higher concentrations in the upper layer of the sediment. 
For example, S. Jacobs (unpubl.) found highest ASi concentrations (3.0% by weight) in 
the surface layers of unvegetated freshwater tidal marsh sediments, which could only be 
attributable to benthic diatom growth. In addition to benthic diatoms, elevated ASi 
concentrations in the surface sediment layers can be a result of import and deposition of 
ASi-rich sediment from tidal creek waters that becomes easily trapped by grasses on the 
marsh surface (Jacobs et al. 2008; Vieillard et al. 2011). Additionally, the large pool of 
BSi in the aboveground vegetation is another source of Si to marsh sediments, as grasses 
are rapidly remineralized upon senescence (Struyf et al. 2010). Finally, the elevated ASi 
concentrations in the surface layers could be a function of ‘nutrient uplift’, where plant 
uptake of nutrients from deeper layers is relocated to the upper surface layers through 
plant incorporation (Jabbagy and Jackson 2004). Besides the aforementioned sources of 
ASi to the sediments, once incorporated into the marsh Si can be rapidly transformed 
through a variety of processes, including ASi remineralization, DSi adsorption on iron 
and aluminum hydroxides, and ASi precipitation upon DSi super-saturation (~2mmol L
-1
) 
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(Sauer et al. 2006). In sum, our observed pattern of declining ASi concentrations with 
depth is likely a result of a combination of several factors, including nutrient uplift, a 
surface source of ASi, and the decomposition of ASi in deeper sediments . 
In addition, unlike most other portions of the marsh, distinct differences in 
sediment under different grass species were found, with significantly higher 
concentrations found in sediments under the S. alterniflora. This result was not 
surprising, considering that the aboveground portion of S. alterniflora accumulates more 
Si than the S. patens and ASi is known to be rapidly recycled between above and 
belowground components.  
 
An average porewater profile - This is the first study to quantify such high 
resolution porewater profiles of DSi in a wetland of any kind (every 3 cm to a depth of 30 
cm). A wide range of DSi concentrations have been found in salt marshes. Contrary to 
our observations of sediment, average DSi concentrations (104 µmol L
-1
) in our 
porewater profiles are lower than those of several other salt marshes on east coast of US. 
For example, a study of a South Carolina salt marsh found average DSi concentrations of 
519 µmol L
-1 
(Gardner 1975) and Norris and Hackney (1999) found average DSi 
concentrations of 295 µmol L
-1
. Nevertheless, a salt marsh in the Bay of Brest (France) 
had similar DSi concentrations as our study site (Querné et al. 2012). 
Our observations of increasing DSi concentrations with depth are common 
(Gardner 1975; Norris and Hackney 1999; Querné et al. 2012). This could be due to a 
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combination of several factors, such as diffusion of Si rich porewater from deep sediment 
(Gardner 1975), infiltration of relatively dilute surface water at high tides, or uptake of 
DSi by plants, which occurs primarily in the top 20 cm of the sediment (root zone) 
(Morris and Bradley 1999). Furthermore, profiles of sediment ASi concentrations 
displayed the opposite trend from porewater, with decreasing ASi concentration with 
depth, indicating that internal recycling of ASi plays a large part in the shape of the 
profiles of both sediment and porewater. 
Our findings of a high degree of seasonality of DSi in the porewater correspond to 
results of other studies (Norris and Hackney 1999; Querné et al. 2012). In particular, the 
lower concentrations at the end of the growing season were also observed by Struyf et al. 
(2005b), who observed lowest concentrations during the winter months. The lower DSi 
concentrations we observed in the porewater during the winter months (at all sites under 
both Spartina species) corresponded to the period when generally the highest BSi 
concentrations were observed in the aboveground vegetation. The lower porewater 
concentrations during the winter are likely due in part to the increased Si sequestered in 
the aboveground vegetation. Accordingly, at the culmination of the growing season more 
ASi is bound in the aboveground reservoirs, less DSi is dissolved in porewater. In 
addition, lower DSi concentrations in the winter could be a result of slower weathering 
rates at lower temperatures (White et al. 1999).  
The inverse relationships found between DSi availability in the porewaters and Si 
accumulation in aboveground vegetation is likely due to the dynamic recycling ability of 
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the marsh. BSi is highly soluble and marshes have been shown to be efficient recyclers of 
Si, converting BSi to DSi (Struyf et al. 2005a; Jacobs et al. 2008; Vieillard et al. 2011).  
 
Higher net Si accumulation in N-enriched salt marsh - A direct relationship 
between N availability and Si accumulation was observed throughout the entire sampling 
period in several portions of the marsh budget (sediment, roots, porewater) under both 
Spartina species. For example, under S. patens, the high-N marsh has significantly higher 
average annual DSi concentrations in the porewater (p=0.00), and mass SiO2 per unit 
volume in the belowground biomass (p=0.01, ignoring top 1 cm of roots), and sediment 
(p=0.02). This same relationship holds true for S. alterniflora (Fig. 3) where annual 
average mass of ASi per unit volume in the sediment under S. alterniflora was between 
8% and 80% (average 30%) greater than at the low-N marsh.  
The N:Si ratios also show the same trend, as molar N:Si ratios in both the 
aboveground vegetation and the sediments of the S. patens at the high-N marsh exhibit 
drastically lower values compared to the low-N marsh. Thus, at the high-N marsh more 
Si is available per mole of N.  This is an unusual pattern, as often in coastal systems 
higher N loadings stimulate diatom production, depleting the water column reserves of 
Si. We find the opposite trend in the sediments, the medium from which plants take up 
nutrients.  
 The higher net Si accumulation in the high-N marsh is likely due to several 
reasons, including increased weathering and organic matter decomposition rates, higher 
151 
 
 
 
sediment availability, and increased abiotic stressors. A study of seven Narragansett Bay 
salt marshes showed a significant positive relationship between increasing N loads and 
soil respiration rates (Wigand et al. 2009). In fact, increased soil respiration is found to be 
associated with N loadings in other salt marsh systems, not only Narragansett Bay 
(Morris and Bradley 1999). Increased microbial respiration would increase CO2 
concentrations in the soils, potentially enhancing weathering rates and DSi availability in 
the marsh.  
Further, our high-N site experiences increased sediment availability, demonstrated 
by the elevated TSS concentrations in the tidal creek water and the higher bulk density. 
Increased bulk density is a product of less belowground biomass allocation, a 
characteristic typical of nutrient enriched salt marshes (Turner et al. 2009; Valiela et al. 
1976). Higher bulk density results in more sediment available per unit volume and a 
lower marsh platform. A lower marsh platform allows for wetter soils and higher 
weathering rates which may also increase DSi availability. Consequently, not only are 
weathering rates likely higher at the high-N site, but the amount of sediment available for 
weathering is higher as well.   
 Rates of organic matter remineralization will also be greater at the high-N site due 
to both increased microbial activity (Caffrey et al. 2007) and potentially larger amounts 
of labile organic matter. Higher rates of biomass decomposition will increase the turnover 
and availability of Si, providing a positive feedback of Si at the high-N marsh. 
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Abiotic stressors and Si accumulation - Plant response to abiotic stressors with 
regard to Si accumulation is mixed. In the agricultural crop sciences, Si amendments 
have been shown to ameliorate the effects of heavy metal toxicity and dramatically 
improve overall plant growth and resilience (Epstein 1994; Ma et al. 2001). A recent 
study on Si accumulation of macrophytes found BSi accumulation in plants is heightened 
by hydrodynamic stress (Schoelynck et al. 2012), indicating that plants have the ability to 
accumulate more Si when exposed to abiotic stressors. However, another recent study of 
abiotic stressors (salinity, inundation, and wave action) on S. alterniflora found no 
relationship between stress and BSi accumulation in the plant (Querné et al. 2012).  
Extreme high temperatures and desiccation were the most apparent abiotic 
stressors affecting our sites during the study period. The summer of 2010 was the hottest 
on record in New England (Blue Hill Meteorological Observatory - www.bluehill.org). In 
addition to warmer than average temperatures, there were more extreme heating days, 
with 19 days over 30°C, more than triple the amount from 2009 (NOAA National 
Climatic Data Center - www7.ncdc.noaa.gov/CDO/cdo). Elevated temperatures, 
particularly those that last the duration of the night, increase plant respiration, depleting 
the plant of necessary reserves (White 1973). In addition to extreme heat, the marshes 
experienced below-average rainfall during the summer of 2010 (NOAA National 
Climatic Data Center - www7.ncdc.noaa.gov/CDO/cdo). In fact, during August and 
September, rainfall was 61 mm month
-1
, roughly 40% less than the l0-yr average (85 mm 
and 112 mm month
-1 
in August and September, respectively).  
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We hypothesize that the combined stressors of low rainfall and high temperatures 
lead to higher Si accumulation at the already-stressed high-N site, which was most 
apparent during the summer months in the S. patens species. This relationship was 
observed in every portion of the S. patens marsh budget. Concentrations of BSi in 
aboveground vegetation was higher in the high-N marsh (average 0.72 vs. 0.40% BSi in 
the high and low-N marsh, respectively). Not only were concentrations of BSi higher, but 
net Si accumulation was also higher in the aboveground vegetation (4.61 ± 0.43 g vs. 
1.75 ± 0.43 g SiO2 m
-2
) at the high and low-N site, respectively. Likewise, in the 
belowground biomass, average BSi concentrations throughout the first 30 cm of the roots 
were significantly higher at the high-N site (p<0.01) (1.39% vs. 0.43%). Similarly, 
sediment accumulation was significantly (p=0.02) higher at the high-N site as well (3.64 
vs. 1.97% ASi). Finally, a similar trend was observed in porewater, which had 
significantly (p<0.01) higher concentrations at the high-N site (134 µmol L
-1
 vs. 63 µmol 
L
-1
). The lack of the same trend in the S. alterniflora plant is likely due to the location of 
S. alterniflora in the low marsh zone, where it is exposed to inundating water twice a day 
during high tide. This contrasts the location of S. patens which only receives tidal 
inundation during spring tides. These varied responses of plants to abiotic stressors found 
in the literature make drawing conclusions difficult, but our analysis highlights that 
temperature and drought stress may play roles in wetland plant Si cycling. The effects of 
projected climate change may only increase such abiotic stressors.  
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Si availability in water column - The high-N marsh exhibited between 1.4 and 4 
times higher DSi concentrations in the tidal creeks during the fall, summer, and spring 
months. While it is possible the high concentrations of DSi in the tidal creek are fueling 
the higher Si accumulation at the high-N site, all known flux studies have shown tidal 
wetlands, both freshwater and salt marsh, to export DSi to the adjacent estuary (Struyf et 
al. 2005a; Jacobs et al. 2008; Vieillard et al. 2011). The overwhelming evidence that 
wetlands are sources of DSi to the adjacent water body suggests that the higher Si 
accumulation in the high-N marsh is not sourced from the creek water. Rather, we 
hypothesize that the increased DSi concentrations in the high-N creek water is facilitated 
by the increased Si availability in the marsh itself. Clearly the role of the tidal creeks in 
supplying Si to the marsh deserves further investigation, considering the close proximity 
of the high-N marsh to possible sources of Si, such as urban areas (Carey and Fulweiler 
2011) and waste water treatment plants (Clark et al. 1992; Sferratore et al. 2006).  
 Both freshwater lakes and coastal marine systems have shown increased P and/or 
N to deplete water column reserves of Si (Conley et al. 1993; Humborg et al. 2000). 
Conversely, it appears that the opposite relationship occurs in salt marshes. Rather than N 
enrichment leading to Si-depletion, we find increased N availability to be associated with 
more Si availability. Future work should confirm if our observed relationship holds true 
at other salt marsh sites with different N availability. Salt marshes are hot spots of Si 
cycling, and thus, understanding the controls on such dynamic biogeochemistry is a 
crucial next step in coastal ecosystem management.  
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Table 5. 1 Average  BSi concentrations and overall biomass production of in 
aboveground vegetation  
Values are average ± standard error. Concentrations are % SiO2 by dry wt. for all seasons 
at both sites. In general, concentrations increase throughout the growing season, being 
highest in the fall or winter. 
  
Spring  Summer Fall Winter 
Low-N marsh 
     
  
Spartina patens 
BSi concentrations  
(%SiO
2
 dry wt) Avg. 0.61 0.40 1.05 0.57 
 
SE 0.22 0.01 0.52 0.10 
Biomass (g m
-2
) Avg. 174.4 433.2 483.5 372.6 
 
SE 56.6 99.8 87.6 121.1 
g SiO
2
 m
-2
 Avg. 1.06 1.75 5.08 2.13 
 
SE 0.12 0.01 0.46 0.12 
      
  
S. alterniflora 
BSi concentrations  
(%SiO
2
 dry wt) Avg. 0.99 0.98 1.42 1.81 
 
SE 0.15 0.07 0.29 0.42 
Biomass (g m
-2
) Avg. 211.6 651.9 390.3 288.9 
 
SE 120.4 61.0 172.8 110.4 
g SiO
2
 m
-2
 Avg. 2.10 6.38 5.56 5.23 
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SE 0.18 0.04 0.49 0.46 
           
High-N marsh 
     
  
S. patens 
BSi concentrations  
(%SiO
2
 dry wt) Avg. 0.66 0.72 0.64 1.45 
 
SE 0.22 0.11 0.04 0.58 
Biomass (g m
-2
) Avg. 155.1 655.7 507.3 251.7 
 
SE 99.4 68.1 112.7 99.5 
g SiO
2
 m
-2
 Avg. 1.02 4.74 3.25 3.65 
 
SE 0.22 0.08 0.04 0.58 
      
  
S. alterniflora 
BSi concentrations  
(%SiO
2
 dry wt) Avg. 0.40 1.14 1.79 1.02 
 
SE 0.01 0.10 0.16 0.14 
Biomass (g m
-2
) Avg. 116.6 378.8 590.9 197.0 
 
SE 35.6 56.4 35.1 32.1 
g SiO
2
 m
-2
 Avg. 0.47 4.31 10.59 2.01 
 
SE 0.00 0.05 0.06 0.04 
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Table 5. 2 Average ASi concentrations in belowground portions of marsh 
Concentrations are % SiO2 by dry wt. Rhz indicates rhizomes. Values are averaged 
seasonally at all depths at both sites. Values are averages of triplicate field measurements. 
Sediment has the higher concentrations of ASi compared to roots and rhizomes, and 
higher concentrations in general compared to most wetland types.  
 
   
Spring Summer Fall Winter 
 
Spring Summer Fall Winter 
S. patens                    
Depth (cm) 
 
Low-N marsh 
 
High-N marsh 
0-1 
 
sediment 6.49 2.51 4.25 4.62 
 
5.11 5.50 6.51 7.36 
1-10 
  
4.03 2.48 3.32 2.23 
 
3.50 5.34 5.13 4.19 
10-20 
  
1.72 1.63 3.29 0.85 
 
1.84 2.68 3.16 3.02 
20-30 
  
0.56 1.27 1.87 0.94 
 
3.80 1.05 3.74 4.46 
            0-1 
 
roots 3.11 0.51 0.64 0.86 
 
1.63 1.30 0.90 1.19 
1-10 
  
0.80 0.41 1.00 0.57 
 
1.45 1.39 1.39 0.58 
10-20 
  
0.48 0.34 1.34 0.42 
 
0.71 1.55 0.81 0.70 
20-30 
  
0.60 0.46 0.82 0.33 
 
0.85 1.31 1.90 0.59 
            0-1 
 
Rhz na na 0.34 0.68 
 
na na 0.19 0.58 
1-10 
  
na na 0.16 0.16 
 
na na 0.24 0.52 
10-20 
  
na na 0.15 0.21 
 
na na 0.29 0.33 
20-30 
  
na na 0.34 0.21 
 
na na 0.63 0.50 
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S. 
alterniflora                     
            0-1 
 
sediment 7.31 8.38 6.99 7.45 
 
3.65 8.96 9.58 10.27 
1-10 
  
3.17 4.43 3.43 5.92 
 
5.65 3.59 5.87 7.55 
10-20 
  
4.48 4.36 3.47 4.23 
 
5.34 5.66 6.23 5.63 
20-30 
  
1.24 4.06 3.16 4.10 
 
5.72 5.63 4.04 5.31 
            0-1 
 
roots 3.54 2.32 2.36 1.79 
 
1.48 1.54 2.12 1.31 
1-10 
  
1.02 1.46 0.73 0.88 
 
1.56 1.13 2.03 0.81 
10-20 
  
0.67 1.46 1.59 0.53 
 
1.39 0.68 3.84 1.73 
20-30 
  
0.60 0.96 1.65 0.32 
 
1.72 1.34 2.37 1.65 
            0-1 
 
Rhz na na 0.61 na 
 
na na 0.14 0.55 
1-10 
  
na na 0.30 0.21 
 
na na 0.59 0.24 
10-20 
  
na na 0.31 0.18 
 
na na 0.55 0.31 
20-30 
  
na na 2.14 0.24 
 
na na 1.10 0.79 
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Figures 
 
Figure 5. 1 Map of marsh sites located in Narragansett Bay, Rhode Island 
The high-nitrogen (N) marsh is located in Greenwich Bay downstream of developed area, 
while the low-N marsh site is located on the Narragansett Bay National Estuarine 
Research Reserve (NBNERR).  
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Figure 5. 2 Seasonal profiles of dissolved silica (DSi) concentrations in porewater  
DSi at the high-N site was significantly higher (p<0.01) than the low-N site in the spring 
(both species) and summer (Spartina patens). A trend toward lowest concentrations 
during the winter and highest concentrations during the spring was observed in every 
profile.  
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Figure 5. 3 Annual average mass of ASi per volume  in belowground portions of marsh. 
The high-N site had significantly (p<0.05) greater Si accumulation in the sediment of S. 
patens and the roots (excluding top one cm of roots) of both species. No differences 
between sites were found in the rhizomes.  
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Chapter 6: Challenging the paradigm of active Si accumulation by wetland grasses - 
a close inspection on the controls of Spartina behavior in salt marshes around the 
world 
 
J. C. Carey and R.W. Fulweiler 
 
Abstract  
Tidal marshes are large reservoirs of silicon (Si) in coastal environments, due in part to 
the ability of wetland grasses to accumulate Si within its tissues. However, the controls 
on Si accumulation in wetland grasses are poorly understood. Here we examine the role 
of productivity, and Si availability in sediment and porewater in controlling Si 
accumulation in Spartina, one of the dominant grasses found in salt marshes worldwide. 
We find productivity to be regionally-specific in driving Si accumulation, and those 
variations likely being due to variable amounts of Si present in sediments and porewater. 
We develop a conceptual model that describes the ability of porewater Si concentrations 
to control plant Si accumulation, which we find is dependent on the mode of Si uptake. 
We present evidence of active, passive and rejector-type accumulation in Spartina, and 
hypothesize that marsh condition and phenotypic plasticity determines the mode of Si 
accumulation in these wetland grasses. 
 
Introduction 
In terrestrial ecosystems, silicon (Si) is classified as a ‘quasi-essential’ nutrient 
(Epstein 2009) due to its ability to protect plants from a variety of stressors, including 
desiccation, heavy metal toxicity, and predation (Epstein 1994; Hodson and Evans 1995). 
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Through their roots, plants take up dissolved silicate (DSi) (SiO2) from the porewater, or 
soil solution, and transport it through the transpiration stream via the xylem.  As water 
leaves the plant, Si becomes concentrated at transpiration termini and is stored as 
biogenic Si (BSi). The concentration of BSi in plants ranges from <0.1 to >10% by 
weight (by wt.), the largest range of any element found in plants (Epstein 1994). Si is 
often found in higher quantities than other macronutrients, such as nitrogen (N) and 
potassium (K) (Epstein 1994).  
While all vegetation contains some Si, grasses (Poaceae) and sedges (Cyperaceae) 
typically accumulate the most (Jones and Handreck 1967; Ma and Takahashi 2002; 
Raven 1983). Ecosystems dominated by these types of vegetation, such as tidal marshes, 
are large reservoirs of Si (Carey and Fulweiler 2013; Struyf et al. 2005b).  Tidal marshes 
play an important role in regulating the amount of Si exported to adjacent estuarine 
waters (Jacobs et al. 2008; Struyf et al. 2005a; Vieillard et al. 2011), which has important 
consequences for marine trophic structure (Officer and Ryther 1980). Diatoms, the most 
dominant type of phytoplankton in temperate coastal waters, require as much Si as N on a 
molar basis to survive (Redfield et al. 1963). Besides regulating Si exchange, wetland 
ecosystems also rapidly recycle Si within and between marsh reservoirs (e.g., biomass, 
sediment, porewater) (Carey and Fulweiler 2013; Struyf et al. 2005b). In addition to Si 
existing in biomass, large quantities of amorphous Si (ASi), which includes both BSi and 
pedogenic Si, are also found in wetland sediment (Struyf et al. 2010). The tight coupling 
between portions of the wetland budget results in numerous potential controls on BSi 
accumulation in plants. Because plant BSi can be two orders of magnitude more soluble 
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than mineral silicates (Cornelis et al. 2010), understanding how marsh grasses sequester 
Si, and the controls on such accumulation is an important step for understanding Si 
exchange at the land-sea interface. However, the controls on Si accumulation in wetlands 
are currently not well understood. 
One potential control on Si accumulation includes primary productivity, or 
growth rates of plants (Querné et al. 2012). Numerous studies have shown BSi 
concentrations in plants to increase as a function of plant age or growth rates (Epstein 
1994; Struyf et al. 2005b). However, uncertainties remain regarding the controls on, and 
the method by which, BSi accumulation occurs in Spartina.  For example, while 
increasing BSi content with growth has been observed in  numerous Spartina species 
(e.g., S. alterniflora (Norris and Hackney 1999; Querné et al. 2012); S. angelica (De 
Bakker et al. 1999); S. patens (Carey and Fulweiler 2013)),  and three species of 
freshwater marsh plants (Struyf et al. 2005b), others (Hou et al. (2010)) have found no 
increase in S. alterniflora BSi concentrations over the growing season.  
Further inconsistencies persist with the role of porewater in controlling plant BSi 
accumulation. The uptake of Si by plants is typically categorized by the mode of Si 
accumulation (Raven 1983; Ma et al. 2001), with three possible modes of uptake: 1) 
active accumulation, where plants take up more Si than they would through water uptake 
alone, 2) passive accumulation, where plants have similar Si and water uptake rates, and 
3) rejective or excluder accumulation, where Si uptake is slower than water (Ma et al. 
2001; Takahashi et al. 1990).  In other words, the ratio of Si to water uptake dictates the 
mode of Si accumulation (Jones and Handreck 1967; Raven 1983). Most literature on Si 
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uptake by plants classifies wetland grasses (Poaceae or Gramineae) as being active 
accumulators (Jones and Handreck 1967; Raven 1983). However, the existing literature 
on the salt marsh grasses does not support this statement, as several salt marsh grass 
species have been found to be passive accumulators (Hou et al. 2010; Querné et al. 2012) 
and possibly even rejector plants (De Bakker et al. 1999).  
Inconsistent Si behavior by Spartina could be due to several factors. First, salt 
marshes are highly variable environments that experience daily fluctuations in hydric 
conditions, along with nutrient and oxygen availability. Additionally, they are impacted 
by numerous stressors, such as upstream land use change, sea level rise, and coastal 
nutrient enrichment (Kennish 2001), and plants have shown to respond to environmental 
stress by altering Si biogeochemistry accordingly (Schoelynck et al. 2012).  Furthermore, 
while S. alterniflora is native along the Atlantic and Gulf coasts of North America it is 
considered invasive along the Pacific coast of North America, Europe and Asia. 
Similarly, S. angelica is invasive in Western Europe. Invasive species, particularly S. 
alterniflora, has been shown to exhibit higher phenotypic plasticity than the native plants 
(Zhao et al. 2010). Phenotypic plasticity refers to the ability of plants to change their 
observable traits in response to environmental conditions (Davidson et al. 2011; 
Schlichting 1986).We examine whether variable site-specific conditions results in 
phenotypic plasticity Si accumulation, explaining the observed inconsistencies in 
Spartina-Si behavior in salt marshes.  
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The over-arching objective of this study was to determine the drivers of BSi 
accumulation in Spartina, a genus of prolific salt marsh grasses found worldwide. We 
used original data, as well as published literature values to quantify the role of 
productivity, sediment ASi availability, and porewater DSi availability in controlling BSi 
accumulation in Spartina. We then develop a conceptual model which describes the 
mode of Si uptake in Spartina across a range of conditions that depend on phenotypic 
plasticity of invasive plants and marsh condition.  
 
Materials and Methods 
Site Description 
We collected samples for Si accumulation at the height of growing season 
(spring) and during peak biomass (summer) in five marshes in New England, USA:  a salt 
marsh in northern Maine in 2010 (Site 2) and four Rhode Island (RI) salt marshes in 2011 
(Sites 1, 3-5) (Fig. 1, Table 1). The most northern marsh (Site 2) is a relatively 
undisturbed salt marsh, located adjacent to Acadia National Park, draining an 
undeveloped watershed, and flushed with dilute ocean water. The RI marshes cover a 
range of anthropogenic nutrient loadings and salinities. Three of the marshes (Site 1, 3,4) 
spanned the length of Narragansett Bay, from high to low nutrient inputs (DSi, N, 
phosphorus (P)) (Fig. 1, Table 1). For clarity, a previous paper referred to Site 3 as the 
‘low nutrient’ marsh located on the Narragansett Bay National Estuarine Research 
Reserve (Carey and Fulweiler 2013). Site 5 is located 21 km south of the coast of RI, on a 
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relatively undisturbed island (Block Island) exposed to low-nutrient ocean water. None of 
these marshes experience Si limitation, defined as N:S molar ratios of >1 (Table 1).   
 
Methods 
We measured Si accumulation in the aboveground vegetation, sediment, and 
porewater from the S. alterniflora zone of the marsh. In two cases, Site 2 and 3, we also 
collected samples from the S. patens zone. In addition, we analyzed BSi concentrations in 
the roots and rhizomes of the four RI marshes.   
We harvested above ground vegetation, cut 2 cm above the sediment, from three 
randomly chosen 0.25 m
2
 plots per sampling event. We then washed the vegetation 
thoroughly with deionized water and dried it at 70°C for 48 hrs before it was ground 
using a Wiley mill. We collected belowground sediment, roots and rhizomes samples, 
using PVC sediment cores (30 cm long, 5 cm diameter). We divided our cores into four 
sections – the top cm, depths 1-10 cm, 10-20 cm, and 20-30 cm. Each core section was 
then dried at 70°C to constant weight. We then calculated bulk density by weighing each 
core. Finally, these cores were wet-sieved (0.5 mm sieve) to isolate roots and rhizomes, 
which were subsequently washed, dried, weighed, and analyzed for BSi concentrations. 
Porewater samples were collected in triplicate in all cases, except for Site 2, using  
porewater peepers (Carey and Fulweiler 2013). We deployed peepers in the marsh for 1-3 
weeks. After this time the peepers were collected, and porewater was removed, filtered, 
and analyzed for DSi. In 2011, we also measured salinity and pH in all of the porewater 
samples. 
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 We quantified sediment ASi and biomass BSi concentrations using the wet 
chemical alkaline extraction in 1% Na2CO3 solution (Demaster 1981). Biomass was 
digested for four hours and sediment for five hours, with sub-samples taken at hours 3 
and 4 in order to calculate a mineral correction (Conley and Schelske 2002; Demaster 
1981). We use a Seal AA3 flow injection analyzer and the molybdenum blue colorimetric 
method (Strickland and Parsons 1968) to measure DSi concentrations in porewater, and 
from the Si digestion aliquots. To ensure accuracy we routinely compared our standards 
to Hach external standards and they were always within 4% of the expected value.  
To determine the mode of Si uptake for Spartina we gathered all known published 
studies reporting aboveground plant tissue BSi concentrations and either productivity 
(mass of biomass per unit area) and/or porewater DSi concentrations. We located five 
studies in total which fit these characteristics (Table 2). To better understand the factors 
driving BSi concentrations in Spartina, we ran correlation analysis between BSi content 
and productivity, and BSi content and DSi concentrations.  All statistics were done using 
Matlab (α=0.05) and all BSi concentrations reported as percent SiO2 by dry weight (dry 
wt.). 
 
Results 
Si content of New England S. alterniflora 
Concentrations of BSi in S. alterniflora tissue increased throughout the growing 
season (Table 3). The minimum concentration observed was 0.24% by wt. (Site 5 in 
spring) and the maximum concentration measured was 1.04% by wt. (Site 1 in summer). 
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A large range of aboveground BSi concentrations was observed throughout the marshes 
(Table 3). 
Sediment ASi concentrations were always higher in the top one cm of the 
sediment compared to the depths of 1-30 cm (except Site 3 in spring). We found no 
significant differences in ASi concentrations seasonally or among sites, except for Site 5, 
which had ASi concentrations (0.35±0.07%) an order of magnitude lower than all other 
sites in this study (Avg. 2.28±0.47% by wt.) (Table 3). Similar to the sediment ASi, the 
top one cm of the roots always had higher BSi content than the deeper depths. Root BSi 
values ranged from 0.18% (Site 5 summer) to 4.83% (Site 4 in summer), with little 
deviation across sites (Avg. 0.97±0.15%). Consistent with earlier observations in the 
same region (Carey and Fulweiler 2013), the rhizomes always had significantly less BSi 
than the roots (Avg. 0.26±0.03% by wt.). We found no seasonal or site related patterns to 
ASi concentrations in roots and rhizomes. 
Porewater concentrations were higher during the summer compared to the spring 
(Table 4) and porewater values from Site 2 were typically higher than from the other 
marshes (Table 4). Porewater concentrations ranged from 0 µM (top 1 cm at Site 1 in 
spring) to 384 µM (depth of 27 cm depth at Site 2 in summer). Spring porewater pH was 
comparable among marshes (Avg. 7.09-7.47), but summer pH was significantly 
(p=0.002) lower at Site 4 and 5 marshes compared to Sites 1 and 3 (Table 4), despite 
being further from freshwater sources (Fig 1). 
 
Si content of New England S. patens  
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At two of the marshes in this study (Sites 2 and 3) we analyzed samples for Si 
accumulation in the S. patens zone of the marsh. S. patens is located on the high marsh 
platform, inundated only several times a month during the spring tides. Overall, Site 2 
had higher Si accumulation than Site 3.  For example, aboveground BSi concentrations of 
S. patens were roughly three times higher at Site 2 (Table 3), ranging from 0.58 - 1.25% 
by wt. (Site 2) and 0.21- 0.43% (Site 3). Likewise, sediment ASi concentrations were 
also higher at Site 2 (Avg 2.16 ± 0.35% by wt.) than at Site 3 (Avg 1.31 ± 0.27% by wt.) 
(Table 3). Similar to S. alterniflora, the ASi concentrations in the top one cm of sediment 
were always highest than the deeper layers of the core (except for summer Site 2 sample 
where 10-20 cm depth had slightly higher concentration). 
Roots and rhizomes in the S. patens section of the marsh were measured at Site 3, 
where root BSi concentrations ranged from 0.08% to 0.96% and similar to S. alterniflora, 
BSi concentrations of the rhizomes (0.13 ± 0.02%) were much lower than in the roots 
(0.36 ± 0.04%). No seasonal pattern was observed in the sediments or belowground 
vegetation at either marsh. 
 Similar to other portions of the marsh budget, porewater concentrations were an 
order of magnitude higher at Site 2 than at Site 3 during both the spring and the summer 
(Table 4). Average salinity and pH in Site 3 porewater under S. patens vegetation was 
30.2 ppt and 7.21, similar to the values measured under the S. alterniflora species.  
 
Discussion 
Drivers of Spartina BSi accumulation 
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Productivity 
Si literature commonly reports that most plants, both wetland and dryland, 
demonstrate increasing BSi concentrations with age or growth (Epstein 1994; Jones and 
Handreck 1967). This tendency is due to the continual precipitation of BSi at 
transpiration termini and the inability of plants to translocate Si (Epstein 1994; Raven 
1983). However, we found a poor correlation between productivity and BSi 
concentrations (n=31, R=0.2213, p=0.2315) indicating that productivity does not control 
BSi accumulation in the same manner in all Spartina species. Further, grouping the data 
by species or location continued to result in no significant relationships between 
productivity and BSi concentrations: S. patens (n=9, R=0.1386, p=0.722) and the non-
New England S. alterniflora (n=8, R=0.46, P=0.25). In fact, we only observed the 
expected positive relationship between productivity and growth in New England S. 
alterniflora (this study, Carey & Fulweiler 2013). 
Although the ways in which BSi concentrations vary as a function of productivity 
is not consistent across sites, we were able to fit boundary conditions to the relationship 
between the two variables (shaded gray area, Fig 2). We find that all marshes, regardless 
of location, begin the growing season with a fairly consistent amount of BSi in the S. 
alterniflora tissue (0.40% to 0.45% by wt.) (y-intercept, Fig 2).  However, after the initial 
growing period, a divergence in BSi accumulation occurs, likely based on the amount of 
bio-available Si present in the system. Thus, productivity appears to be regionally-
specific in driving Si accumulation and those deviations likely due to variable amounts of 
Si present in sediments and porewater.   
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Sediment 
Due to the tight coupling observed between sediment ASi conentrations and plant 
BSi concentrations (Carey and Fulweiler 2013; Hou et al. 2010; Struyf et al. 2005b), we 
predicted that sediment ASi concentrations represent another potential control over 
Spartina BSi accumulation. To answer this question, we used data from New England 
(this study, Carey & Fulweiler, 2013), which consists of multiple sediment ASi and 
Spartina BSi concentrations from several sites. We found a strong correlation (n=22, 
R=0.6024, p=0.0030) between sediment availability and BSi content (Table 3), 
supporting the hypothesis that sediment ASi availability can serve as a control on plant 
BSi accumulation. This correlation is likely due to soluble nature of ASi. ASi is often 
considered a biologically available form of Si, as it is 5-100 times as soluble as mineral 
silicates (Conley 1997; Struyf and Conley 2012). New England salt marshes have some 
of the highest recorded sediment ASi concentrations (Carey and Fulweiler 2013), which 
may explain why the BSi concentrations observed at several of these sites is similarly 
higher than those found elsewhere (Fig 2). Thus, the ASi sediment pool represents a large 
source of Si for plant uptake, making sediment matrix properties an important control 
over BSi accumulation in salt marshes.  
 
Porewater and the Mode of Si Uptake 
There are three possible modes of Si accumulation – active, passive and rejective 
(Jones and Handreck 1967; Ma et al. 2001; Takahashi et al. 1990). The mode of silica 
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accumulation in plants can be determined in several ways. First, Si accumulation can be 
defined by the concentrations of Si in the aboveground portion of the plant tissue alone 
(Carey and Fulweiler 2012; Hou et al. 2010; Querné et al. 2012). Using this general rule, 
active accumulators typically have a dry weight of SiO2 >1% by wt., passive 
accumulators between 0.5-1% by wt., and excluders  <0.5% by wt. (Hou et al. 2010; 
Street-Perrott and Barker 2008). While this technique is useful when porewater 
information is not available, it ignores differences in transpiration or in situ Si 
availability.  Thus, only defining Si accumulation by aboveground BSi concentration data 
may be miss-leading when passive Si accumulators are exposed to unusually high or low 
porewater concentrations.  In those cases we could incorrectly assign passive 
accumulators active or rejective status.  
In addition to using the dry weight, the ratio of Si to calcium (Ca) as another 
means of determining the mode of Si accumulation (Takahashi et al. 1990). This ratio is 
useful because plants that tend to accumulate Si typically have low Ca concentrations 
(Takahashi et al. 1990). Using this approach, plants with a ratio of Si:Ca <0.5 are 
assigned rejector status, ratios between 0.5 and 1 are given passive accumulator status, 
and ratios >1 are classified as active accumulators (Ma et al. 2001; Ma and Takahashi 
2002). 
Finally, a third method can be used to identify the mode of Si accumulation based 
the relationship between DSi porewater concentrations and aboveground biomass BSi 
concentrations (De Bakker et al. 1999; Jones and Handreck 1967; Ma et al. 2001; Norris 
and Hackney 1999). Using this method, active accumulators are identified by increasing 
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BSi concentrations with a simultaneous decrease in porewater DSi concentrations (Raven 
1983). Alternatively, passive accumulators have a positive relationship between plant BSi 
and porewater DSi concentrations (Jones and Handreck 1967, Raven 1983). Finally, in 
the case of rejective accumulators (excluders) no relationship is observed between 
porewater DSi and aboveground BSi concentrations (Raven 1983, deBakker et al. 1999). 
The thorough work of plant-Si relations done by Jones and Handreck (1967) points 
towards metabolic processes in the roots controlling these three modes of Si – either 
concentrating DSi from the porewater (active), not altering the concentration (passive), or 
excluding the Si (rejector).  
Based on this method, it is unclear then if plants control Si porewater 
concentrations or the situation is reversed and porewater Si concentrations control plant 
BSi. We hypothesize that the role of porewater DSi concentrations in driving 
aboveground tissue BSi concentrations depends on the mode of Si accumulation.  Based 
on this third method and our data from all known Spartina studies, we identify the modes 
of Si accumulation found in marshes around the world and outline a conceptual model 
explaining discrepancies in behavior by Spartina.  
 
Active Si accumulation in a degraded salt marsh 
We found evidence of active Si accumulation in only one marsh included in this analysis 
(S. alterniflora at high-N site presented by Carey and Fulweiler (2013)). This active 
accumulation is depicted by the strong negative relationship (n=3, R=-0.98, p=0.14) 
between porewater DSi concentrations and BSi concentrations (Fig 3c). This 
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demonstrates that as the grasses grow, they take up Si in higher proportion than the 
concentration dissolved in the porewater, indicative of active Si accumulation (Raven 
1983). As described by Raven (1983) and Jones and Handreck (1967), active Si 
accumulation results in the concentration of DSi in the ‘bathing medium’ (i.e. porewater) 
declining as the plant takes up DSi relatively faster than it takes up water. Moreover, we 
consistently observed BSi concentrations >1% by wt., the threshold concentration shown 
to indicate active accumulation (Carey and Fulweiler 2012; Street-Perrott and Barker 
2008). The site where active accumulation is observed is a high-nutrient, degraded salt 
marsh located downstream of an urban watershed (Carey and Fulweiler 2013; Wigand et 
al. 2003). In fact, the nitrogen loading here is so high that the marsh is now P-limited, 
with an average molar DIN/DIP ratio in the inundating tidal creek water was 53 in the 
summer 2010 (Table 1).  
We compared this signal of active Si accumulation at high-N site with that of 
Phragmites australis, a known active Si accumulator. Using the data presented by Struyf 
et. al (2005), who quantified both BSi concentrations and porewater DSi concentrations, 
we found that P. australis also exhibits a strong negative relationship (n=5, R=-0.8634, 
p=0.06) between these two variables (Fig 3c).  Active Si accumulation by plants appears 
to deplete porewater stocks of DSi, and as a result, we hypothesize that uptake of Si by 
plants control porewater DSi availability in these cases.  
 
Passive accumulation 
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Except for the site where active Si accumulation was observed, evidence of passive Si 
accumulation was found in all other New England marshes (this study, Carey & 
Fulweiler 2013). That is, the concentration of DSi taken up by the plant is equal to the 
concentration of DSi in the porewater (Raven 1983). This relationship is represented by 
the positive correlation with Spartina BSi concentrations and porewater DSi 
concentrations (n=20, R=0.7651, p=0.0001) (Fig. 3a). Si accumulation was passive for 
both S. patens (n=8, R=0.93, p=0.0009) and S. alterniflora (n=12, R=0.72, p=0.0082. 
Thus, in the case of passive accumulation, porewater appears to controls Si accumulation 
in Spartina.  
  
Rejective Accumulation 
A pattern of rejective Si accumulation was observed in the salt marsh data from France 
and the Netherlands (De Bakker et al. 1999; Querné et al. 2012). Combining the data 
from these two studies results in a weak relationship between plant BSi and porewater 
DSi concentrations (n=18, R=-0.45, p=0.07). Further, this relationship is primarily driven 
by two data points of low DSi porewater concentration (Fig. 3b); removing these two 
points (both of which are S. angelica) results in a no relationship between those two 
variables (n=16, R=0.0733, p=0.7952). The lack of relationship between porewater DSi 
and plant BSi concentrations points toward Spartina behaving as a Si excluder. This idea 
was hypothesized by de Bakker et al. (1999), who suggested that S. angelica may reject 
Si from its tissue via a barrier on the outer surface of the roots, similar to legumes (Raven 
1983). The extensive reviews by Jones and Handreck (1967) and Raven (1983) point 
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towards rejector plants accumulating just 5-60% of the DSi that is in the transpired water, 
with the remainder being left in the porewater. Further, at higher soil solution 
concentrations, plants will reject a larger portion of the DSi (Raven 1983), which we also 
find evidence for with our flat regression line between aboveground BSi content and 
porewater DSi concentrations. 
Our designation of a Si excluder to S. alterniflora from the French salt marsh 
disagrees from the original interpretation of the data (Querné et al. 2012). While Querne 
et al. (2012) do point out the lack of relationship between DSi porewater and plant BSi 
concentrations, they assign S. alterniflora to the passive accumulator category based on 
the dry weight of BSi in the aboveground tissue. While this is a common practice when 
porewater DSi data is unavailable (Carey and Fulweiler 2012; Hou et al. 2010), closer 
inspection of the porewater data in this case provides evidence of Si exclusion.   
 
One study included in our analysis (Norris and Hackney 1999) did not fit the criteria for 
any of the three modes of uptake. During our re-analysis of the data presented by Norris 
and Hackney (1999) we observed a strong negative relationship between porewater DSi 
concentration and plant BSi concentration (Fig 4). While this trend initially indicates 
active accumulation, a closer examination of the change through time reveals that 
throughout the course of growing season, plant BSi concentrations decreased, while 
porewater concentrations increase (Fig 4). This is the opposite temporal relationship that 
one would find with active accumulation, as in this case BSi appears to be leaching out of 
the plant over time (Fig. 4). This signals a departure from any of the three traditional 
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modes of uptake and calls into question whether or not some plants, under certain 
conditions, can translocate Si.  
 
A conceptual model of the drivers of Spartina Si uptake 
Based upon the available data and our analysis above it appears that wetland grasses 
cannot be grouped into one mode of Si accumulation. Rather these plants exhibit 
phenotypic plasticity in response to in situ environmental conditions, which in turn 
determine Si accumulation. In examining the site characteristics of these marshes, we 
identify several variables that may be driving the different modes of Si accumulation 
within marsh plants. First, the marshes studied here span a range of conditions, from 
highly impaired to relatively undisturbed. In turn, these grasses are exposed to variable 
amounts of stress. Studies of abiotic stress on plant BSi concentrations report mixed 
results. Querne et al. (2012) found no plant response to expose to several types of stress, 
including salinity, wave activity and inundation. On the other hand, Scheolcke et al. 
(2012) found macrophytes increase plant Si accumulation when exposed to more intense 
water currents. In a recent study, the high-N marsh exhibiting active Si accumulation was 
found to have significantly more Si accumulation in several components of the marsh 
(Carey and Fulweiler 2013). The higher Si at this high-N site was attributed to marsh 
degradation and nutrient over-enrichment, as well as high air temperatures and low 
amounts of rainfall. We now recognize that this degraded salt marsh is actively 
accumulating silica 
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S. alterniflora is native to the Atlantic coast of North America, but invasive 
species in many areas of the world, including France, the Netherlands, and China (Table 
2), representing an additional variable across sites. Invasive species in general have been 
shown to exhibit higher phenotypic plasticity than non-invasive species (Davidson et al. 
2011). In particular, a recent study in China found the invasive S. alterniflora to show a 
higher degree of morphological, growth, and biomass allocation plasticity in association 
with nitrogen availability compared to the native grass (Zhao et al. 2010). While 
phenotypic plasticity has been demonstrated for nitrogen, it is so far unexamined with 
respect to Si.  We hypothesize that different Si accumulation modes is a yet unrecognized 
form of plant phenotypic plasticity. 
We created a conceptual model which depicts the different modes of Si uptake by 
Spartina. We relate the differences in behavior to phenotypic plasticity and 
environmental stress and propose that Spartina shows a marked response to ambient 
environmental conditions and alter their mode of Si uptake accordingly (Fig 5). We 
propose that Spartina passively accumulates Si in non-degraded marshes where the 
species are native, such as the case in the non-degraded New England marshes included 
in this study (Fig 3a, 5a). Our conceptual model identified invasive Spartina are Si 
excluders, based on our observations of a lack of relationship between plant BSi and 
porewater DSi (Fig 3b, 5b). While Hou et al. (2010) designate invasive S. alterniflora 
growing in Chinese marshes as passive a Si accumulator, this was based solely on the dry 
weight of BSi in the aboveground biomass, as no porewater DSi concentration data is 
available. Based on our analysis of the invasive Spartina from Europe, and the range of 
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porewater concentrations observed in salt marshes, we are now skeptical at using the dry 
weight of BSi alone in quantifying mode of Si accumulation in marsh grasses. Finally, we 
find active Si accumulation occurs in the native Spartina exposed to highly stressful, 
degraded conditions (Fig 5c). This model represents a shift in how wetland plants should 
be classified. Rather than the absolute categorization of ‘active’ accumulator to grasses, 
the mode of Si accumulation within Spartina is variable depending on site-specific 
conditions. 
 
Active Si accumulation and a loss of ecosystem service? 
Tidal wetlands are important regulators of Si fluxes to adjacent estuarine systems 
(Jacobs et al. 2008; Struyf et al. 2005a; Vieillard et al. 2011). In fact, salt marshes are 
considered a ‘point source’ of DSi, supplying Si necessary for diatom growth in coastal 
systems (Vieillard et al. 2011). A recent mass balance of Si fluxes in a New England salt 
marsh found the marsh to be a source of DSi to the adjacent estuary, primarily due to 
drainage of Si-rich porewater during the ebbing tide (Vieillard et al. 2011).  We 
hypothesize that the presence of active Si accumulators in marshes may diminish the 
export of DSi, by reducing the concentrations of DSi in the porewater. For example, we 
observed a 60% decline in marsh porewater concentration over the growing season 
(spring through fall) in the marsh experiencing active Si accumulation. We hypothesize 
that active Si accumulation by marsh grasses could potentially reduce the export of DSi 
from marshes by a similar magnitude. While the BSi sequestered in the plants will 
eventually be remineralized, this may occur after the plant (and associated BSi) have 
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been exported from the marsh. Even in the case that BSi is remineralized in-situ, it will 
ultimately shift the timing of DSi availability in the system. We propose that a shift to 
active Si accumulation by marsh grasses exposed to degraded conditions may represent a 
previously unrecognized way in coastal nutrient enrichment can impact estuarine ecology 
in North America. 
Likewise P. australis is an invasive species taking over North American salt 
marshes (Chambers et al. 1999). We hypothesize that a shift in vegetation type from that 
of passively accumulating Spartina to actively accumulating P. australis could result in 
lower marsh porewater DSi concentrations. Such lower porewater DSi concentrations 
could reduce the ability for salt marshes to serve as sources of DSi to adjacent estuaries. 
In turn, we hypothesize that invasion of P. australis to North American salt marshes may 
alter the timing and magnitude of Si exchange in coastal systems, highlighting a 
potentially unrealized consequence of this invasion to coastal ecosystems.  
Tidal wetlands have the ability to control Si availability in coastal systems, with 
has important consequences for phytoplankton species composition (Anderson et al. 
2002; Danielsson et al. 2008). This role of tidal wetlands in regulating Si dynamics at the 
terrestrial/aquatic interface is in part due to the ability of grasses to accumulate Si. 
Wetland grasses are often classified as ‘active Si accumulators’ (Jones and Handreck 
1967; Ma and Takahashi 2002; Raven 1983). However, we present evidence to the 
contrary, showing that that species of Spartina also accumulate Si passively, as well as 
reject the element. Recognition that grasses accumulate Si differently depending on site-
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specific characteristics challenges the assumptions of the role grasses play in Si dynamics 
at this borderland between land and sea.  
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Tables 
Table 6. 1 Site characteristics of estuaries adjacent to salt marshes included in analysis. 
All values summer averages, except ^ indicates annual average. * indicates that value 
does not include NH4
+ 
 
 
(2012; Chai et al. 2009; Dauchez et al. 1991; Freese 2003; Krumholz 2012; Malin et al. 
1997; Ragueneau et al. 1994; Yang et al. 2008)  
All values summer averages, except ^ indicates annual average
* Does not include NH4
+
Table 1. Site characteristics of estuaries adjacent to salt marshes included in this analysis. 
Study and/or Site Name Estuary Salinity (ppt)
Bulk Density 
(g cm-3)
DIN 
(μM) DIP (μM) DSi (μM) Data Source(s)
This Study
1 (Little Mussachuck Creek)
Providence River 
Estuary, USA 28 0.24 4.5 1.5 19.6 Krumhulz 2012 (nutrients)
3 (Nag Creek West) Narragansett Bay, USA 30 0.22 1.5 1.0 16.7 Krumhulz 2012 (nutrients)
4 (Zeek's Creek) Narragansett Bay, USA 30 0.25 1.4 0.7 12.4 Krumhulz 2012 (nutrients)
5 (Block Island) Great Salt Pond, USA 29 1.15 6.2 0.7 na URI Waterwatch (nutrients)
2 (Babson Creek, ME) Sommes Sound, USA 14 0.70 4.8 0.2 48.0 Carey and Fulweiler unpublished (nutrients)
Carey & Fulweiler 2013
High-N (Apponaug) Narragansett Bay, USA 30 0.20 22.3 0.4 45.6 Carey and Fulweiler 2013
Querne et al. 2012 Bay of Brest, France 32-35 na <5.6 <0.1 <1 Dauchez et al. 1991 (salinity)
Rageuneau et al. 1994 (nutrients)
de Bakker et al. 1999
Oosterschelde , The 
Netherlands 25 0.3-0.6 3.5*^ 0.6^ 4.5^ Nienhuis and Smaal 1994 (nutrients)
Oenema and DeLaune 1988 (bulk density)
Norris and Hackney (1999)
Cape Fear Rv Estuary, 
USA 19 0.38 9.34^ 0.23^ 63.8^ Freese 2003, PhD dissertation (bulk density
Marllin et al. 1997 (nutrients, salinity)
Hou et al. (2010)
Yangtze River Estuary, 
China >20 1.3 22^ 1.2^ 28.6^ Yang et al. (2008) (Bulk density)
Chai et al. 2009 (salinity)
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Table 6. 2 Studies included in analysis 
Variables reported: ‘DSi‘ indicates porewater DSi (SiO2) concentrations, ‘BSi’ indicates 
aboveground tissue plant BSi concentrations. ‘Productivity’ indicates biomass per unit 
area.   
 
 
Table 6. 3 BSi and ASi concentrations in aboveground and belowground biomass, and 
sediment at each site. 
 
 
Study Location Species Variables Reported Type
This study
New England, 
USA
S. patens, S. 
alterniflora
BSi, DSi, 
Productivity Native
Carey and Fulweiler
(2013)
New England, 
USA S. patens
BSi, DSi, 
Productivity Native
S. alterniflora 
(low-N site)
BSi, DSi, 
Productivity
S. alterniflora 
(high-N site)
BSi, DSi, 
Productivity
Norris and Hackney 
(1999)
North Carolina, 
USA S. alterniflora
BSi, DSi, 
Productivity Native
Querne et al. (2012)
Bay of Brest, 
France S. alterniflora
BSi, DSi, 
Productivity Invasive
Hou et al. (2010) China S. alterniflora BSi, Productivity Invasive
de Bakker et al 
(1999) Netherlands S. anglica BSi, DSi Invasive
Table 2. Studies included in this analysis. Variables reported: ‘DSi‘ indicates porewater DSi
(SiO2) concentrations, ‘BSi’ indicates aboveground tissue plant BSi concentrations. 
‘Productivity’ indicates biomass per unit area.  
Table 3. BSi and ASi concentrations in aboveground and belowground biomass, and sediment at each site. 
Concentrations of Biogenic and/or Amorphous Silica (% SiO2 by wt.)
Aboveground
Site Spring Summer Sediment Roots Rhizomes
S. alterniflora
1 0.48  0.13 0.96  0.05 3.76  0.39 1.04  0.15 0.22  0.04
3 0.43  0.07 0.60  0.09 3.19  0.44 1.04  0.17 0.24  0.04
4 0.30  0.01 0.71  0.13 2.83  0.51 1.39  0.29 0.35  0.07
5 0.26  0.02 0.45  0.02 0.35  0.08 0.66  0.11 0.23  0.05
2 0.53  0.06 0.95  0.11 2.12  0.49 na na
S. patens
3 0.29  0.07 0.31  0.02 1.31   0.27 0.36   0.04 0.13   0.02
2 1.01  0.22 0.89  0.14 2.16 0.35 na na
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Table 6. 4 pH, salinity and DSi concentraiton observed in porewater at each marsh site 
 
  
Table 4. pH, salinity and DSi concentraiton observed in porewater at each marsh site.
Spring Summer
Site pH Salinity (ppt) DSi (µM) pH Salinity (ppt) DSi (µM)
S. alterniflora
1 7.47 24 115.2 7.07 25.7 156.3
3 7.09 29.6 83.8 7.22 31.2 121.7
4 7.32 30.1 25.1 6.42 31.3 55.4
5 7.45 30 5.4 6.6 32.6 55.1
2 na na 181.5 na na 239.5
S. Patens
3 7.11 28.27 42.8 7.3 32.13 49.5
2 na na 204.1 na na 152.98
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Figures 
 
Figure 6. 1 Map of study sites 
For consistency, site numbers 1,3,4, and 5 the same as those of Carey and Fulweiler 
(submitted).  
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Figure 6. 2 BSi concentration in aboveground Spartina (S. alterniflora and S. patens) as a 
function of productivity 
No relationships between the variables were found in S. patens (filled circles). However, 
by grouping the values into region (New England vs Non-New England, we are able to 
put boundary conditions on the relationship and show that BSi concentrations are fairly 
consistent at the start of the growing season (0.39-0.45% by wt.), denoted by the y-
intercept. 
  
Figure 2. BSi concentration in aboveground Spartina (S. alterniflora and S. patens) as a function of 
productivity. No relationship between the variables were found in S. patens (filled circles). However, by 
grouping the values into region (New England vs Non-New England, we are able to put boundary 
conditions on the relationship and show that BSi concentrations are fairly consistant at the start of the 
growing season (0.39-0.45 % by wt.), denoted by the y-intercept.
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Figure 6. 3 BSi concentration in aboveground biomass as a function of porewater DSi 
concentrations 
S. patens (black circles), S. angelica (filled gray circles) and S. alterniflora (open white 
circles), P. australis (black squares). Dashed line (in b) indicates the regression ignoring 
the two S. angelica outliers.  
 
 
 
Figure 6. 4 Unique case of Si accumulation through time 
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Figure 4. Arrows indicate increase through time. Open circles are high-N site (Carey and 
Fulweiler 2013), which exhibits a signal of active Si accumulation (increasing BSi concentration, 
declining porewater DSi concentrations over time). Conversely, the Norris & Hackney (1999) 
data show the opposite trend, with decreasing BSi concentrations throughout the growing season 
(average of mature and new species), which follows none of the three modes of Si uptake. 
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Figure 3: S. patens (black circles), S. angelica (filled gray circles) and S. alterniflora (open 
white circles), P. australis (black squares). Dashed line (in b) indicates the regression 
ignoring the two S. anglica outliers. 
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BSi concentration in aboveground biomass as a function of porewater DSi concentrations 
in Norris and Hackney (1999) (gray circles) and Carey and Fulweiler (2013) high-N site. 
Arrows indicate increase through time. The high-N site (Carey and Fulweiler 2013) 
exhibits a signal of active Si accumulation (increasing BSi concentration, declining 
porewater DSi concentrations over time), while the Norris & Hackney (1999) data show 
the opposite trend, with decreasing BSi concentrations throughout the growing season 
(average of mature and new species). This pattern follows none of the three modes of Si 
uptake.  
 
 
 
 
Figure 6. 5 Conceptual model of three modes of Si uptake in Spartina 
Model is based hypothesis of phenotypic plasticity of Si accumulation in marshes. We 
highlight the characteristics of those marshes that exhibit different modes of Si 
accumulation, following the trends found in Fig. 3 
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Figure 5. Conceptual model of three modes of Si uptake in Spartina and the characteristics of those 
marshes, f llowing the trends found in Fig. 3
204 
 
 
 
Appendix A: Matlab code for Chapter 1  
 
The following is the Matlab code for the multiple linear regression (MLR). Dependents 
are average annual Si fluxes for the 25 rivers. Predictors are the LULC classifications, 
and dominant bedrock type.  
 
Transformation of the dependent (Si flux) data 
load Dependents_25.txt 
Flux25=Dependents_25 (:,2); 
[transFlux25, lambda] = boxcox(Flux25); 
  
Multiple Linear Regression (MLR) 
load Pred_25_2c.txt 
[b,bintall,rall,rint,statsc]=regress(transFlux25, [ones(25,1) Pred_25_2c]); 
regstats(transFlux25, Pred_25_2c,'linear') 
  
This estimate coefficients. 
betahat=regress(transFlux25,[ones(25,1) Pred_25_2c]) 
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Appendix B: Supplemental Information for Chapter 2  
 
In a recent study (Carey and Fulweiler 2011), three multiple linear regression (MLR) models 
were created which are based on long-term (1990-2010) USGS discharge and DSi concentrations 
from 25 watersheds in New England. These models were created in order to determine the most 
important predictors influencing DSi fluxes in rivers. The MLR model originally tested 27 
variables, which included 18 LULC types, number of observations, drainage area, stream 
temperature, and six of the most common types of bedrock. Only the most important predictors 
were included in the final model, as shown in the equations for the model below. The models 
determine a regression line, residuals, and significance of predictors of DSi fluxes. DSi fluxes 
were not normally distributed and thus, were transformed using a Box Cox log transformation. 
Model residuals were normal distributed and passed the f-test. Please see Carey and Fulweiler 
(2011) for more information. 
 
Two of these watersheds included in this current study, the Urban and Moderate Urban sites, are 
included in this prior study. However, none of the water chemistry data used in the prior study 
(Carey and Fulweiler 2011) are used in this present study. The water chemistry data that was used 
to create the models are from long-term USGS data, while the data used in this current study was 
collected and analyzed by the authors. 
 
Equation for multiple linear regression (MLR) model using land use/land cover (LULC) and 
geology (GEOL) to estimate dissolved silica (DSi) fluxes (y). 
 
LULC_Geol Model: 
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y= 0.897 + 0.026β1 + 0.034β2 + 0.055β3 + 0.022β4 + 0.029β5 + 0.018β6 + 0.021β7 + 0.027 β8+ 
0.012 β9+ 0.027 β10 + 0.001 β11 + 0.0007 β12 + 0.005 β13 + 0.001 β14 – 0.002 β15 – (8.2 x 10-
15
)
 
 
Land Use/Land Cover (LULC): 
y= 1.247 + 0.024β1 + 0.028β2 + 0.073β3 + 0.019β4 + 0.024β5 + 0.014β6 + 0.019β7 + 0.024 β8+ 
0.013 β9+ 0.053β10 + (1.92 x 10-14) 
 
GEOL model: 
y= 3.089 + 0.002 β11 + 0.0001 β12 + 0.002 β13 + 0.0005 β14 – 0.003 β15 – (7.6 x 10-15) 
 
Units in percent of watershed (i.e. if a watershed has 12% conifer forest, β5 must be 12) 
 
β1=Open Developed 
β2=Low-Density 
β3=High-Density 
β4=Deciduous Forest 
β5=Conifer (Evergreen) Forest 
β6=Mixed Forest 
β7=Hay/Pasture 
β8=Cropland 
β9=Woody Wetland 
β10=Emergent Wetland 
β11=Sedimentary Rock 
207 
 
 
 
β12=Granite Rock 
β13=Mafic Rock 
β14=Metamorphic Rock 
β15=Carbonate Rock 
 
Results must be transformed using following equation: 
DSi Flux (mol day
-1
 km
-2
)=10^ ((LOG(1+ (Result * -0.2103)))/-0.2103) 
 
Modeling DSi Fluxes 
The equations created by Bluth and Kump (1994) were used to predict DSi fluxes in our rivers 
using dominant bedrock type and runoff. Similar to the results described in Fulweiler and Nixon 
(2005), the DSi fluxes estimated by the Bluth and Kump equations over-estimate DSi fluxes 
compared to our measured DSi fluxes at all sites (Table S1).  
 
Additional Information regarding statistics used in current study 
Difference in Si biogeochemistry between sites 
The majority of the data included in this study was not normally distributed. For example, BSi 
fluxes and concentrations, DSi fluxes, and flow were not normally distributed. Many types of 
commonly used statistics, such as an analysis of variance (ANOVA) are based on the assumption 
of normal data. Because our data was not normally distributed we had to use non-parametric 
statistical tools which do not assume a particular data distribution for robust results. In our case, 
we used a Friedman test to analyze if the four sites were behaving differently from one another. 
The Friedman test allowed us to determine if the sites were behaving differently in terms of Si 
with regard to their various treatments (LULC). The results of the Friedman test only indicate if 
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the groups are different from one another, but does not state which group, or groups, are different 
from the others. Therefore, a multicomparion procedure (‘multcompare’ command in Matlab) 
was used to determine which group (site) had means that were different from one another. 
 
Difference in Slopes during dramatic DSi decline 
The slopes of the declines in DSi during the 8 week period at the sites were significantly different 
from each other. In particular, the slope at the Urban river was significantly different (p<0.001) 
compared to the other three sites (Table S2). None of the other three rivers had slopes that were 
significantly different from each other. This analysis was done using a modified ancova (‘acotool’ 
function in Matlab) with time as the covariate. DSi concentrations are normally distributed, 
thereby not violating the assumptions of the model.  
 
Table S1: Comparison between observed DSi fluxes and those estimated using the equations 
given by Bluth and Kump (1994), which use runoff and bedrock geology to predict DSi fluxes.  
 
  
Modeled Observed  
Site 
Runoff (cm yr-
1) 
DSi Flux (kmol 
km-2 yr-1) 
DSi Flux (kmol 
km-2 yr-1) 
Urban 61.0 131.2 86.5 
Moderate Urban 69.3 122.1 104.7 
Moderate Forested 62.4 112.1 79.8 
Forested 65.6 112.5 71.8 
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Table S2. Slopes, correlations and significance of change in concentrations of DSi (SiO2) during 
the period of most rapid DSi decline (February 13 to April 16). 
 
 
  
Slope R p
-0.51 -0.49 0.22
-2.97 -0.93 0.00
-3.50 -0.98 0.00
-3.00 -0.97 0.00
DSi (SiO2)
210 
 
 
 
Appendix C: Matlab Code for Chapter 2 
 
Analysis of covariance to determine if change in concentrations during over time is 
different between sites  
load Date_Conc_Spring2.txt 
Date=Date_Conc_Spring2(:,1); 
Conc=Date_Conc_Spring2(:,2); 
Site=Date_Conc_Spring2(:,3); 
aoctool(Date,Conc,Site) 
 
After loading all variables from each site and naming each term, use this term to group all 
the constituents from different sites 
DSiFluxGroup=[Abj_DSiFlux Midd_DSiFlux Ips_DSiFlux Parker_DSiFlux]; 
BSiFluxGroup=[Abj_BSiFlux Midd_BSiFlux Ips_BSiFlux Parker_BSiFlux]; 
DSiConcGroup=[Abj_DSiConc Midd_DSiConc Ips_DSiConc Parker_DSiConc]; 
BSiConcGroup=[Abj_BSiConc Midd_BSiConc Ips_BSiConc Parker_BSiConc]; 
  
ChlAConcGroup=[Abj_ChlaConc Midd_ChlaConc Ips_ChlaConc 
Parker_ChlaConc]; 
ChlAFluxGroup=[Abj_ChlaFlux Midd_ChlaFlux Ips_ChlaFlux 
Parker_ChlaFlux]; 
TSSGroup=[Abj_TSS Midd_TSS Ips_TSS Parker_TSS]; 
PercentBSiGroup=[Abj_PercentBSi Midd_PercentBSi Ips_PercentBSi 
Parker_PercentBSi]; 
TempGroup=[Abj_Temp Midd_Temp Ips_Temp Parker_Temp]; 
  
NH4Group=[Abj_NH4 Midd_NH4 Ips_NH4 Parker_NH4]; 
NO2Group=[Abj_NO2 Midd_NO2 Ips_NO2 Parker_NO2]; 
NOxGroup=[Abj_NOx Midd_NOx Ips_NOx Parker_NOx]; 
DIPGroup=[Abj_DIP Midd_DIP Ips_DIP Parker_DIP]; 
NO3Group=[Abj_NO3 Midd_NO3 Ips_NO3 Parker_NO3]; 
DINGroup=[Abj_DIN Midd_DIN Ips_DIN Parker_DIN]; 
  
  
  
Need to determine if there are differences between the site. However, cannot use an 
ANOVA because these distributions are not normal. Therefore, we can do the Friedman 
test. First need to get rid of NaNs for Friedman: 
 
DSiFluxGroup(any(isnan(DSiFluxGroup),2),:) = []; 
BSiFluxGroup(any(isnan(BSiFluxGroup),2),:) = []; 
DSiConcGroup(any(isnan(DSiConcGroup),2),:) = []; 
BSiConcGroup(any(isnan(BSiConcGroup),2),:) = []; 
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[p,table,statsDSiFlux] = friedman(DSiFluxGroup)%p=0.06 that means are 
different 
[p,table,statsBSiFlux] = friedman(BSiFluxGroup)%means not different 
[p,table,statsDSiConc] = friedman(DSiConcGroup)%means different p<0.0000 
[p,table,statsBSiConc] = friedman(BSiConcGroup)%means different p<0.0000 
  
This test determines which sites are different from each other.  
[m1]=multcompare(statsDSiFlux)  
[m2]=multcompare(statsBSiFlux)%none different 
[m3]=multcompare(statsDSiConc)%midd (higher) different from all the rest 
[m4]=multcompare(statsBSiConc)%abj different from all rest 
  
ChlAConcGroup(any(isnan(ChlAConcGroup),2),:) = []; 
ChlAFluxGroup(any(isnan(ChlAFluxGroup),2),:) = []; 
TSSGroup(any(isnan(TSSGroup),2),:) = []; 
PercentBSiGroup(any(isnan(PercentBSiGroup),2),:) = []; 
TempGroup(any(isnan(TempGroup),2),:) = []; 
  
[p,table,statsChlAConc] = friedman(ChlAConcGroup) 
[p,table,statsChlAFlux] = friedman(ChlAFluxGroup) 
[p,table,statsTSS] = friedman(TSSGroup) 
[p,table,statsPercentBSi] = friedman(PercentBSiGroup) 
[p,table,statsTemp] = friedman(TempGroup) 
  
[m5]=multcompare(statsChlAConc)%Abj significantly higher ChlA 
[m5]=multcompare(statsChlAFlux)%Abj sigificantly higher Flux, Midd sign 
lower Flux 
[m5]=multcompare(statsTSS)%Abj sign higher TSS - makes sense! 
[m5]=multcompare(statsPercentBSi)%Midd sign lower than all rest 
[m5]=multcompare(statsTemp) 
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Appendix D: Weekly dissolved inorganic nitrogen and phosphate data from 2010-2011 
river grab sampling for Chapter 2 
 
Date Site NH3 (μM) 
NO2
-
(μM) 
NOx 
(μM) 
DIP 
(μM) 
NO3
-
 
(μM) 
DIN 
(μM) 
10/7 Urban 80.79 3.40 56.99 0.17 53.59 137.78 
10/7 Moderate Urban 1.90 0.04 7.24 0.03 7.20 9.14 
10/7 
Moderate 
Forested 1.11 0.18 1.96 0.24 1.79 3.08 
10/7 Forested 0.81 0.16 11.99 0.18 11.83 12.80 
10/21 Urban 23.86 2.69 109.17 0.07 106.47 133.03 
10/21 Moderate Urban 1.08 0.11 1.46 0.19 1.35 2.55 
10/21 
Moderate 
Forested 0.81 0.25 2.62 0.31 2.36 3.43 
10/21 Forested 1.92 0.23 4.88 0.24 4.65 6.80 
10/26 Urban 44.37 0.09 131.61 0.06 131.52 175.98 
10/26 Moderate Urban 0.72 4.83 7.47 0.04 2.63 8.19 
10/26 
Moderate 
Forested 0.80 0.14 1.24 0.13 1.10 2.04 
10/26 Forested 0.44 0.18 7.86 0.07 7.67 8.30 
11/2 Urban 25.99 1.85 109.81 0.02 107.96 135.80 
11/2 Moderate Urban 2.04 0.21 6.21 0.33 6.01 8.26 
11/2 
Moderate 
Forested 1.88 0.16 1.96 0.30 1.80 3.84 
11/2 Forested 1.21 0.19 7.21 0.15 7.02 8.42 
11/7 Urban 38.81 1.18 56.60 0.03 55.42 95.40 
11/7 Moderate Urban 1.11 0.22 3.18 0.24 2.96 4.29 
11/7 
Moderate 
Forested 4.62 0.09 0.77 0.12 0.68 5.39 
11/7 Forested 1.11 0.21 2.41 0.19 2.20 3.51 
11/20 Urban 31.30 1.18 64.87 0.61 63.69 96.17 
11/20 Moderate Urban 2.04 0.28 3.84 0.24 3.56 5.88 
11/20 
Moderate 
Forested 1.20 0.15 1.20 0.14 1.05 2.40 
11/20 Forested 1.39 0.21 2.02 0.38 1.81 3.41 
11/30 Urban 50.18 0.92 49.09 0.02 48.17 99.28 
11/30 Moderate Urban 1.84 0.14 5.82 0.16 5.68 7.66 
11/30 
Moderate 
Forested 2.15 0.07 3.50 0.13 3.44 5.65 
11/30 Forested 1.34 0.06 1.83 0.03 1.77 3.17 
12/6 Urban 51.06 0.89 78.97 0.19 78.07 130.02 
12/6 Moderate Urban 2.09 0.30 6.80 0.06 6.50 8.89 
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12/6 
Moderate 
Forested 1.64 0.19 4.63 0.19 4.44 6.28 
12/6 Forested 1.29 0.18 6.18 0.14 6.00 7.47 
12/13 Urban 69.97 0.58 35.40 0.67 34.82 105.37 
12/13 Moderate Urban 4.44 0.29 13.70 0.34 13.41 18.14 
12/13 
Moderate 
Forested 2.23 0.18 6.22 0.23 6.04 8.45 
12/13 Forested 0.93 0.23 6.54 0.18 6.32 7.47 
12/20 Urban 37.84 0.39 54.17 0.19 53.79 92.02 
12/20 Moderate Urban 1.58 0.26 14.05 0.12 13.78 15.63 
12/20 
Moderate 
Forested 0.96 0.26 6.37 0.09 6.11 7.33 
12/20 Forested 3.58 0.15 3.67 0.20 3.51 7.25 
1/5 Urban 64.07 0.64 75.25 0.08 74.61 139.32 
1/5 Moderate Urban 3.43 0.35 13.96 0.12 13.61 17.39 
1/5 
Moderate 
Forested 2.62 0.34 15.43 0.08 15.09 18.05 
1/5 Forested 1.32 0.45 5.06 0.11 4.61 6.38 
1/10 Urban 60.34 0.55 86.20 0.08 85.65 146.54 
1/10 Moderate Urban 4.98 0.42 22.48 0.17 22.05 27.46 
1/10 
Moderate 
Forested 3.55 0.38 9.77 0.18 9.40 13.32 
1/10 Forested 1.37 0.43 4.76 0.22 4.33 6.13 
1/22 Urban 36.70 0.41 17.12 0.73 16.71 53.81 
1/22 Moderate Urban 22.34 0.76 16.38 0.95 15.62 38.72 
1/22 
Moderate 
Forested 13.71 0.55 12.34 0.65 11.79 26.05 
1/22 Forested 17.76 0.37 3.56 0.91 3.19 21.32 
2/8 Urban 81.65 0.64 54.65 0.16 54.01 136.30 
2/8 Moderate Urban 10.33 0.28 16.08 0.05 15.79 26.40 
2/8 
Moderate 
Forested 8.57 0.42 17.89 0.33 17.47 26.46 
2/8 Forested 8.76 0.12 2.70 0.10 2.59 11.46 
2/13 Urban 61.01 0.39 77.12 0.12 76.73 138.14 
2/13 Moderate Urban 12.51 0.54 16.76 0.20 16.22 29.28 
2/13 
Moderate 
Forested 8.04 0.52 16.34 0.16 15.82 24.38 
2/13 Forested 9.43 0.33 3.14 0.24 2.80 12.57 
2/22 Urban 54.16 0.37 78.49 0.18 78.12 132.65 
2/22 Moderate Urban 8.17 0.43 19.45 0.14 19.02 27.62 
2/22 
Moderate 
Forested 4.22 0.33 16.14 0.10 15.81 20.37 
2/22 Forested 8.71 0.26 2.83 0.14 2.57 11.54 
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2/26 Urban 154.77 0.27 46.00 0.14 45.72 200.77 
2/26 Moderate Urban 6.37 0.45 19.07 0.20 18.62 25.44 
2/26 
Moderate 
Forested 4.99 0.46 19.14 0.15 18.68 24.13 
2/26 Forested 8.19 0.46 4.16 0.17 3.69 12.35 
3/6 Urban 31.89 0.31 54.63 0.25 54.32 86.52 
3/6 Moderate Urban 4.80 0.40 22.87 0.23 22.47 27.67 
3/6 
Moderate 
Forested 1.75 0.33 18.53 0.09 18.20 20.28 
3/6 Forested 5.24 0.31 10.73 0.12 10.42 15.97 
3/17 Urban 38.16 0.53 77.72 0.11 77.19 115.88 
3/17 Moderate Urban 3.06 0.36 42.35 0.18 41.99 45.41 
3/17 
Moderate 
Forested 2.21 0.35 34.35 0.08 34.00 36.55 
3/17 Forested 2.01 0.25 19.04 0.04 18.79 21.05 
3/25 Urban 38.18 0.33 62.25 0.07 61.92 100.43 
3/25 Moderate Urban 5.86 0.22 24.10 0.18 23.88 29.97 
3/25 
Moderate 
Forested 6.04 0.28 16.49 0.11 16.21 22.53 
3/25 Forested 2.46 0.15 11.28 0.15 11.12 13.74 
4/11 Urban 35.39 1.55 85.36 0.00 83.81 120.75 
4/11 Moderate Urban 1.83 0.34 17.49 0.13 17.15 19.31 
4/11 
Moderate 
Forested 1.23 0.26 4.91 0.10 4.65 6.14 
4/11 Forested 1.13 0.25 4.99 0.04 4.75 6.12 
4/16 Urban 33.21 0.88 71.30 0.05 70.42 104.50 
4/16 Moderate Urban 1.01 0.34 6.81 0.08 6.47 7.82 
4/16 
Moderate 
Forested 0.81 0.24 2.09 0.04 1.84 2.89 
4/16 Forested 0.92 0.28 2.40 0.08 2.13 3.32 
4/22 Urban 27.98 1.18 77.55 0.11 76.37 105.52 
4/22 Moderate Urban 1.13 0.35 8.59 0.08 8.24 9.71 
4/22 
Moderate 
Forested 0.85 0.30 2.26 0.09 1.96 3.11 
4/22 Forested 0.68 0.27 2.25 0.07 1.99 2.93 
4/29 Urban 30.97 2.42 82.18 0.40 79.76 113.15 
4/29 Moderate Urban 1.91 0.30 7.98 0.13 7.68 9.88 
4/29 
Moderate 
Forested 1.00 0.21 1.97 0.12 1.76 2.97 
4/29 Forested 0.60 0.30 3.23 0.27 2.92 3.82 
5/6 Urban 40.27 2.39 79.39 0.03 77.00 119.66 
5/6 Moderate Urban 1.53 0.29 8.22 0.16 7.93 9.75 
5/6 Moderate 1.52 0.18 2.29 0.08 2.11 3.82 
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Forested 
5/6 Forested 0.50 0.13 2.17 0.08 2.04 2.67 
5/13 Urban 24.40 2.17 74.13 0.19 71.97 98.53 
5/13 Moderate Urban 1.39 0.23 9.14 0.14 8.91 10.53 
5/13 
Moderate 
Forested 1.37 0.20 4.31 0.14 4.12 5.68 
5/13 Forested 0.73 0.12 3.43 0.13 3.31 4.16 
5/20 Urban 58.07 3.35 83.69 0.34 80.33 141.76 
5/20 Moderate Urban 6.39 0.43 7.58 0.28 7.15 13.97 
5/20 
Moderate 
Forested 2.11 0.18 2.44 0.16 2.26 4.55 
5/20 Forested 1.94 0.14 1.77 0.10 1.64 3.71 
5/27 Urban 40.02 9.48 118.73 0.23 109.26 158.75 
5/27 Moderate Urban 4.07 0.31 6.31 0.13 6.01 10.38 
5/27 
Moderate 
Forested 2.09 0.20 0.87 0.12 0.67 2.97 
5/27 Forested 0.69 0.17 1.60 0.08 1.43 2.28 
6/10 Urban 31.84 7.15 64.84 0.26 57.69 96.67 
6/10 Moderate Urban 3.74 0.55 17.64 0.27 17.08 21.38 
6/10 
Moderate 
Forested 2.66 0.37 4.46 0.23 4.10 7.12 
6/10 Forested 2.93 0.21 4.13 0.18 3.92 7.05 
6/15 Urban 41.96 8.65 99.06 0.31 90.41 141.02 
6/15 Moderate Urban 3.07 0.41 11.68 0.30 11.26 14.74 
6/15 
Moderate 
Forested 1.61 0.20 3.37 0.28 3.17 4.98 
6/15 Forested 1.64 0.15 3.79 0.27 3.64 5.43 
6/24 Urban 34.10 3.32 46.82 0.23 43.49 80.92 
6/24 Moderate Urban 3.41 0.42 6.57 0.40 6.15 9.97 
6/24 
Moderate 
Forested 1.81 0.25 2.64 0.31 2.38 4.45 
6/24 Forested 2.50 0.19 3.46 0.25 3.27 5.97 
7/2 Urban 17.03 3.78 88.78 0.41 85.01 105.81 
7/2 Moderate Urban 3.66 0.33 5.96 0.41 5.63 9.62 
7/2 
Moderate 
Forested 1.13 0.24 1.11 0.31 0.87 2.24 
7/2 Forested 1.17 0.20 1.89 0.34 1.69 3.06 
7/6 Urban 14.96 3.12 109.74 0.25 106.62 124.70 
7/6 Moderate Urban 2.31 0.38 8.74 0.42 8.36 11.05 
7/6 
Moderate 
Forested 1.31 0.25 2.39 0.36 2.13 3.69 
7/6 Forested 3.75 0.24 3.40 0.32 3.16 7.14 
7/18 Urban 15.26 3.39 131.77 0.08 128.38 147.03 
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7/18 Moderate Urban 2.05 0.44 18.01 0.31 17.57 20.07 
7/18 
Moderate 
Forested 2.48 0.24 1.89 0.24 1.65 4.36 
7/18 Forested 3.25 0.24 6.41 0.34 6.17 9.67 
7/28 Urban 26.93 7.41 162.02 0.09 154.61 188.94 
7/28 Moderate Urban 1.74 0.38 11.83 0.14 11.45 13.57 
7/28 
Moderate 
Forested 3.62 0.41 5.94 0.18 5.53 9.56 
7/28 Forested 3.17 0.36 19.19 0.22 18.82 22.36 
8/4 Urban 127.34 11.77 97.78 0.28 86.01 225.11 
8/4 Moderate Urban 1.76 0.46 12.74 0.16 12.28 14.50 
8/4 
Moderate 
Forested 1.83 0.62 11.17 0.15 10.56 13.00 
8/4 Forested 3.28 0.45 25.41 0.25 24.96 28.69 
8/11 Urban 14.90 2.92 46.26 0.23 43.35 61.16 
8/11 Moderate Urban 2.14 0.50 4.87 0.47 4.36 7.00 
8/11 
Moderate 
Forested 1.50 0.24 2.75 0.31 2.51 4.26 
8/11 Forested 2.45 0.27 10.71 0.40 10.44 13.16 
8/19 Urban 11.03 2.94 93.25 0.20 90.31 104.27 
8/19 Moderate Urban 2.02 0.44 5.80 0.40 5.36 7.82 
8/19 
Moderate 
Forested 0.82 0.25 0.97 0.34 0.72 1.79 
8/19 Forested 1.36 0.16 3.39 0.31 3.23 4.75 
8/23 Urban 6.51 0.61 55.06 0.58 54.45 61.57 
8/23 Moderate Urban 3.28 0.53 9.17 0.69 8.63 12.45 
8/23 
Moderate 
Forested 1.30 0.29 1.88 0.41 1.59 3.18 
8/23 Forested 2.63 0.25 6.22 0.33 5.97 8.85 
8/29 Urban 39.49 5.96 67.90 0.34 61.95 107.39 
8/29 Moderate Urban 1.65 0.47 7.91 0.51 7.44 9.56 
8/29 
Moderate 
Forested 1.72 0.28 2.39 0.37 2.11 4.10 
8/29 Forested 2.14 0.27 3.79 0.47 3.52 5.93 
9/8 Urban 13.03 2.83 45.56 0.30 42.73 58.59 
9/8 Moderate Urban 2.19 0.39 7.39 0.51 6.99 9.57 
9/8 
Moderate 
Forested 3.08 0.25 2.23 0.38 1.98 5.31 
9/8 Forested 2.32 0.23 2.94 0.50 2.72 5.26 
9/14 Urban 9.44 1.63 86.22 0.22 84.59 95.66 
9/14 Moderate Urban 1.00 0.34 5.00 0.32 4.66 6.00 
9/14 
Moderate 
Forested 0.65 0.28 1.20 0.23 0.93 1.85 
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9/14 Forested 1.83 0.22 2.23 0.33 2.01 4.06 
9/24 Urban 3.65 1.18 53.34 0.20 52.16 56.99 
9/24 Moderate Urban 2.15 0.32 12.77 0.31 12.45 14.92 
9/24 
Moderate 
Forested 1.75 0.28 5.69 0.31 5.41 7.44 
9/24 Forested 4.12 0.30 9.26 0.42 8.97 13.39 
9/28 Urban 6.82 1.46 84.80 0.09 83.34 91.62 
9/28 Moderate Urban 2.45 0.35 6.48 0.35 6.13 8.93 
9/28 
Moderate 
Forested 1.67 0.21 1.87 0.26 1.66 3.54 
9/28 Forested 4.21 0.27 5.62 0.37 5.35 9.83 
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Appendix E: Weekly data from 2010-2011 river grab sampling from Chapter 2 
Data here includes discharge, dissolved silica, biogenic silica, chlorophyll a, total 
suspended solids, conductivity and pH. 
Date Site Q (m3 s-1) 
Q   
(m3 s-1 
km-2) 
DSi 
(μM) 
BSi 
(μM) 
Chl a 
(μgml-1) 
TSS 
(mg L-1) 
T 
(˚C) 
Conductivity 
(μS cm-1) pH 
10/7 Urban 0.88 0.014 99.0 19.57 2.08 4.0 na na na 
10/7 
Moderate 
Urban na na 226.7 24.77 0.62 4.2 na na na 
10/7 
Moderate 
Forested 1.16 0.004 196.0 25.33 na 1.5 na na na 
10/7 Forested 0.17 0.003 138.0 42.56 6.00 2.8 na na na 
10/21 Urban 0.31 0.005 169.4 35.45 3.35 0.0 12.4 na na 
10/21 
Moderate 
Urban na na 193.7 18.67 0.13 2.8 10.2 na na 
10/21 
Moderate 
Forested 3.29 0.010 173.2 27.80 0.34 0.7 11.2 na na 
10/21 Forested 0.16 0.003 189.4 29.82 0.81 2.2 10.0 na na 
10/26 Urban 0.24 0.004 189.3 47.00 4.20 1.3 15.0 na na 
10/26 
Moderate 
Urban na na 196.9 33.14 0.49 3.0 12.5 na na 
10/26 
Moderate 
Forested 2.04 0.006 174.2 48.59 1.35 1.8 13.7 na na 
10/26 Forested 0.09 0.002 190.2 28.05 0.44 0.5 11.8 na na 
11/2 Urban 0.17 0.003 197.1 38.86 1.94 4.4 9.5 na na 
11/2 
Moderate 
Urban na na 206.2 27.44 0.50 0.0 9.0 na na 
11/2 
Moderate 
Forested 1.02 0.003 167.5 53.52 0.41 1.3 9.4 na na 
11/2 Forested 0.08 0.002 207.9 33.05 0.27 0.0 9.2 na na 
11/7 Urban 0.48 0.008 126.0 22.96 4.15 3.3 10.0 na na 
11/7 
Moderate 
Urban 1.27 0.011 201.0 18.14 0.60 2.2 8.6 na na 
11/7 
Moderate 
Forested 3.23 0.010 148.7 22.53 0.73 0.7 8.5 na na 
11/7 Forested 0.40 0.007 163.1 20.74 0.43 4.5 7.5 na na 
11/20 Urban 0.79 0.013 143.8 12.87 2.31 0.7 9.7 na na 
11/20 
Moderate 
Urban 2.92 0.025 180.4 21.22 0.53 2.3 7.2 na na 
11/20 
Moderate 
Forested 5.86 0.018 166.5 17.20 2.05 1.8 9.2 na na 
11/20 Forested 0.88 0.016 162.3 19.49 1.75 1.1 6.5 na na 
11/30 Urban 0.37 0.006 54.6 16.39 0.49 5.3 6.3 na na 
11/30 
Moderate 
Urban 1.16 0.010 98.0 16.03 0.24 3.5 4.8 na na 
11/30 
Moderate 
Forested 3.80 0.012 69.8 17.99 0.57 3.8 5.6 na na 
11/30 Forested 0.71 0.013 96.8 18.00 0.76 10.0 7.2 na na 
12/6 Urban 0.45 0.007 160.3 19.85 0.13 3.9 5.2 na na 
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12/6 
Moderate 
Urban 0.65 0.006 175.5 17.82 0.14 2.3 2.3 na na 
12/6 
Moderate 
Forested 3.23 0.010 157.9 19.94 0.12 1.8 1.6 na na 
12/6 Forested 0.74 0.013 134.3 17.09 0.10 2.7 3.3 na na 
12/13 Urban 6.66 0.107 77.6 27.49 0.39 3.8 10.2 na na 
12/13 
Moderate 
Urban 5.89 0.051 149.0 20.64 0.28 4.5 8.2 na na 
12/13 
Moderate 
Forested 3.09 0.010 150.9 20.22 0.16 0.5 5.3 na na 
12/13 Forested 1.22 0.022 130.8 17.60 0.08 1.0 7.7 na na 
12/20 Urban 0.71 0.011 157.3 19.78 0.28 3.5 3.2 na na 
12/20 
Moderate 
Urban 2.10 0.018 169.7 16.60 0.12 0.7 1.8 na na 
12/20 
Moderate 
Forested 4.33 0.013 154.3 16.61 0.33 1.5 2.8 na na 
12/20 Forested 1.16 0.021 128.1 16.33 0.18 0.5 0.7 na na 
1/5 Urban 0.62 0.010 203.7 23.25 0.15 5.8 5.2 na na 
1/5 
Moderate 
Urban 1.67 0.015 252.5 18.64 0.09 2.7 2.2 na na 
1/5 
Moderate 
Forested 2.92 0.009 221.0 15.25 0.09 2.0 1.3 na na 
1/5 Forested 0.91 0.016 168.1 16.43 0.26 5.1 1.1 na na 
1/10 Urban 0.40 0.006 208.3 15.75 0.44 5.5 2.1 na na 
1/10 
Moderate 
Urban 1.19 0.010 257.7 15.93 0.10 2.3 1.2 na na 
1/10 
Moderate 
Forested 1.81 0.006 231.6 18.11 0.13 7.5 1.2 na na 
1/10 Forested 0.71 0.013 180.3 15.69 0.56 1.7 0.6 na na 
1/22 Urban 1.05 0.017 168.2 16.40 0.29 4.5 1.8 na na 
1/22 
Moderate 
Urban 1.59 0.014 252.4 8.12 0.06 4.0 0.8 na na 
1/22 
Moderate 
Forested 3.37 0.010 228.6 19.54 0.12 5.8 0.2 na na 
1/22 Forested 1.30 0.024 178.5 19.56 0.30 8.2 0.7 na na 
2/8 Urban 1.19 0.019 135.2 11.85 0.35 8.5 2.5 na na 
2/8 
Moderate 
Urban 2.69 0.023 209.0 14.29 0.18 6.0 0.4 na na 
2/8 
Moderate 
Forested 4.25 0.013 204.2 17.62 0.18 5.0 1.3 na na 
2/8 Forested 1.19 0.022 181.2 13.76 0.18 7.2 0.6 na na 
2/13 Urban 0.59 0.010 177.7 17.65 0.24 3.3 2.4 na na 
2/13 
Moderate 
Urban 2.55 0.022 225.1 15.65 0.09 7.0 1.5 na na 
2/13 
Moderate 
Forested 6.18 0.019 216.8 14.97 0.11 2.0 1.1 na na 
2/13 Forested 1.22 0.022 193.7 12.34 0.17 2.8 1.1 na na 
2/22 Urban 1.22 0.020 162.7 14.01 0.22 3.3 2.3 na na 
2/22 
Moderate 
Urban 3.68 0.032 206.7 13.08 0.08 7.0 2.1 na na 
2/22 Moderate 10.91 0.034 199.7 12.40 0.14 2.0 1.3 na na 
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Forested 
2/22 Forested 1.42 0.026 187.7 13.40 0.26 2.8 2.2 na na 
2/26 Urban 4.33 0.069 122.8 18.50 0.61 8.0 4.2 615.0 6.7 
2/26 
Moderate 
Urban 5.24 0.045 173.3 16.76 0.10 2.3 1.8 274.0 6.2 
2/26 
Moderate 
Forested 13.82 0.043 185.0 22.06 0.19 6.1 2.5 248.0 6.2 
2/26 Forested 1.93 0.035 182.2 20.38 0.58 9.0 2.3 129.6 6.5 
3/6 Urban 8.24 0.132 103.5 32.20 1.45 18.0 6.0 462.0 na 
3/6 
Moderate 
Urban 13.68 0.119 127.0 24.52 0.19 6.3 2.7 205.5 na 
3/6 
Moderate 
Forested 40.79 0.126 140.7 14.34 0.16 0.7 1.3 199.5 na 
3/6 Forested 4.99 0.090 139.5 29.06 0.17 8.9 1.4 101.8 na 
3/17 Urban 3.60 0.058 147.8 13.55 0.57 2.7 8.0 549.0 7.1 
3/17 
Moderate 
Urban 10.65 0.092 117.1 13.55 0.26 1.8 6.5 231.0 6.7 
3/17 
Moderate 
Forested 37.39 0.116 116.2 15.00 0.39 0.8 6.2 186.7 6.2 
3/17 Forested 5.41 0.098 117.4 18.05 0.40 1.8 5.5 95.5 6.8 
3/25 Urban 1.67 0.027 151.5 17.42 1.00 1.8 6.4 749.0 7.3 
3/25 
Moderate 
Urban 4.99 0.043 153.6 16.36 0.24 8.5 5.4 266.0 6.9 
3/25 
Moderate 
Forested 13.99 0.043 68.2 14.41 0.28 2.5 5.5 195.5 6.9 
3/25 Forested 3.03 0.055 91.1 14.45 0.43 0.8 5.7 149.3 6.8 
4/11 Urban 1.05 0.017 129.2 19.33 3.05 6.2 11.9 881.0 7.4 
4/11 
Moderate 
Urban 2.63 0.023 34.2 15.59 0.50 2.8 12.6 369.0 7.2 
4/11 
Moderate 
Forested 8.41 0.026 12.5 15.15 0.32 0.5 13.2 302.0 7.1 
4/11 Forested 1.67 0.030 30.4 14.57 0.97 1.5 13.1 162.0 7.4 
4/16 Urban 1.53 0.025 125.0 22.15 2.56 5.5 12.2 630.0 6.6 
4/16 
Moderate 
Urban 4.28 0.037 34.3 12.81 0.63 2.2 11.5 309.0 6.6 
4/16 
Moderate 
Forested 12.78 0.039 14.5 12.72 1.33 1.0 11.6 257.0 6.5 
4/16 Forested 2.07 0.037 23.5 13.53 0.70 0.5 11.4 141.0 6.8 
4/22 Urban 1.64 0.026 120.7 24.52 2.41 6.3 11.0 645.0 6.7 
4/22 
Moderate 
Urban 4.67 0.041 32.5 11.30 0.77 1.5 11.6 310.0 6.4 
4/22 
Moderate 
Forested 13.68 0.042 16.6 11.49 0.84 1.0 12.0 239.0 6.7 
4/22 Forested 2.49 0.045 25.8 12.08 0.68 1.0 12.1 147.0 6.9 
4/29 Urban 1.33 0.021 114.5 19.86 1.96 5.2 19.7 1000.0 7.1 
4/29 
Moderate 
Urban 3.20 0.028 35.7 13.57 0.92 1.5 19.3 371.0 6.7 
4/29 
Moderate 
Forested 9.80 0.030 15.2 12.57 1.26 1.8 20.0 304.0 6.7 
4/29 Forested 1.70 0.031 14.9 14.13 0.99 1.0 20.0 206.0 7.0 
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5/6 Urban 1.02 0.016 128.9 17.27 1.88 5.2 14.9 736.0 6.9 
5/6 
Moderate 
Urban 1.87 0.016 63.4 12.03 0.86 2.5 15.2 409.0 6.9 
5/6 
Moderate 
Forested 6.60 0.020 33.1 8.61 1.28 1.0 15.5 305.0 6.7 
5/6 Forested 1.33 0.024 21.4 10.92 0.99 0.3 17.3 179.7 7.3 
5/13 Urban 1.36 0.022 96.0 23.02 4.35 6.2 17.1 742.0 7.1 
5/13 
Moderate 
Urban 0.74 0.006 47.7 12.67 0.11 2.0 16.7 390.0 7.1 
5/13 
Moderate 
Forested 3.80 0.012 39.1 13.66 0.65 1.8 16.9 305.0 6.9 
5/13 Forested 0.91 0.016 21.3 9.60 0.67 0.2 17.0 171.0 7.4 
5/20 Urban 0.13 0.002 177.6 14.48 5.08 2.0 14.4 622.0 7.0 
5/20 
Moderate 
Urban 2.32 0.020 82.5 12.26 0.88 0.7 14.2 297.0 7.0 
5/20 
Moderate 
Forested 7.17 0.022 54.5 12.39 0.57 1.8 13.9 156.9 7.3 
5/20 Forested 1.44 0.026 34.0 10.03 0.92 0.0 13.9 266.0 7.0 
5/27 Urban 0.34 0.005 176.7 13.86 5.39 3.5 22.1 967.0 7.1 
5/27 
Moderate 
Urban 0.85 0.007 46.1 10.52 0.48 3.3 23.2 420.0 7.2 
5/27 
Moderate 
Forested 6.18 0.019 28.6 13.23 0.66 1.5 25.5 321.0 7.0 
5/27 Forested 1.13 0.021 16.4 13.41 0.90 4.3 24.5 200.1 7.4 
6/10 Urban 0.88 0.014 68.0 16.18 2.08 6.0 22.9 503.0 7.5 
6/10 
Moderate 
Urban 0.42 0.004 98.3 11.64 1.15 1.5 24.2 494.0 7.5 
6/10 
Moderate 
Forested 2.41 0.007 91.2 11.34 1.06 3.5 24.3 382.0 7.3 
6/10 Forested 0.31 0.006 58.0 12.35 0.78 1.5 24.1 224.0 7.6 
6/15 Urban 0.48 0.008 99.8 16.74 1.32 na 19.5 722.0 7.5 
6/15 
Moderate 
Urban 0.68 0.006 137.3 13.91 0.37 na 18.4 387.0 7.6 
6/15 
Moderate 
Forested 3.43 0.011 104.3 10.17 0.37 na 18.6 312.0 7.3 
6/15 Forested 0.51 0.009 78.8 12.07 0.36 na 19.3 194.3 7.6 
6/24 Urban 2.27 0.036 57.4 18.82 2.40 9.8 18.8 504.0 7.7 
6/24 
Moderate 
Urban 3.57 0.031 125.2 11.35 0.99 5.2 18.3 240.0 7.3 
6/24 
Moderate 
Forested 5.98 0.018 113.6 17.56 2.06 3.0 19.0 248.0 7.1 
6/24 Forested 0.71 0.013 82.5 15.45 0.39 1.5 18.4 17.5 7.5 
7/2 Urban 0.40 0.006 136.5 19.66 1.19 6.7 24.3 815.0 7.5 
7/2 
Moderate 
Urban 1.39 0.012 137.1 15.60 0.75 2.1 23.7 399.0 7.6 
7/2 
Moderate 
Forested 6.18 0.019 132.3 13.28 0.74 3.8 25.5 306.0 7.2 
7/2 Forested 1.30 0.024 102.0 17.92 0.61 3.0 190.5 24.6 7.5 
7/6 Urban 0.31 0.005 144.0 15.59 3.39 5.2 25.7 931.0 6.8 
7/6 
Moderate 
Urban 0.71 0.006 151.2 13.24 0.79 1.8 26.7 450.0 7.3 
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7/6 
Moderate 
Forested 3.71 0.011 134.1 18.23 0.74 3.0 26.6 369.0 7.1 
7/6 Forested 1.02 0.018 112.7 22.80 2.38 3.0 25.7 210.5 7.3 
7/18 Urban 0.27 0.004 146.1 23.98 3.18 5.5 23.5 882.0 6.8 
7/18 
Moderate 
Urban 0.37 0.003 186.5 21.48 0.88 2.8 24.8 494.0 7.2 
7/18 
Moderate 
Forested 1.70 0.005 148.6 17.67 1.01 4.2 24.9 382.0 7.1 
7/18 Forested 0.40 0.007 143.8 24.07 0.99 12.3 24.2 218.5 7.5 
7/28 Urban 0.14 0.002 147.6 23.84 2.14 4.8 22.5 967.0 6.8 
7/28 
Moderate 
Urban 0.07 0.001 170.5 17.50 2.91 2.8 24.7 510.0 7.1 
7/28 
Moderate 
Forested 0.91 0.003 156.2 16.12 0.66 2.3 25.0 415.0 7.2 
7/28 Forested 0.04 0.001 152.6 14.76 0.80 3.5 24.0 270.0 7.0 
8/4 Urban 0.40 0.006 106.7 24.96 1.11 6.0 22.7 697.0 6.8 
8/4 
Moderate 
Urban 0.51 0.004 164.7 15.43 2.24 4.0 24.2 538.0 7.3 
8/4 
Moderate 
Forested 0.40 0.001 146.2 13.92 0.85 1.8 27.1 444.0 7.5 
8/4 Forested 0.02 0.000 158.8 15.86 0.74 4.8 23.5 291.0 7.0 
8/11 Urban 2.97 0.048 98.8 22.16 2.98 9.0 22.6 477.0 7.1 
8/11 
Moderate 
Urban 3.20 0.028 188.5 17.95 0.72 1.0 23.2 276.0 6.7 
8/11 
Moderate 
Forested 4.16 0.013 165.5 15.84 1.91 2.8 23.0 318.0 6.9 
8/11 Forested 0.37 0.007 154.2 19.55 2.70 3.2 23.6 221.0 7.2 
8/19 Urban 0.68 0.011 146.1 20.90 0.76 3.0 23.3 660.0 7.2 
8/19 
Moderate 
Urban 1.59 0.014 214.1 21.12 0.75 2.5 23.8 443.0 7.0 
8/19 
Moderate 
Forested 5.30 0.016 186.4 30.42 0.33 4.2 24.6 302.0 6.9 
8/19 Forested 0.54 0.010 159.3 13.39 0.32 2.0 23.3 213.2 7.3 
8/23 Urban 1.16 0.019 144.5 15.28 0.35 4.3 23.0 658.0 na 
8/23 
Moderate 
Urban 0.82 0.007 222.7 10.19 0.66 3.0 24.3 392.0 na 
8/23 
Moderate 
Forested 4.11 0.013 199.0 10.76 1.00 3.0 23.1 311.0 na 
8/23 Forested 0.28 0.005 176.3 10.96 0.25 1.5 22.6 217.3 na 
8/29 Urban 3.31 0.053 121.5 12.30 0.78 7.0 20.3 448.0 na 
8/29 
Moderate 
Urban 4.08 0.035 185.9 11.50 0.57 3.3 20.8 235.0 na 
8/29 
Moderate 
Forested 5.01 0.015 192.0 10.28 0.74 5.2 21.5 276.0 na 
8/29 Forested 0.91 0.016 186.6 13.69 1.95 5.2 21.8 200.0 na 
9/8 Urban 5.95 0.095 83.9 63.48 1.40 na 17.7 310.0 6.8 
9/8 
Moderate 
Urban 3.17 0.028 212.3 10.99 0.19 6.0 18.2 287.0 7.1 
9/8 
Moderate 
Forested 5.47 0.017 186.9 16.40 0.43 6.0 19.2 261.0 7.0 
9/8 Forested 1.16 0.021 163.6 18.42 0.91 7.3 19.2 174.4 7.3 
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9/14 Urban 0.91 0.015 151.1 13.91 3.40 9.7 22.6 701.0 7.2 
9/14 
Moderate 
Urban 1.78 0.015 201.0 5.72 0.21 2.5 21.9 349.0 6.9 
9/14 
Moderate 
Forested 6.18 0.019 186.3 12.97 0.80 3.5 23.0 284.0 6.8 
9/14 Forested 1.02 0.018 165.4 11.65 0.40 3.7 22.5 196.9 7.3 
9/24 Urban 2.35 0.038 95.8 16.12 2.95 13.0 21.8 400.0 na 
9/24 
Moderate 
Urban 1.39 0.012 219.3 16.03 0.37 5.0 20.4 359.0 na 
9/24 
Moderate 
Forested 3.23 0.010 181.2 14.89 0.56 4.3 21.2 305.0 na 
9/24 Forested 0.27 0.005 176.2 9.82 1.13 15.4 20.5 197.9 na 
9/28 Urban 0.68 0.011 158.0 12.45 1.97 6.3 19.0 7.2 629.0 
9/28 
Moderate 
Urban 0.99 0.009 220.0 14.83 0.28 4.0 19.0 6.8 376.0 
9/28 
Moderate 
Forested 3.94 0.012 179.8 15.60 0.38 5.0 19.0 7.0 315.0 
9/28 Forested 0.37 0.007 175.5 12.86 0.80 5.5 18.5 7.3 192.7 
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Appendix F: Biome assignments by order for Chapter 3 
 
Class2 Order Average of %Si 
Biome 
type 1 Biome type 2 
Angiosperm Acorales 0.070 9 na 
 
Alismatales 0.483 9 na 
 
Arecales 1.183 1 na 
 
Asparagales 0.190 2 1 
 
Brassicales 0.244 1 2 
 
Caryophyllales 0.262 7 2 
 
Commelinales 0.390 9 na 
 
Cucurbitales 0.600 1 na 
 
Fabales 0.251 1 3 
 
Fagales 0.871 3 4 
 
Garryales 0.413 6 na 
 
Geraniales 0.300 3 na 
 
Laurales 0.437 1 2 
 
Magnoliales 0.611 1 2 
 
Malpighiales 0.195 2 4 
 
Malvales 0.282 1 2 
 
Myrtales 0.114 1 2 
 
Pandanales 0.230 1 na 
 
Piperales 0.715 3 na 
 
Poales 1.526 9 5 
 
Proteales 0.196 5 2 
 
Ranunculales 0.514 3 na 
 
Rosales 0.844 3 na 
 
Santalales 0.126 1 2 
 
Sapindales 0.430 1 3 
 
Saxifragales 1.343 3 4 
 
Zingiberales 0.521 1 na 
Bryophyta(mosses) Sphagnales 1.370 8 na 
Pinophyta(gymnosperm) Cycadales 0.070 1 2 
 
Ephedrales 0.020 2 na 
 
Ginkgoales 0.050 3 na 
 
Pinales 0.379 4 3 
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Biome type assignments 
ID Ecosystem  
1 Tropical wet and moist forest 
2 Tropical dry forest 
3 Temperate forest 
4 Boreal forest 
5 
Tropical woodland and 
savanna 
6 Temperate steppe 
7 Desert 
8 Tundra 
9 Wetland 
10 Cultivated land 
11 Rock and ice 
 
 
Specific calculations on Si content for biomes with weighted Si concentrations (not simple 
averages) 
Biome Order % Si 
  Tundra 
    
 
Ericales 0.32 
  
 
Sphagnales 1.37 
  
 
Poales 1.53 
  
 
Avg 1.07 
  
 
Stdev 0.65 
  
 
Std Error 0.46 
  Desert 
    
 
Caryophyllales 0.26 
  
     Tropical woodland and savanna 
 
   
Proportion 
% Si 
(weighted) 
 
Proteales 0.20 0.3 0.06 
 
Poales 1.53 0.7 1.07 
 
Avg 0.86 
 
1.13 
 
Stdev 0.94 
 
0.71 
  
* 30% tree cover, 70% grassland cover 
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Appendix G: Supplementary Information for Chapter 4 
 
 
Supplementary Methods 
We took 11 cores throughout Narragansett Bay, RI (Table 1), which were immediately 
frozen upon collection. While frozen, cores were cut into 1 cm increments in the lab. We 
calculated bulk density by recording the weight of oven-dried (70°C) core subsections of 
known dimensions. We calculated LOI by combusting roughly 5g of sediment at 450°C 
for 6 hours. Bulk density was inversely correlated with sediment organic matter (r=-0.86, 
p=0.03) (Supplementary Fig 3). 
 
Supplementary Discussion 
Southern New England is an ideal location to study salt marsh accretion as a 
response to SLR because rates of compaction are small and isostatic and eustastic SLR 
are relatively equal (Kolker et al. 2009; Mccaffrey and Thomson 1980). Since vegetation 
zones of northeastern salt marshes are associated with elevation (Nixon 1982), 
controlling for species allowed us to control for elevation, which often exerts a strong 
control on sediment deposition rates. Likewise, salinity (27-32 ppt) and tidal inundation 
(~1m) are consistent throughout the estuary, making comparisons across marshes 
possible.  
The chronology of the sediments was calculated using radionuclide profiles of 
210
Pb, 
226
Ra, and 
137
Cs (Supplementary Fig. 4). Such radiometric techniques are ideal for 
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measuring marsh accretion rates as they are able to account for processes that alter 
accretion rates both above the surface (i.e. storm events) and below the surface (i.e. 
decomposition and compaction), creating reliable estimates of long-term (10-100 years) 
accretion rates (Kolker et al. 2009; Mccaffrey and Thomson 1980; Orson et al. 1998). 
Due to the high bulk density and low organic matter found at site 5, the accretion rates 
calculated at that site are considered tenuous. However, the trends described persist with 
or without inclusion of this site.  
The output of the CIC and CRS models were significantly correlated (r=0.93, 
p=0.006), similar to findings by Bricker et al. (1989) However, the assumption of 
constant sedimentation inherent in the CIC model does not apply at the two most exposed 
marshes located in the lower estuary (Sites 4 and 5) (Table 1), denoted by the non-
linearity of the change in excess 
210
Pb with depth. Because of this poor fit of the CIC 
model at Sites 4 and 5, the CRS model appears to be the best choice for our study sites. 
The total inventory (I) of 
210
Pb and 
137
Cs in the cores is a useful tool to determine 
whether the measured values are consistent with the assumption that atmospheric 
deposition is the main source 
210
Pb and 
137
Cs to the marsh surface. If atmospheric 
deposition is the sole source of 
210
Pb to the marsh, inventories of 
210
Pb in marsh sediment 
should be between 22-38 dpg cm
-2 
(Graustein and Turekian 1986). Values in excess of 
that range indicate additional sources of the metals to the marsh surface, while lower 
inventories indicate that erosive forces may have caused depletion of the excess 
210
Pb 
over time (Bricker-Urso et al. 1989). Consistent with historical observations, our 
inventories ranged from 27 to 51 dpm cm
-2 
(Supplemental Table 1). None of our marshes 
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are depleted in 
210
Pb, indicating that erosion of these marshes has not been a prominent 
force in the estuary over the last century.   
Based on the 30 year half-life of 
137
Cs and a measured inventory of 21.8 dpg cm
-2 
in 1984 (Graustein and Turekian 1986), we would expect a 
137
Cs inventory of 11.6 dpm 
cm
-2
. Similar to the observations of Cochrain et al. (1998), we measured 
137
Cs inventories 
ranging from 1.4 to 5.8 dpg cm
-2
, less than would be expected through atmospheric 
deposition. These inventories indicate that 
137
Cs is depleted in the marshes, possibly 
causing the discrepancy in accretion rates obtained using the 
137
Cs compared to 
210
Pb 
(Table 1). However, for dating purposes, post-depositional mobility is most important, 
rather than a strict retention. The sharp distinct peaks observed in each profile (accept site 
3a) (Supplementary Fig 4) indicates that our values are reliable estimates of accretion 
rates, in agreement with prior reports both within New England (Orson et al. 1998; 
Roman et al. 1997; Turner et al. 2002). When interpreting the 
137
Cs data, it must be 
remembered that 
137
Cs dating does not provide information regarding the process of 
sedimentation through time. Rather it provides one marker from a half-century ago, 
without allowing for any interpretation of sedimentation processes since the deposition 
peak of 
137
Cs in 1963. 
137
Cs-derived accretion rates (0.25-0.52 cm yr
-1
)
 
were lower than 
historical measurements at the same location (Bricker-Urso et al. 1989) (Table 1), and 
lower than the current (2000-2011) rate of SLR (0.91±0.2 cm yr
-1
) at all marsh sites. No 
trends in accretion rates (both 
137
Cs- and 
210
Pb-derived) were observed along the gradient 
of the estuary from head to mouth (north to south). 
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Prior studies have found the low marsh zone to accrete 1.5 times faster than the 
rate of SLR (Bricker-Urso et al. 1989, Orson et al. 1998). Contrary to those results, none 
of our marshes located more internal to the estuary (Sites 1-3a) have rates 1.5 times that 
of SLR (0.43 cm yr
-1 
using the more conservative rate from 1984-2011) (Table 1, Fig. 1), 
further highlighting the deceleration in rates in recent years. 
The salt marshes included in this study represent the range nutrient conditions 
found in coastal systems – from a highly eutrophic marsh (Wigand et al. 2001) (Site 2), to 
a low-nutrient, highly-exposed marsh (Site 5). We observe no trend between summer 
dissolved inorganic nitrogen (DIN) concentrations of the inundating water and marsh 
accretion rates (R
2
=0.002) (Supplementary Fig. 5). Values for sites 1, 3, and 4 were taken 
from the closet station, which was sampled monthly from 2006-2010 (Krumholz 2012). 
Values for site 2 was taken during August 2010 hourly over a complete tidal cycle (Carey 
and Fulweiler 2013). Values for site 5 are averages values from the four Great Salt Pond, 
BI water quality stations (WW272-WW275) and does not include nitrite (Watershed 
Watch 2012).  
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Tables 
 
Supplementary Table 4.1: Core Depth and inventories of radionuclides in sediment 
  
Inventory (dpm cm
-2
) 
Site Depth (cm) 
137
 Cs 
210
 Pb  
1 50 5.82 47.6 
2 52 3.58 42.9 
3a 26 1.45 50.8 
3b 41* 3.94 33.8 
4 50 2.61 27.1 
5 26 1.00 39.6 
 
*
137
Cs core depth was 52 cm 
 
 
  
233 
 
 
 
Figures 
 
 
Supplementary Figure 1 Annual average sea level rise in Northeast (NOAA Newport, RI 
tide gage): 1931-1983 (filled circles), 1984-1999 (open circles) and 2000-2011 (open 
squares) (NOAA 2012). The division between the first two regressions marks the date of 
historical field measurements of marsh accretion rates(Bricker-Urso et al. 1989). 
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Supplementary Figure 4.2 Marsh depth and sea level over time in Narragansett Bay, 
USA. Vertical axis on right represents marsh deepth (cm). Vertical axis on left represents 
mean sea level (cm) relative to station datum(Noaa 2012).  Open circles represent mean 
sea level. Black circles represent marsh elevation over time as computed by the CRS 
210
Pb model. Numbers represent sites. All cores are from the low marsh, except Core 3b 
which was taken from the high marsh platform. Long term rate of SLR is 0.27 cm yr
-
1
(R
2
=0.88).  Because accretion rates determined with the 
210
Pb do not give you the actual 
elevation of the marsh in prior times, this figure is meant to visualize the temporal change 
in sea level compared to marsh surface elevation, rather than as a means to calculate 
accretion rates.  
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Supplementary Figure 4.3 Sediment characteristics in each core. a) sediment organic 
matter (% LOI) b) bulk density (g cm
-3
). 
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Supplementary Figure 4.4 Geochemical profiles of each core. 
137
Cs activities (top 
horizontal axis, filled circles), 
210
Pbxs activities (bottom horizontal axis, open circles). 
Exponential declines in 
210
Pb activities, indicated by the regressions lines, observed in all 
cores except Site 5. All cores are from the low marsh, except Core 3b which was taken 
from the high marsh platform. 
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Supplementary Figure 4.5 Average (±SE) accretion rate as a function of average 
dissolved inorganic nitrogen (DIN) concentrations in the inundating water. References 
for DIN data as follows: (Sites 1, 3, 4) (Krumholz 2012), (Site 2) (Carey and Fulweiler 
2013), (Site 5) (Watershed Watch 2012).  
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Appendix H: Raw geochemical data (
210
Pb, 
226
Ra, 
137
Cs) for Chapter 4 
 
  Depth 
of core 
(cm) 
210-Pb 226-Ra 137-Cs 
 
Mid-
pt 
(cm) dpm g
-1
 ± dpm g
-1
 ± dpm g
-1
 ± 
Core 1 
        PR 0-1 0.5 1 13.669 0.670 0.694 0.086 0.140 0.062 
PR 1-2 1.5 1 12.828 0.593 1.048 0.095 0.115 0.047 
PR 2-3 2.5 1 6.364 0.452 0.724 0.066 0.000 0.000 
PR 15-16 15.5 1 5.398 0.371 0.920 0.061 0.239 0.038 
PR 20-21 19.5 1 5.330 0.305 1.204 0.052 0.404 0.028 
PR 23-24 23.5 1 4.422 0.406 1.707 0.077 0.842 0.044 
PR 25-26 25.5 1 5.250 0.454 1.024 0.082 0.921 0.055 
PR 26-27 26.5 1 2.498 0.308 1.729 0.061 0.822 0.035 
PR 30-31 30.5 1 3.321 0.252 1.140 0.047 0.232 0.022 
PR 35-37 36 2 1.581 0.315 1.341 0.063 0.000 0.000 
PR 40-41 40.5 1 1.731 0.274 1.966 0.066 0.000 0.000 
PR 45-46 45.5 1 2.617 0.275 1.902 0.057 0.082 0.022 
PR 49-50 49.5 1 2.387 0.334 1.534 0.070 0.124 0.038 
         Core 2 
        App Alt_2-3 2.5 1 16.576 1.009 1.307 0.136 0.230 0.085 
App Alt_3-4 3.5 1 8.900 0.672 1.040 0.102 0.232 0.047 
App Alt_4-5 4.5 1 8.701 0.773 0.963 0.109 0.318 0.064 
App Alt_5-6 5.5 1 11.435 0.719 1.446 0.115 0.532 0.063 
App Alt_6-7 6.5 1 9.693 0.712 1.134 0.107 0.560 0.062 
App Alt_7-8 7.5 1 9.536 0.765 1.490 0.135 0.656 0.082 
App Alt_8-9 8.5 1 7.249 0.655 1.402 0.110 0.523 0.054 
App Alt_9-10 9.5 1 5.558 0.459 1.438 0.083 0.368 0.038 
App Alt_10-11 10.5 1 8.857 0.802 1.371 0.127 0.844 0.076 
App Alt 12-13 12.5 1 8.936 0.610 2.578 0.113 1.744 0.076 
App Alt 14-15 14.5 1 6.595 0.570 1.884 0.109 0.999 0.068 
App Alt_15-16 15.5 1 6.249 0.587 1.399 0.095 0.974 0.067 
App Alt_20-22 21 2 6.418 0.628 1.287 0.106 0.285 0.059 
App Alt_24-26 25 2 3.207 0.306 1.188 0.053 0.108 0.027 
App Alt_30-32 31 2 2.559 0.287 1.262 0.060 0.067 0.029 
App Alt_34-36 35 2 2.761 0.250 1.164 0.060 0.060 0.033 
App Alt_40-42 41 2 2.544 0.291 1.105 0.058 0.010 0.036 
App Alt_44-46 45 2 1.735 0.238 0.978 0.048 0.000 0.000 
App Alt_50-52 51 2 1.870 0.316 1.093 0.058 0.000 0.000 
         Core 3 a 
        Nag Alt 2 0-1 1 1 23.468 1.091 0.749 0.149 0.000 0.000 
Nag Alt 2 1-2 1.5 1 21.548 0.603 1.038 0.077 0.181 0.034 
Nag Alt 2 2-3 3 1 13.647 0.946 0.575 0.120 0.000 0.000 
Nag Alt 2 3-4 3.5 1 24.393 0.661 0.855 0.077 0.205 0.041 
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Nag Alt 2 4-5 4.5 1 13.632 0.844 0.946 0.130 0.149 0.055 
Nag Alt 2 5-6  5.5 1 16.868 1.260 0.791 0.170 0.116 0.095 
Nag Alt 2 6-7 6.5 1 22.309 1.234 0.996 0.188 0.133 0.082 
Nag Alt 2 7-8 7.5 1 17.932 1.056 1.173 0.147 0.393 0.078 
Nag Alt 2 8-9 8.5 1 8.612 0.704 1.267 0.148 0.168 0.051 
Nag Alt 2 9-10  9.5 1 11.995 0.782 0.824 0.110 0.513 0.062 
Nag Alt 2 10-11 10.5 1 9.262 0.722 1.306 0.123 0.407 0.060 
Nag Alt 2 15-16 15.5 1 7.786 0.439 1.027 0.076 0.577 0.042 
Nag Alt 2 19-20 19.5 1 4.081 0.422 0.768 0.077 0.094 3.187 
Nag Alt 2 25-26 25.5 1 3.773 0.489 0.982 0.079 0.145 3.742 
Nag Alt 2 45-46 45.5 1 0.193 0.326 0.402 0.064 0.000 0.000 
Nag Alt 2 49-50 49.5 1 0.891 0.446 0.669 0.086 0.081 3.478 
         Core 3 b 
        Nag pat_0-2 1 2 20.329 1.230 0.473 0.134 0.028 0.082 
Nag pat_2-3 2.5 1 10.674 0.907 0.524 0.135 0.015 0.105 
Nag pat_4-5 4.5 1 11.337 0.823 0.794 0.103 0.315 0.069 
Nag pat_6-8 7 2 10.373 0.788 0.799 0.131 1.479 0.115 
Nag pat_8-9 8.5 1 12.793 0.633 1.090 0.090 5.786 0.127 
Nag pat_10-11 10.5 1 9.689 0.522 0.662 0.060 0.535 0.055 
Nag pat_15-16 15.5 1 3.461 0.371 0.867 0.063 0.241 0.038 
Nag pat_20-22 21 2 4.708 0.469 0.850 0.085 0.054 0.059 
Nag pat_25-26 25.5 1 2.994 0.346 0.922 0.061 0.158 0.036 
Nag pat_30-31 30.5 1 1.493 0.284 0.632 0.057 0.133 0.027 
Nag pat_35-37 36 2 0.779 0.244 0.633 0.042 0.063 0.028 
Nag pat_40-41 40.5 1 0.610 0.227 0.371 0.042 0.071 0.029 
Nag pat_45-46 45.5 1 0.099 0.247 0.622 0.046 0.031 0.028 
Nag pat_50-52 49.5 2 1.157 0.284 0.486 0.046 0.065 0.033 
         Core 4 
        JT 0-1 0.5 1 9.232 0.318 1.090 0.049 0.170 0.027 
JT 1-2 1.5 1 12.698 0.594 1.203 0.101 0.160 0.058 
JT 2-3 2.5 1 12.437 0.590 0.930 0.083 0.114 0.044 
JT 3-4 3.5 1 5.046 0.449 1.169 0.071 0.187 0.036 
JT 4-5 4.5 1 2.983 0.234 0.994 0.039 0.155 0.020 
JT 5-6 5.5 1 1.882 0.193 1.107 0.039 0.156 0.020 
JT 6-7 6.5 1 1.927 0.162 0.875 0.032 0.082 0.012 
JT 7-8 7.5 1 2.047 0.196 0.699 0.034 0.135 0.018 
JT 8-9 8.5 1 1.788 0.160 0.734 0.031 0.134 0.018 
JT 9-10 9.5 1 1.540 0.184 0.910 0.035 0.168 0.017 
JT 10-11 10.5 1 3.409 0.282 1.012 0.051 0.102 0.021 
JT 13-14 13.5 1 1.666 0.176 1.803 0.044 0.262 0.017 
JT 15-16 15.5 1 3.285 0.309 1.066 0.056 0.746 0.036 
JT 16-17 16.5 1 2.203 0.182 1.376 0.038 0.366 0.019 
JT 19-20 19.5 1 1.270 0.165 1.007 0.032 0.194 0.018 
JT 25-26 25.5 1 2.136 0.211 1.483 0.039 0.115 0.022 
JT 30-31 30.5 1 1.981 0.234 1.253 0.049 0.000 0.000 
JT 40-41 40.5 1 1.778 0.189 1.170 0.037 0.000 0.000 
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JT 49-50 49.5 1 1.605 0.214 1.419 0.044 0.000 0.000 
         Core 5 
        BI 0-1 0.5 1 3.445 0.220 0.454 0.024 0.025 0.015 
BI 1-2 1.5 1 1.431 0.154 0.580 0.031 0.004 0.017 
BI 2-3 2.5 1 0.847 0.101 0.421 0.024 0.053 0.013 
BI 3-4 3.5 1 1.101 0.139 0.567 0.028 0.000 0.000 
BI 4-5 4.5 1 1.002 0.122 0.467 0.019 0.000 0.000 
BI 5-6 5.5 1 1.259 0.127 0.462 0.020 0.000 0.000 
BI 6-7 6.5 1 1.201 0.074 0.823 0.016 0.000 0.000 
BI 7-8 7.5 1 1.464 0.131 0.512 0.025 0.000 0.000 
BI 8-9 8.5 1 1.864 0.181 0.869 0.033 0.038 0.015 
BI 9-10 9.5 1 1.805 0.145 0.665 0.025 0.048 0.010 
BI 10-11 10.5 1 2.207 0.217 0.781 0.038 0.071 0.020 
BI 15-16 15.5 1 4.156 0.355 0.724 0.058 0.143 0.033 
BI 20-21 20.5 1 1.467 0.162 1.156 0.033 0.020 0.015 
BI 25-26 25.5 1 1.109 0.109 0.807 0.020 0.006 0.011 
BI 30-31 30.5 1 0.759 0.129 0.927 0.027 0.000 0.000 
BI 35-36 35.5 1 2.748 0.248 2.970 0.063 0.000 0.000 
BI 40-41 40.5 1 2.492 0.159 2.603 0.037 0.000 0.000 
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Appendix I: Similarities and differences between the sites (cores) for Chapter 4  
 
The Bricker-Urso et al. (1989) Core #3 was taken from a marsh located on the southern (‘bay-
side’) side of the sand spit known as Conimicut Point. The average bulk density of this core (from 
the appendix of Bricker-Urso’s thesis) is 0.54 g cm-3. We compare the Bricker-Urso et al. (1989) 
core 3 to our Site 1, located 2.5 km to the east, on the opposite side of Narragansett Bay. Our Site 
1 is located adjacent (~50 meters) from a sand barrier beach, likely within similar proximity to a 
source of sand as was the location of the marsh we used for comparison (Core #3 in the Bricker-
Urso study). The average bulk density of our core was 0.37 g cm
-3
. Therefore, our Core 1 likely 
had less sand than the Bricker Core 3. However, the density of material is taken into account in 
using the CRS accretion rate model, likely not resulting in accretion rates biased by different 
density in the marshes. In addition, both cores show strong exponential decay of 
210
Pb activity 
with depth (R
2
=0.72 and R
2
=0.88 in our core and the Bricker core, respectively), indicating 
datable cores and reliability in the data. 
 
We compared our Core 3 taken at Nag Marsh to Core 4 from the Bricker-Urso study, which was 
taken at Coggeshall Marsh. Both marshes are located on Prudence Island and are a part of the 
Narragansett Bay National Estuarine Research Reserve (NBNERR). There are many similarities 
between the two marshes. Both are located on glacial outwash-dominated marshes. Similar 
vegetation dominates both marshes (e.g. S. alterniflora, S. patens, Distichlis spicata, etc). Both 
marshes contain mosquito ditches and are surrounded by undeveloped land cover. Further, neither 
marshes have ever been tidally restricted. Salinity and water level data are not available at 
Coggeshall marsh, but a report published by Raposa and Weber (2011) states that the values are 
‘expected to be similar to data from Nag Marsh due to the close proximity of the marshes to each 
other on Prudence Island’. Further, this same report highlights that all of these site-specific 
characteristics result in these marshes being ideal reference sites in Narragansett Bay (Raposa and 
Weber 2011). The largest difference between the sites is the Nag Marsh has one tidal inlet for 
exchange with estuarine water, while Coggeshall has two tidal creeks exchanging material with 
the marsh. In addition, personal communication with NBNERR staff indicate the vegetation 
dieback at Nag marsh is more severe and persistent compared to Coggeshall during the last 
several years (Raposa, K., personal communication). 
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Figure 1: Map of study sites in Narragansett Bay, RI. Black dots indicate locations of our sites. Black 
circles and white numbers indicate locations and ID of our study sites. Black triangles and black numbers 
indicate locations and ID of Bricker-Urso et al. (1989) study sites. Black triangle #3 was compared with our 
Site 1. Black triangle #4 was compared with our Site 3. Our site 4 was analyzed in both studies (was 
labeled site 5 ‘lower bay’ in the Bricker-Urso et al. (1989) study).  
 
Reference: 
Raposa, K. and Weber, R. (2011). Report 2011:3 - NERRS Reference Sites Project: Final Report from the 
Narragansett Bay Research Reserve. http://www.nbnerr.org/techreports.htm 
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Appendix J: Porewater Values for Chapter 5 
 
 
High Nutrient Site Low Nutrient Site 
 
S. alterniflora S. patens S. alterniflora S. patens 
 
Spring 
Depth (cm) 
   3 247.3 106.8 120.4 148.3 
6 171.8 132.3 116.7 173.3 
9 176.9 171.1 130.3 130.0 
12 181.2 210.6 82.5 122.1 
15 175.4 204.9 127.8 113.2 
18 194.7 225.4 110.3 118.6 
21 177.3 252.7 122.1 106.5 
24 222.0 293.8 127.1 102.0 
27 208.2 308.6 139.0 106.1 
30 184.4 275.4 146.0 151.7 
     
 
Summer 
3 77.0 41.5 91.1 21.7 
6 124.9 116.0 83.1 69.4 
9 116.7 136.8 91.0 69.8 
12 113.4 183.1 93.4 87.4 
15 116.1 194.3 108.5 88.2 
18 118.1 99.4 103.8 65.8 
21 100.5 119.1 119.7 64.3 
24 118.8 155.8 130.1 50.1 
27 119.6 130.6 132.2 40.2 
30 136.1 161.3 154.8 70.0 
     
 
Fall 
3 40.5 49.6 45.5 47.6 
6 56.8 84.5 55.8 62.4 
9 69.4 114.9 56.0 91.6 
12 100.3 132.4 59.1 114.4 
15 83.1 132.3 59.7 130.4 
18 80.0 134.5 69.7 96.8 
21 86.8 126.2 102.1 108.1 
24 83.9 121.8 121.2 97.7 
27 97.4 126.2 129.5 108.0 
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30 103.4 124.3 146.2 102.4 
     
 
Winter 
3 14.6 8.1 16.3 19.2 
6 29.9 48.2 28.8 23.8 
9 43.5 33.2 74.6 40.6 
12 59.7 46.0 50.7 44.3 
15 72.0 50.1 67.1 46.2 
18 74.8 47.4 71.4 43.5 
21 72.2 39.4 88.3 46.5 
24 69.3 37.6 94.9 50.6 
27 68.1 40.7 94.4 53.7 
30 66.8 41.7 93.8 54.0 
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Appendix K: Sediment ASi Concentrations for Chapter 5 
 
Sediment ASi concentrations((% SiO2 by wt.) 
  
        
 
S. alterniflora 
 
S. patens 
 
Avg Std Dev Std Error 
 
Avg Std Dev Std Error 
 
Winter 
Depth 
(cm) Low Nutrient 
     0-1 7.45 1.45 0.84 
 
4.62 2.06 1.19 
1-10 5.92 2.76 1.59 
 
2.23 1.28 0.74 
10-20 4.23 0.74 0.43 
 
0.85 0.60 0.35 
20-30 4.10 0.95 0.55 
 
0.94 0.85 0.49 
        
 
High Nutrient 
     0-1 10.27 0.91 0.53 
 
7.36 1.89 1.09 
1-10 7.55 1.11 0.64 
 
4.19 0.72 0.41 
10-20 5.63 0.98 0.70 
 
3.02 1.44 0.83 
20-30 5.31 1.51 1.07 
 
4.46 0.90 0.52 
        
 
Fall 
 
Low Nutrient 
     0-1 6.99 0.94 0.67 
 
4.25 1.01 0.59 
1-10 3.43 0.82 0.58 
 
3.32 2.51 1.45 
10-20 3.47 0.11 0.06 
 
3.29 4.79 2.76 
20-30 3.16 1.82 1.05 
 
1.87 1.12 0.64 
        
 
High Nutrient 
     0-1 9.58 3.07 1.77 
 
6.51 0.42 0.30 
1-10 5.87 3.40 1.96 
 
5.13 0.65 0.46 
10-20 6.23 4.01 2.84 
 
3.16 0.84 0.59 
20-30 4.04 0.95 0.55 
 
3.74 1.82 1.05 
        
 
Summer  
 
Low Nutrient 
     0-1 8.38 0.34 0.24 
 
2.51 0.91 0.53 
1-10 4.43 2.36 1.36 
 
2.48 1.07 0.62 
10-20 4.36 2.39 1.38 
 
1.63 1.20 0.69 
20-30 4.06 1.70 0.98 
 
1.27 0.56 0.32 
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High Nutrient 
     0-1 8.96 1.28 0.74 
 
5.50 0.13 0.08 
1-10 3.59 1.36 0.78 
 
5.34 0.79 0.46 
10-20 5.66 1.17 0.83 
 
2.68 1.30 0.75 
20-30 5.63 0.98 0.57 
 
1.05 0.54 0.31 
        
 
Spring  
 
Low Nutrient 
     0-1 7.31 na na 
 
6.49 na na 
1-10 3.17 1.53 1.08 
 
4.03 na na 
10-20 4.48 na na 
 
1.72 na na 
20-30 1.24 0.99 0.70 
 
0.56 na na 
        
 
High Nutrient 
     0-1 3.65 2.79 1.61 
 
5.11 0.77 0.44 
1-10 5.65 6.28 4.44 
 
3.50 1.29 0.75 
10-20 5.34 4.12 2.38 
 
1.84 0.08 0.04 
20-30 5.72 3.59 2.07 
 
3.80 1.17 0.67 
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Appendix: L: Root BSi concentrations for Chapter 5 
 
Root BSi Concentrations (%SiO2 by wt.) 
        
 
S. alterniflora 
 
S. patens 
 
Avg Std Dev Std Error 
 
Avg Std Dev Std Error 
 
Winter 
Depth 
(cm) Low Nutrient 
     0-1 1.79 0.32 0.19 
 
0.86 0.49 0.28 
1-10 0.88 0.73 0.42 
 
0.57 0.34 0.20 
10-20 0.53 0.27 0.15 
 
0.42 0.33 0.19 
20-30 0.32 0.06 0.04 
 
0.33 0.20 0.12 
        
 
High Nutrient 
     0-1 1.31 0.99 0.57 
 
1.19 0.65 0.37 
1-10 0.81 0.09 0.05 
 
0.58 0.21 0.12 
10-20 1.73 1.07 0.62 
 
0.70 0.50 0.29 
20-30 1.65 1.52 0.88 
 
0.59 0.25 0.14 
        
 
Fall 
 
Low Nutrient 
     0-1 2.36 2.10 1.21 
 
0.64 0.27 0.15 
1-10 0.73 0.68 0.39 
 
1.00 0.60 0.35 
10-20 1.59 1.12 0.65 
 
1.34 1.88 1.08 
20-30 1.65 1.42 0.82 
 
0.82 0.72 0.42 
        
        
 
High Nutrient 
     0-1 2.12 1.63 0.94 
 
0.90 0.41 0.29 
1-10 2.03 1.40 0.81 
 
1.39 0.37 0.21 
10-20 3.84 2.58 1.49 
 
0.81 0.17 0.10 
20-30 2.37 0.43 0.31 
 
1.90 0.98 0.57 
        
 
Summer 
 
Low Nutrient 
     0-1 2.32 1.11 0.64 
 
0.51 0.44 0.26 
1-10 1.46 0.76 0.44 
 
0.41 0.14 0.08 
10-20 1.46 1.40 0.81 
 
0.34 0.20 0.12 
20-30 0.96 0.73 0.42 
 
0.46 0.51 0.30 
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High Nutrient 
     0-1 1.54 0.45 0.26 
 
1.30 0.19 0.11 
1-10 1.13 0.19 0.11 
 
1.39 1.00 0.58 
10-20 0.68 0.33 0.19 
 
1.55 0.59 0.34 
20-30 1.34 1.00 0.57 
 
1.31 0.87 0.50 
        
 
Spring 
 
Low Nutrient 
     0-1 3.54 2.01 1.16 
 
3.11 1.23 0.71 
1-10 1.02 0.60 0.35 
 
0.80 0.31 0.18 
10-20 0.67 0.00 0.00 
 
0.48 0.15 0.09 
20-30 0.60 0.47 0.27 
 
0.60 0.52 0.30 
        
 
High Nutrient 
     0-1 1.48 0.43 0.25 
 
1.63 0.18 0.10 
1-10 1.56 0.28 0.16 
 
1.45 0.93 0.54 
10-20 1.39 0.62 0.36 
 
0.71 0.24 0.14 
20-30 1.72 0.64 0.37 
 
0.85 0.28 0.16 
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Appendix M: Rhizome BSi concentrations for Chapter 5 
 
 
Rhizome BSi Concentrations (%SiO2 by wt.) 
        
 
S. alterniflora 
 
S. patens 
 
Avg Std Dev Std Error 
 
Avg Std Dev Std Error 
 
Fall 
Depth 
(cm) Low Nutrient 
     0-1 0.61 0.27 0.15 
 
0.34 0.36 0.21 
1-10 0.30 0.14 0.08 
 
0.16 0.06 0.03 
10-20 0.31 0.06 0.03 
 
0.15 0.07 0.04 
20-30 2.14 2.58 1.49 
 
0.34 0.14 0.08 
        
 
High Nutrient 
     0-1 0.14 na na 
 
0.19 0.08 0.04 
1-10 0.59 0.53 0.31 
 
0.24 0.05 0.03 
10-20 0.55 0.21 0.12 
 
0.29 0.03 0.02 
20-30 1.10 1.14 0.66 
 
0.63 0.24 0.14 
        
 
Winter 
 
Low Nutrient 
     0-1 na na na 
 
0.68 na na 
1-10 0.21 na na 
 
0.16 na na 
10-20 0.18 na na 
 
0.21 na na 
20-30 0.24 na na 
 
0.21 na na 
        
 
High Nutrient 
     0-1 0.55 na na 
 
0.58 na na 
1-10 0.24 na na 
 
0.36 na na 
10-20 0.31 na na 
 
0.45 na na 
20-30 0.79 na na 
 
0.56 na na 
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Appendix N: Mass of sediment, roots and rhizomes for Chapter 5 
 
 
Spring 
    
 
Low Nutrient 
  
High Nutrient 
 
 
S. patens 
 
S. patens 
Depth (cm) g sediment cm
-3
 g roots cm
-3
 
 
g sediment cm
-3
 g roots cm
-3
 
0-1 0.034 0.133 
 
0.013 0.184 
1--10 0.068 0.098 
 
0.045 0.108 
10--20 0.045 0.128 
 
0.052 0.114 
20-30 0.020 0.179 
 
0.038 0.118 
      0-1 na na 
 
0.021 0.125 
1--10 na na 
 
0.094 0.046 
10--20 na na 
 
0.050 0.134 
20-30 na na 
 
0.043 0.133 
      0-1 na na 
 
0.031 0.142 
1--10 na na 
 
0.049 0.112 
10--20 na na 
 
0.037 0.268 
20-30 na na 
 
0.038 0.134 
      
      
 
S. alterniflora 
 
S. alterniflora 
0-1 na na 
 
0.489 0.027 
1--10 na na 
 
0.297 0.050 
10--20 na na 
 
0.376 0.045 
20-30 na na 
 
0.150 0.015 
      0-1 na na 
 
0.147 0.025 
1--10 na na 
 
0.278 0.021 
10--20 na na 
 
0.266 0.045 
20-30 na na 
 
0.071 0.017 
      0-1 na na 
 
0.157 0.032 
1--10 na na 
 
0.116 0.047 
10--20 na na 
 
0.149 0.041 
20-30 na na 
 
0.112 0.017 
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Summer 
    
 
Low Nutrient 
  
High Nutrient 
 
 
S. patens 
 
S. patens 
Depth 
(cm) 
g sediment cm
-
3
 g roots cm
-3
 
 
g sediment cm
-3
 g roots cm
-3
 
0-1 na na 
 
0.155 0.007 
1--10 0.093 0.072 
 
na 0.027 
10--20 0.092 0.061 
 
0.210 0.028 
20-30 0.166 0.050 
 
na 0.017 
      0-1 0.119 0.148 
 
0.151 0.033 
1--10 0.111 0.060 
 
0.085 0.040 
10--20 0.132 0.032 
 
0.200 0.065 
20-30 0.191 0.043 
 
0.149 0.038 
      0-1 0.153 0.065 
 
0.121 0.030 
1--10 0.149 0.053 
 
0.125 0.070 
10--20 0.177 0.026 
 
0.162 0.044 
20-30 
 
0.018 
 
0.222 0.058 
      
      
 
S. alterniflora 
 
S. alterniflora 
0-1 0.134 na 
 
0.136 0.015 
1--10 0.118 0.022 
 
0.076 0.061 
10--20 0.141 0.027 
 
0.098 0.036 
20-30 0.045 0.013 
 
0.116 0.043 
      0-1 0.080 0.007 
 
0.161 0.043 
1--10 0.149 0.011 
 
0.094 0.076 
10--20 0.150 0.011 
 
0.188 0.050 
20-30 0.145 0.028 
 
0.258 0.036 
      0-1 0.090 0.093 
 
0.159 0.020 
1--10 0.149 na 
 
0.225 0.031 
10--20 0.156 na 
 
0.261 0.026 
*20-30 0.099 0.038 
 
0.233 0.028 
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Fall 
      
 
Low 
Nutrient 
   
High Nutrient 
 
 
S. patens 
 
S. patens 
Depth 
(cm) 
g 
sediment 
cm
-3
 
g roots cm
-
3
 
g rhizome cm
-
3
 
g 
sediment 
cm
-3
 
g roots cm
-
3
 
g rhizome 
cm
-3
 
0-1 0.163 0.099 0.026 
 
0.185 0.050 0.021 
1--10 0.038 0.072 0.011 
 
0.103 0.054 0.018 
10--20 0.073 0.052 0.002 
 
0.149 0.022 0.013 
20-30 0.131 0.061 0.004 
 
0.318 0.018 0.003 
        0-1 0.121 0.046 0.030 
 
0.219 0.043 0.064 
1--10 0.133 0.027 0.017 
 
0.137 0.048 0.009 
10--20 0.125 0.023 0.005 
 
0.284 0.044 0.011 
20-30 0.098 0.024 0.006 
 
0.211 0.047 0.012 
        0-1 0.137 0.039 0.008 
 
0.124 0.050 0.126 
1--10 0.105 0.031 0.014 
 
0.108 0.063 0.003 
10--20 0.107 0.024 0.007 
 
0.136 0.035 0.006 
20-30 0.105 0.014 0.000 
 
0.280 0.036 0.011 
        
        
 
S. alterniflora 
 
S. alterniflora 
0-1 0.161 0.020 0.019 
 
0.116 0.031 0.013 
1--10 0.150 0.028 0.020 
 
0.136 0.039 0.016 
10--20 0.111 0.019 0.014 
 
0.140 0.050 0.011 
20-30 0.106 0.010 
  
0.208 0.041 0.009 
        0-1 0.105 0.038 0.025 
 
na na 0.044 
1--10 0.096 0.023 0.022 
 
0.145 0.035 0.010 
10--20 0.147 0.026 0.011 
 
0.220 0.027 0.003 
20-30 0.065 0.018 
  
0.181 0.027 0.006 
        0-1 0.151 0.061 
  
0.221 0.021 na 
1--10 0.137 0.029 0.026 
 
0.128 0.028 0.025 
10--20 0.095 0.027 0.005 
 
0.097 0.034 0.014 
20-30 0.029 0.012 
  
na na na 
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Winter 
      
 
Low 
Nutrient 
   
High 
Nutrient 
  
 
S. patens 
 
S. patens 
Depth 
(cm) 
g sediment 
cm
-3
 
g roots 
cm
-3
 
g rhizome 
cm
-3
 
 
g sediment 
cm
-3
 
g roots 
cm
-3
 
g rhizome 
cm
-3
 
0-1 0.162 0.041 0.025 
 
0.198 0.021 0.000 
1--10 0.194 0.053 0.022 
 
0.148 0.031 0.001 
10--20 0.169 0.033 0.008 
 
0.303 0.034 0.010 
20-30 0.001 0.035 0.001 
 
0.058 0.016 0.000 
        0-1 0.121 0.027 0.016 
 
0.044 0.007 0.000 
1--10 0.088 0.062 0.002 
 
0.130 0.033 0.006 
10--20 0.155 0.046 0.000 
 
0.267 0.031 0.000 
20-30 0.098 0.036 0.000 
 
0.142 0.031 0.000 
        0-1 0.112 0.033 0.011 
 
0.139 0.044 0.007 
1--10 0.131 0.059 0.019 
 
0.094 0.041 0.009 
10--20 0.249 0.034 0.008 
 
0.092 0.048 0.005 
20-30 0.231 0.027 0.001 
 
0.142 0.031 0.002 
        
        
 
S. alterniflora 
 
S. alterniflora 
0-1 0.164 0.013 0.000 
 
0.065 0.022 0.000 
1--10 0.079 0.025 0.019 
 
0.181 0.036 0.021 
10--20 0.119 0.017 0.012 
 
0.215 0.052 0.018 
20-30 0.036 0.021 0.001 
 
0.253 0.022 0.008 
        0-1 
 
0.181 0.005 
 
0.081 0.031 0.014 
1--10 0.238 0.017 0.005 
 
0.213 0.040 0.028 
10--20 0.211 0.035 0.014 
 
0.074 0.039 0.014 
20-30 0.167 0.021 0.008 
 
0.039 0.014 0.003 
        0-1 0.125 0.038 0.000 
 
na na 0.000 
1--10 0.248 0.039 0.024 
 
0.090 0.018 0.019 
10--20 0.243 0.035 0.018 
 
0.127 0.015 0.000 
20-30 0.201 0.024 0.007 
 
na na na 
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Appendix O: Productivity, porewater and biogenic silica data for Chapter 6 
 
New England Data  
 
Site 
Name 
Site 
ID Year 
Productivity 
(g m
-2
) 
BSi (% SiO2 by 
dry wt., 
aboveground 
tissue 
DSi (μM) 
(top 18 cm 
porewater) 
S. patens 
      
Spring 
Nag 
2011 3 2011 121 0.29 38.0 
 
Nag 
2010 3 2010 174 0.61 130.3 
 
App 
 
2010 155 0.66 186.3 
       
Summer 
Nag 
2011 3 2011 528 0.31 48.8 
 
Nag 
2010 3 2010 433 0.40 66.6 
 
App 
 
2010 656 0.72 128.5 
       Maine 
      
 
June 2 2010 304 1.01 189.5 
 
August 2 2010 410 0.95 
 
 
August 2 2010 636 0.82 140.6 
       S. alterniflora 
     Spring PR 1 2011 78 0.48 90.1 
 
Nag 3 2011 30 0.43 81.2 
 
JT 4 2011 14 0.30 22.2 
 
BI 5 2011 102 0.26 6.2 
 
Nag 3 2010 212 0.99 115.7 
       Summer PR 1 2011 514 0.96 151.7 
 
Nag 3 2011 425 0.60 116.1 
 
JT 4 2011 438 0.71 49.0 
 
BI 5 2011 441 0.45 48.9 
 
Nag 3 2010 652 0.98 98.7 
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Maine June 2 2010 96 0.53 135.5 
 
August 2 2010 507 0.95 227.1 
       
       App Summer 
 
2010 379 1.14 109.5 
 
Spring 
 
2010 117 0.40 189.2 
 
Fall 
 
2010 591 1.79 74.0 
 
Data from other studies used in Chapter 6 
Productivity 
(g m
-2
) 
BSi (% SiO2 
by dry wt., 
aboveground 
tissue 
DSi (μM) 
 (top 20 cm porewater) Notes 
Norris & Hackney 1999 
  88 0.29 na Jan-May 
1148 0.57 na June-sept 
na 0.49* 219 April 
na 0.42* 286 July 
na 0.31* 314 September 
 
*average of 
mature and 
new culms 
  
    Querne et al. 2012 
  
807 0.62 105.4 
Protected 
Marsh 
855 0.43 165.86 Marsh 1 
614 0.44 
 
Marsh 2 
    Hou et al. 2010 
  1349 0.67 na August 
120 0.73 na April 
1470 0.72 na October 
    de Bakker et al. 1999 
  na 0.399 176 
 na 0.403 342 
 na 0.43 377 
 na 0.529 344 
 na 0.36 174 
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na 0.537 317 
 na 0.432 554 
 na 0.451 89 
 na 0.442 141 
 na 1.173 51 
 na 1.051 36 
 na 0.387 177 
 na 0.419 399 
 na 0.352 401 
 na 0.689 399 
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